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Waters draining peatland catchments are generally coloured due to high levels of 
dissolved and particulate organic carbon (DOC and POC). This flux represents a key link 
between soil and ocean carbon pools and fuels the aquatic food-web. Knowledge about 
these carbon fluxes is crucial to broaden our understanding of global C cycling. In three 
interconnected studies, the dynamics of aquatic carbon cycling were explored in the 
Burrishoole catchment (Ireland) and its main lake, Lough Feeagh.  In the first study, 
changes in river water colour (a DOC proxy) were analysed in three streams feeding 
Lough Feeagh. Statistical analysis revealed that three variables, soil temperature, soil 
moisture deficit, and the North Atlantic Oscillation, explained 66% of colour variance. In 
the second study, high-frequency measurements of CO2, in the surface waters of Lough 
Feeagh, were examined along with a set of environmental variables. CO2 concentrations 
ranged between 491 and 1169 µatm, and the lake was a constant source of CO2 to the 
atmosphere. Statistical analysis revealed that inflow DOC concentration explained 68% 
of the CO2 variability. An organic carbon (OC) budget for Lough Feeagh during 2017 
was estimated in the third study. The total OC load to the lake was 2544 t C (equivalent 
to 817 g m2 yr-1 of lake area), of which 51% was transported as DOC, and 41% as POC, 
4% in ground water, 3% as net ecosystem production, and 1% in rainwater. The total OC 
fate was estimated to be 2689 t C (equivalent to 864 g m2 yr-1 of lake area) of which 49% 
and 12% were exported as DOC and POC respectively, 28% was deposited as sediment 
and 11% was emitted as CO2 to the atmosphere.  These studies provided an improved 








‘All things begin in order, so they shall end, and so shall they begin again.’ 
     The Garden of Cyrus, Thomas Browne (1658) 
Along with nitrogen, sulphur and phosphorus, carbon is one of the elements essential to 
life on Earth (Archer, 2010). While there is a continuous supply of energy from the Sun, 
there is a finite and fixed store of these biologically important elements on the planet; the 
Earth is a closed system. For as long as life has existed, carbon has been cycled through 
the planet’s atmosphere, biosphere and geosphere, and without its continued re-use, all 
carbon would have been exhausted eons ago (Archer, 2010). The carbon cycle is therefore 
essential for life on Earth to continue and thrive.  Also, certain carbon compounds, such 
as CO2, are important greenhouse gases, which regulate the temperature on Earth 
(Falkowski et al., 2000). Over the long-term, the carbon cycle is balanced, with 
atmospheric inputs balanced by outputs to both the biosphere and geosphere. However, 
in recent decades it has become apparent that the carbon cycle has been disturbed: there 
is more carbon entering the atmosphere than there is being removed (Rockström et al., 
2009). When Charles Keeling set up the Mauna Loa atmospheric research station in 1957, 
atmospheric CO2 in Hawaii averaged 317 ppm, by 2013 atmospheric CO2 concentration 
reached 400 ppm for the first time, and at the time of writing in December 2020 it had 
reached 414 ppm (NOAA, 2020). The cause of the increase in atmospheric CO2 is by now 
well established: the extraction and burning of fossil fuels which release carbon from 
long-term stores at a much faster rate than would occur naturally (IPCC, 2014a). The 
principal impact of increased atmospheric CO2 concentration is also well established — 
global warming and resultant climate change.    
Evaluating the many impacts of climate change on ecosystem services (defined by 
Millennium Ecosystem Assessment (2005) as the ‘benefits people obtain from 
ecosystems’) and formulating appropriate adaptation and mitigation strategies are some 
of the greatest scientific challenges that must now be addressed. The future climate 
conditions that are predicted for Ireland, particularly alterations in seasonal precipitation 
patterns and increased temperatures, are likely to drive many changes to Irish ecosystems 
(Sweeney and Fealy, 2002; Desmond et al., 2017). One such ecosystem, namely 
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peatlands, are recognised hotspots for carbon storage (Parish et al., 2008) and are 
acknowledged to be particularly sensitive to climate change (Ise et al., 2008). A report 
from the Intergovernmental Panel on Climate Change (IPCC, 2014b) emphasised this 
vulnerability, stating that terrestrial carbon stores, including peatlands, may destabilise 
due to climate change. Of particular concern are the resultant increases in the quantity of 
external organic carbon (OC) entering downstream aquatic ecosystems. Allochthonous, 
or externally sourced carbon, is the main source of carbon fuelling all trophic levels in 
many freshwater systems, particularly in catchments dominated by peatland (Hope et al., 
1997a). Increases in dissolved organic carbon (DOC) concentrations have been reported 
in aquatic systems draining peatlands (Freeman et al., 2001; Clark et al., 2007; Worrall et 
al., 2007; Bates et al., 2008).  These increases are hypothesised to be driven in part by 
global warming (e.g. Freeman et al., 2001; Preston et al., 2011) and also to recovery from 
the effects of atmospheric acid deposition due to reductions in transboundary air pollution 
(Monteith et al., 2007; Erlandsson et al., 2008). Whatever the cause, these observed 
increases have major implications for the chemical and biological processes that occur 
within these systems.  
Research into carbon cycling in aquatic environments, especially lakes and conducted at 
catchment scale, provides greater understanding of the biogeochemical transfer of carbon 
from long-term stores to aquatic ecosystems. The role that lakes play in making, storing 
and mineralising OC is substantial and relevant to regional and global carbon budgets 
(Hanson et al., 2014b). Lakes are important in terms of global C cycling, however, there 
are surprisingly few complete and fully balanced lake OC budgets (e.g. Cole et al., 1989; 
Sobek et al., 2006; Hanson et al., 2014b) and there have been to date, to the best of the 
student’s knowledge, no OC lake budgets conducted in western European peatland 
regions. Most lake OC budgets are also incomplete owing to the practical difficulties in 
monitoring and quantifying the many components of aquatic carbon cycles.  Complete 
OC budgets include quantification of 1, the major allochthonous inputs from surface 
water, groundwater, and atmospheric deposition; 2, losses due to outflow, sediment burial 
and gaseous evasion, and 3, autochthonous primary production and ecosystem 
respiration. Over the last 20 years, considerable progress has been made on resolving the 
carbon budget of one Irish lake, Lough Feeagh (Jennings et al., 2010; Sparber, 2013; 
Fealy et al., 2014; Ryder et al., 2014; Doyle et al., 2019), primarily through the use of the 




The Burrishoole catchment is a typical, western upland peatland catchment, and is an 
important index site, for diadromous fish monitoring and catchment change investigation 
e.g. (Jennings et al., 2010; Jennings et al., 2012; Dalton et al., 2014; de Eyto et al., 2016). 
The presence of a research station, run by the Marine Institute on the lakeshore of Lough 
Feeagh, and the extensive, high and low resolution monitoring that currently takes place 
throughout the catchment, allows the capture of important biological, environmental and 
meteorological data streams. Many of these data were analysed and reported in the 
following chapters and were ultimately used to provide the organic carbon budget for 
Lough Feeagh, presented in Chapter 5.  The OC carbon budget, presented here, delivers 
a more comprehensive understanding of C cycling in peatland lakes, and provides 
important insights into the mechanisms and drivers of aquatic OC cycling in maritime 
temperate climate zones. Given the dearth of knowledge of aquatic OC cycling in an Irish 
climate context, the student considers that his research makes an original, significant and 
coherent contribution to the literature in this area. The work is also intended to contribute 
directly into estimates of greenhouse gas (GHG) emissions from lakes. Currently, lake C 
emissions are not captured in national emissions budgets for Ireland (EPA., 2019), 
however, such emission data may be required to be considered by the EPA in future 
national GHG emission inventories.  
1.2 Aims and Objectives 
The overarching aim of the research undertaken for this dissertation was to improve the 
knowledge and understanding of the cycling of aquatic carbon in a peatland catchment, 
which includes a freshwater lake, using both high frequency and low frequency datasets. 
To achieve the overarching aim, three main objectives, which focus on three separate 
aspects of carbon cycling dynamics within the catchment were completed.  
1. The first objective was to investigate the drivers of aquatic export of DOC from the 
Burrishoole catchment to Lough Feeagh. To realise this objective, multi-annual 
colour data in stream water entering the lake were analysed along with a range of 
environmental variables. The DOC export from the catchment into Lough Feeagh 
was also quantified. 
2. The second objective was to examine the dynamics of CO2 evasion from Lough 
Feeagh to the atmosphere. This was achieved by monitoring the variation of the 
partial pressure of CO2 (pCO2) in the lake over the study period using high 
frequency sensor data in conjunction with allied sets of environmental data. The 
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quantity of CO2 released to the atmosphere from the lake was also estimated using 
using gas transfer models taken from the literature.   
3. The third objective was to calculate and present an organic carbon budget of Lough 
Feeagh. Included in the budget were: aquatic OC fluxes entering and exiting the 
lake, groundwater inputs, OC sedimentation to the lake floor and CO2 emissions to 
the atmosphere.  
1.3 Thesis Structure 
This thesis is divided into six chapters; this introductory chapter is followed by Chapter 
2, which presents a review of current literature relating to aquatic carbon cycling 
processes in peatland catchments. This is followed by the three main data chapters. 
The title of Chapter 3 is; Synchrony in catchment stream colour levels is driven by both 
local and regional climate. The focus of this published paper was an investigation of the 
aquatic export of dissolved organic carbon (DOC) from the Burrishoole catchment. 
Colour (mg PtCO l-1) data in the three main rivers in the catchment — measured using 
spectroscopy from weekly grab-samples — were used as a proxy for DOC concentrations.  
Six years of data from 2011 to 2017 were used in the analyses which included spatial 
analysis of the catchment and also comparisons of seasonal, multi-annual, and random 
colour trends among the three rivers. The study also investigated the main environmental 
drivers of dissolved carbon export in the system. The principal aims of the study were 
firstly to compare random, seasonal and multi-annual trends in water colour from rivers 
in three sub-catchments in a blanket peatland catchment, secondly to identify and examine 
the effects of the principal climatic drivers of these trends and finally to estimate the 
fluvial export of DOC from the catchment over the study period. 
Chapter 4 is titled; Late summer peak in pCO2 corresponds with catchment export of DOC 
in a temperate, humic lake - is focussed on the dynamics of CO2 evasion from Lough 
Feeagh within the Burrishoole catchment. pCO2 at one-meter depth within the lake water 
column was measured using a high-frequency (15 minutes) aquatic CO2 sensor placed on 
the data buoy in the centre of the lake. The principal aims of this chapter were firstly to 
examine the variation of pCO2 in the lake over the study period, secondly to model and 
estimate CO2 release to the atmosphere from the lake and finally to examine the drivers 
of the variability of pCO2 in Lough Feeagh during the study period. 
The title of Chapter 5 is The allochthonous organic carbon budget of an oligotrophic 
peatland lake. This chapter presents an allochthonous organic carbon budget of Lough 
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Feeagh. Aquatic carbon fluxes entering and exiting the lake were estimated using high-
resolution Chromophoric Dissolved Organic Matter (CDOM) fluorometers for DOC 
quantification and high-resolution nephelometers for POC quantification. These high-
frequency measurements were also calibrated against weekly colour and suspended 
sediment data. Groundwater inputs of DOC were estimated from well water sampling and 
lake sediment traps were used to estimate carbon sedimentation in the lake. CO2 
emissions from the lake were also estimated using a high-resolution aquatic pCO2 sensor.  
Chapter 6- Synthesis and future research presents a summary of findings from Chapters 
3, 4 and 5 and discusses the implications of these findings. The chapter includes an outline 
of possible future research paths that are implied by the study.  The final conclusions of 
the thesis are also presented in this chapter. 
Appendices A to D contains four published papers that the student has contributed to 
during the course of his studentship. Two of the papers report studies that have taken 
place within the Burrishoole catchment and the remaining two papers are European-wide 
collaborative studies where certain biogeochemical processes within the Burrishoole 
catchment are reported in context to a range of European sites. Details of the publications 
and the authors contributions are included in the following section.  
1.4 List of publications and description of the author’s contribution 
Chapter 3 is based on the following paper, Doyle B.C, de Eyto E, Dillane M, Poole R, 
McCarthy V, Ryder E, Jennings E. 2019. Synchrony in catchment stream colour levels is 
driven by both local and regional climate. Biogeosciences. 16(5):1053–1071. For this 
paper, Brian Doyle collected environmental samples, undertook research and laboratory 
analysis, calibrated laboratory instruments, quality-controlled datasets, and analysed data 
and was the primary author of the paper. Eleanor Jennings, Elvira de Eyto and Valerie 
McCarthy supervised the research, provide advice on statistical analysis and manuscript 
writing. Mary Dillane and Elvira de Eyto maintain a wide range of environmental 
monitoring equipment and subsequent data-streams in the Burrishoole catchment for the 
Marine Institute. Russell Poole, a section manager at the Marine Institute’s facility at 
Newport, provided editing advice.  
Chapter 4 is based on the following paper, Doyle B.C, de Eyto E, McCarthy V, Dillane 
M, Poole R, Jennings E. (2021). Late summer peak in pCO2 corresponds with catchment 
export of DOC in a temperate, humic lake. Inland Waters, (Accepted for Publication). 
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For this paper Brian Doyle collected manual CO2 lake measurements, quality-controlled 
a range of environmental and meteorological datasets, researched and analysed data and 
was the primary author of the paper. Eleanor Jennings, Elvira de Eyto and Valerie 
McCarthy supervised the research, provide advice on statistical analysis and manuscript 
writing. Mary Dillane and Elvira de Eyto maintained environmental monitoring 
equipment and data-streams used in this study.  Russell Poole, provided editing advice. 
Chapter 5 is based on the following paper,  Doyle B.C, de Eyto E, McCarthy V, Dillane 
M. Jennings E. (2021). The organic carbon budget of an oligotrophic temperate peatland 
lake. Limnology and Oceanography (In Review). For this paper Brian Doyle collected, 
collated and quality-controlled a range of aquatic organic carbon data, including river 
colour, turbidity, lake sediment, CO2 and lake metabolism data. A range of 
environmental, hydrological and meteorological datasets were also gathered and 
analysed. Brian Doyle was the primary author of the paper. Eleanor Jennings, Elvira de 
Eyto and Valerie McCarthy supervised the research, provide advice on statistical analysis 
and manuscript writing. Mary Dillane and Elvira de Eyto maintained environmental 
monitoring equipment and data-streams used in this study.   
Appendix A contains the following paper, de Eyto E, Doyle B, King N, Kilbane T, Finlay 
R, Sibigtroth L, Graham C, Poole R, Ryder E, Dillane M, Jennings E., (2020) 
Characterisation of salmonid food webs in the rivers and lakes of an Irish peatland 
ecosystem. Biology and Environment: Proceedings of the Royal Irish Academy, Vol. 
120B, No. 1, pp. 1-17. The primary author of this paper was Elvira de Eyto. For this paper 
Brian Doyle prepared a range of environmental samples for stable isotope analysis, 
including a sample population of juvenile salmonids. He also assisted the primary author 
with producing some of the paper’s figures.   
Appendix B contains the following paper, Kelly S, Doyle B, de Eyto E, Dillane M, 
McGinnity P, Poole R, et al. Impacts of a record-breaking storm on physical and 
biogeochemical regimes along a catchment-to coast continuum. (2020). PLoS ONE 
15(7): Sean Kelly was the primary author of this paper. Brian Doyle carried out spatial 
and statistical data analysis on an array of rain-gauge monitors throughout the Burrishoole 
catchment to elucidate total rainfall volumes within specific time periods and catchment 
areas. He also assisted the principal author with the production of a number of figures and 
graphs within the publication and contributed to a portion of the manuscript text.  
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Appendix C contains the following paper, Abundance and biogeography of methanogenic 
and methanotrophic microorganisms across European streams. (2020). Nagler, M. 
Praeg, N. Niedrist, G.H. Attermeyer, K. Catalán, N. Pilotto, F. Gutmann Roberts, C. Bors, 
C. Fenoglio, S. Colls, M. Cauvy-Fraunié, S. Doyle, B. Romero, F. Machalett, B. Fuss, T. 
Bednařík, A. Klaus, M. Gilbert, P.  Lamonica, D.  Nydahl, A.C. González-Quijano, 
C.R. Bistarelli, L.T. Kenderov, L.  Piano, E. Mor, JR. Evtimova, V. deEyto, E. Freixa, A. 
Rulík, M.  Pegg, J. Ortega, S.H.  Steinle, L. Bodmer, P. Journal of Biogeography; 00:1-
14. For this study, which ranged across 16 European streams from northern Spain to 
northern Sweden and from western Ireland to western Bulgaria, community compositions 
of methanogenic and methanotrophic microorganisms were described at large spatial 
scales. Their abundances were linked to potential sediment production and oxidation 
rates. Brian Doyle chose a suitable location and collected stream sediment core samples 
for one site in the study. He also assisted in the manuscript editing process.  
Appendix D contains the following manuscript, Attermeyer, K, Casas-Ruiz, JP. Fuss, T. 
Pastor, A. Cauvy-Fraunié, S. Sheath, D. Nydahl, A.C. Doretto, A. Portela, A.P. Doyle, 
B.C. Simov, N. Gutmann Roberts, C. Niedrist, G.H. Timoner, X. Evtimova, V. Barral-
Fraga, L. Bašić, T. Audet, J. Deininger, A. Busst, G, Fenoglio, S. Catalán, N. de Eyto, E. 
Pilotto, F. Mor, JR. Monteiro, J. Fletcher, D. Noss, C. Colls, M. Nagler, M. Liu, L. 
González-Quijano, CR. Romero, F. Pansch, N. Ledesma, J.L.J. Pegg, J. Klaus, M. Freixa, 
A. Herrero Ortega, S. Mendoza-Lera, C. Bednařík, A. Fonvielle, JA. Gilbert, P. 
Kenderov, L.A. Rulík, M. Bodmer, P. Substantial carbon dioxide flux changes from day 
to night across European streams (2021) Nature Communications Earth & Environment 
(In Review). This paper presents the results of a Europe wide collaborative study, also 
known as the EuroRun project, comprising a year-long investigation of day and night-
time CO2 fluxes of running streams. Fluxes were directly measured once per season using 
drifting chambers in 34 streams across 11 European countries. As lead member of the 
Irish team, Brian Doyle attended a workshop at the Erken Laboratory, a facility connected 
to Uppsala University, located at Lake Erken in Norrtälje, Sweden. At the workshop, 
participants were trained to: assemble the floating chambers, measure CO2 fluxes using 
the chambers and to analyse the data. Brian Doyle then conducted the CO2 flux analysis 




2.0 Literature Review  
2.1 Introduction 
This section reviews the current literature on carbon cycling in aquatic ecosystems within 
humic catchments.  The review firstly presents a broad outline of biogeochemical cycles 
and of the carbon cycle in particular. The process of carbon storage in peatlands is 
discussed and recent estimates of the terrestrial stores of carbon contained in Irish 
peatlands are compared. In the main body of the review, relevant literature is presented 
regarding the mechanisms and drivers of the production and transport of organic carbon 
within humic catchments. Also included is an exploration of the physical, chemical and 
biological processes that may occur in aquatic systems as a result of these carbon inputs.  
The review concludes by examining the ultimate fate of organic carbon within these 
systems, including mineralisation to CO2 and CH4 within the water column and exchange 
with the atmosphere. 
2.2 Biogeochemical Cycles 
The carbon cycle, which describes the movement of carbon (C) through various reservoirs 
in the biosphere and geosphere, is intimately tied to life-processes. The discipline of 
biogeochemistry examines the carbon cycle and its links with other biogeochemical 
cycles such as oxygen, nitrogen and phosphorus and to a lesser extent, iron, sulphur and 
a variety of trace metals. Ultimately the sun provides the energy to turn the cycles, for 
example in the carbon cycle it fuels photosynthesis which captures carbon, transforming 
it into organic compounds. These organic compounds fuel the biosphere and their stored 
energy is released via respiration (Wetzel, 2001). The vital role of biogeochemical cycles 
in supporting and maintaining Earth's environments was stressed early in the 20th century 
by the Russian mineralogist, Vladimir Vernadsky (1863-1945), considered to be the 
father of biogeochemistry, when he stated: ‘living matter is the most powerful geological 
force’ (Paton, 2013). 
2.3 The Global Carbon Cycle 
The global carbon cycle involves atmospheric, terrestrial and marine biogeochemical 
processes and within the cycle both biological and non-biological reactions occur. It is 
essentially a hierarchy of three linked sub-cycles that operate on different time-scales. 
The terrestrial carbon cycle mostly operates within time-scales of months to thousands of 
years, the marine carbon cycle runs over hundreds of thousands of years, and the 
geological carbon cycle operates over millions of years (Field & Raupach, 2004; Archer, 
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2010). In the terrestrial carbon cycle, CO2 is fixed from the atmosphere by photosynthesis 
and is transformed into organic compounds. A relatively small fraction of this C is quickly 
returned to the atmosphere via respiration however the majority becomes incorporated 
into plant tissue. Following death, the plants’ C becomes incorporated into the soil C 
stores and microbial degradation returns it to the atmosphere as CO2. Some carbon may 
escape respiration and decomposition and remain in soil carbon and some may be 
transported into aquatic environments.  These compounds in soils stores will have 
differing levels of lability (Archer, 2010).  The carbon cycle within the marine 
environment operates on intermediate time-scales. In a process known as the ‘biological 
pump’, dissolved CO2 in marine surface waters is utilised by phytoplankton to generate 
organic matter and over time this organic matter sinks down through the water column 
while surface water CO2 is replenished from the atmosphere (Sephton & Smith, 2002). In 
parallel with the terrestrial carbon cycle, a small proportion of organic matter escapes 
mineralisation and is buried in sediments. This ‘leak’ of carbon from both the terrestrial 
and marine carbon cycles due to burial allows carbon to enter the long-term geological 
carbon cycle (Sephton & Smith, 2002). Most of the carbon in the global carbon cycle is 
contained in rock reservoirs and this carbon is returned to the terrestrial or marine carbon 
cycles when carbon bearing rocks are exhumed by tectonic forces and weathered or 
directly oxidised to CO2 (Archer, 2010). 
2.4 Peatland as a Carbon Sink 
One important pathway for carbon from the terrestrial carbon cycle into long-term storage 
is the build-up of carbon in peatland soils. Peatlands may be defined as wetland 
ecosystems where organic matter, called peat, which originates from dead and decaying 
vegetation accumulates under high water saturation conditions (Hammond, 1981). 
Estimates of peat depth accumulation rates vary between 0.5 and 1mm year-1 or between 
5 and 10 m over 10,000 years, with considerable local variation (Clymo, 1992). Historic 
estimates have shown that worldwide, peatlands have accumulated between 274 and 550 
gigaton (GT) of carbon (Gorham, 1991; Immirzi et al., 1992; Lappalainen, 1996; Sheng 
et al., 2004; Vasander & Kettunen, 2006).  These widely-varying estimates of the peatland 
carbon pool are the result of differences in the calculation of the extent and depth of 
peatlands, as well as a dearth of reliable data on the bulk density of different peat deposits 
(Charman, 2002; Turunen et al., 2002). More recent analysis indicates that although the 
rate of global peatland C accumulation has varied greatly over time, peatlands have, in 
total, accumulated greater than 600 GT of carbon over the Holocene (i.e. the last cs. 
11 
 
11,500 years), serving as a long-term persistent sink of approximately 5 billion tonnes of 
C per century on average (Yu et al., 2010).  This substantial reservoir of sequestered 
carbon in global peatlands is large enough to have had a significant impact on the global 
C budget and atmospheric CO2 change (Joos & Prentice, 2004; Elsig et al., 2009).  
Spatially, peatlands cover 3% of the global land area (Dise, 2009; Bain et al., 2011) and 
contain approximately one-third of the world’s soil carbon (Bain et al., 2011).  
2.5 Irish Peatlands 
There are four, distinct sub-groups of Irish peatland, namely; Fen, Raised Bog, Atlantic 
Blanket Bog and Mountain Blanket Bog (Renou-Wilson et al., 2011).  Fens are 
groundwater fed (minerotrophic) peatlands that form from vegetation receiving a constant 
influx of base-rich groundwaters. Most fen peats have a relatively high pH, but some fens 
have pH values within the acidic range, from 4.5 to 8.0 (Doyle & Ó Críodáin, 2003). 
Raised bogs, mostly common in central Ireland, originate from fens that continued to 
develop and grow. Intact and pristine raised bogs are dome-shaped peat masses which 
average around 7 m in depth (Renou-Wilson et al., 2011). The ongoing development 
process ‘domed up’ the bog surface above the surrounding groundwater level and allowed 
rain-fed peat-moss species to dominate the vegetation and grow upward. Moreover, the 
dominating Sphagnum (peat moss) species maintain the bog’s acidic habitat which further 
favours continued Sphagnum growth (Hammond, 1981). 
Generally, blanket bogs are confined to the oceanic margins of the island where there is 
constant high rainfall throughout the year. This habitat is most common where the annual 
rainfall amounts exceed 1,250 mm and there are greater than 225 days with rain (Lindsay, 
1995). Similar to raised bogs, blanket bogs are rain-fed or ombrotrophic, with pH ranging 
between 3.5 and 4.2 (Feehan et al., 2008).  Atlantic blanket bogs predominate on the 
western fringe of Ireland, in the valleys of mountainous areas and on coastal plains, below 
200 m elevation. They contain a distinctive suite of vegetation which is clearly different 
from raised bog and mountain blanket bogs (White & Doyle, 1982). Mountain blanket 
bogs occur above 200 m elevation on gentle slopes and mountain plateaux. They are also 
more widely distributed than Atlantic blanket bog (Renou-Wilson et al., 2011). 
2.6 Carbon Pool Estimates in Irish Peatlands 
Determining the spatial extent of peat soils is essential for measuring the national stock 
of soil carbon; in addition, healthy peatland soils provide a wide range of ecosystem 
services such as climate regulation, biodiversity support, water supply, filtration, and 
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hydrological control (Evans et al., 2014). Assessing the national extent of peatlands 
across the Republic of Ireland is therefore an important exercise.  The most recent 
estimate of national land area covered by peat soils is 20.6% or 1.4 M ha (Connolly & 
Holden, 2009) and is substantially larger than prior estimates, such as 17% cover by 
Hammond, (1981) and 13.8% cover by Connolly et al., (2007). The increase in peat soil 
cover estimated by Connolly and Holden (2009) can be explained by more extensive 
occurrence of peat in the drumlin belt counties of the north east of Ireland than had been 
previously mapped. The first complete soil carbon inventory of Irish peatlands was 
conducted over fifteen years ago (Tomlinson, 2005) and as estimating techniques have 
been refined, such as improved mapping of peat soil cover and depth, national soil carbon 
totals have increased by over 30%. Table 2.5 shows data from four separate studies 
estimating the total amount of carbon stored in Irish peatlands: the first three estimate 
amounts in the Republic of Ireland and the last study, in the North of Ireland.  Recent 
work by Teagasc on a national soil survey may further refine both the peat soil extent and 
carbon pool estimates (Teagasc, 2017).  








Tomlinson, 2005 1071 53 Based on General Soil Map (Gardiner and Radford, 1980) 
Eaton et al., 2008 1503 62 Based on peat bog category CORINE 2000, C density 
(Cruickshank, 1995) and average depth values (Hammond, 
1981) 
Renou-Wilson et al., 
2011 
1566 75 Based on peat depth model (Holden and Connolly, 2011), 
map of peatland spatial extent (Connolly and Holden, 2009), 
and Tomlinson (2005) estimate for basin peat soil organic C 
 
2.7 Carbon Storage in Peatland Catchments 
Following the retreat of the ice sheets from the Irish land surface some 10,000 years ago, 
peatlands began to develop at variable rates and have accumulated C within peat soils 
since then (Renou-Wilson et al., 2011).  Carbon is stored in different ‘compartments’ 
within the peatland ecosystem, namely as biomass, litter, peat soil, mineral soil, and in 
soil pore water. Each compartment contains varying amounts of C and has different C 
turnover rates. The peat soil layer is the compartment that contains the greatest amount 
of carbon as it largely consists of organic matter. Peat is technically defined as comprising 
greater than 30% dry mass organic matter with a carbon content ranging from 48% to 
63% (Heathwaite & Gottlich, 2003) an average of 51% was calculated from various 
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analyses of Irish peat (Hammond, 1981; Tomlinson, 2005; Renou-Wilson et al., 2011). 
Peatland ecosystems that are undamaged generally have a consistently high water table 
and as a result are long-term C sinks (Belyea & Malmer, 2004; Lund et al., 2010). Their 
high water table creates conditions where CO2 fixed by photosynthesising vegetation 
generally exceeds that being released by ecosystem respiration. For the stock of C to 
continue to increase in peatlands, the rate of carbon sequestration should be greater than 
the total rate of carbon losses. The net ecosystem exchange (NEE)  ̶  determined by 
subtracting the amount of carbon produced by heterotrophic respiration from the net 
primary production  ̶  should display a negative value (Roulet et al., 2007).  It has been 
observed that NEE has strong diurnal and seasonal variations in peatland systems 
(Vasander & Kettunen, 2006) with the highest values occurring during summer daytimes.  
There are, however, large inter-annual variations in NEE (Roulet et al., 2007, 
Sottocornola & Kiely, 2010) and it is not uncommon that a peatland may switch, in 
consecutive years, from being a CO2 sink to source on an annual basis (Alm et al., 1999; 
Holden et al., 2006; Roulet et al., 2007). The accumulating peat, however, is convincing 
evidence that in the medium to long-term, these ecosystems have been carbon sinks. 
Furthermore, peatlands are also a significant source of methane (Huttunen et al., 2003; 
Laine et al., 2007) as a consequence of the anoxic conditions within the peat body that 
provide a suitable environment for the microbial breakdown of plant litter and root 
exudates.  
Overall, intact peatlands act as long-term carbon stores, primarily as a result of a 
persistently high water table, which creates conditions within the peat, whereby the 
amount of carbon fixed by the peatland vegetation during photosynthesis is greater than 
that released through ecosystem respiration, methane emissions, leaching, emissions 
during fire events or surface run-off of dissolved organic carbon (DOC) in streams and 
rivers (Renou-Wilson, 2011). For example Koehler et al., (2009) reported that a blanket 
bog in Co Kerry accumulated an average of 29.7 tonnes C km-2 yr-1 over six years. 
Similarly Dinsmore et al., (2010) showed that the Auchencorth peatland in central 
Scotland was a net sink for C, accumulating up to 69.5 tonnes C km-2 yr-1. In a review 
carried out by Joosten (2008) it was estimated that the current rate of carbon sequestration 
in natural peatlands of the world is just below 100 Mt C year-1 and, together with the large 
stock of C they contain, peatlands play an important role in the regulation of the global C 
cycle and therefore the global climate. 
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2.8 Sources of Organic Carbon in Aquatic Systems 
Organic carbon in the aquatic environment comprises a mixture of both living and non-
living plant, microbe and animal products in various states of decomposition, a portion of 
which may be used as an energy source for further aquatic production (Tranvik, 1988; 
Karlsson, 2003). There are three sources of organic carbon in natural waters: 
allochthonous or external sources, internal or autochthonous sources, and atmospherically 
deposited sources, however the latter contributes very minor amounts in comparison to 
the other two sources (Wetzel, 2001; Kortelainen, 2006). The first source, allochthonous 
organic matter, is derived from the degradation of living matter from the catchment 
through microbiological and physical processes and also material such as leaf litter, dead 
biomass that has not yet been decomposed (Dziedzic et al., 2010). This material is 
transferred from the terrestrial environment to rivers and streams as particulate organic 
matter (POM) and dissolved organic matter (DOM) (McDonald et al., 2004; Gardner et 
al., 2005).  The diverse sources of allochthonous organic matter ensure its composition is 
chemically complex, however it may be divided into two broad categories: non-humic 
and humic substances (Wetzel, 2001; Sebek et al., 2006). Non-humic substances include 
compounds such as carbohydrates, peptides, amino-acids, fats, waxes, pigments and other 
components that are low in molecular weight (Hayes & Clapp, 2001). These substances 
are mostly labile and being easily utilised and degraded by microbial action, exhibit rapid 
flux rates. Humic compounds on the other hand are high in molecular weight, are 
recalcitrant and generally resist biological degradation. They are formed by the partial 
decomposition of plant material by microbial activity and may be stored in the soil for 
quite lengthy periods of time – peat soils are an excellent example – before further 
decomposition processes may break them down (Wetzel, 2001; Hudson et al., 2007). 
Humic compounds may be further divided into three categories: humic acids, fulvic acids 
and humins, differing from one another in molecular weight and functional group content, 
and also by solubility at different pH’s.  Humic acids are soluble in water but precipitate 
upon acidification, where pH ≤ 2, fulvic acids are soluble at all pH values and humins are 
insoluble at all pH values (Hudson et al., 2007). Fulvic acids have the lowest molecular 
weight of the three compounds and the highest proportion of oxygen containing 
functional groups (Wetzel, 2001). Humic compounds in DOM are also named 
collectively as coloured, or chromophoric, dissolved organic matter (CDOM) (; 
McKnight, 1997; Williamson et al., 1999). These heterogeneous compounds, which range 
from yellow to dark brown and even black colours, are present in varying concentrations 
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in all natural waters.  The relative proportion of humic compounds in natural waters is 
multi-factorial and catchment specific (Thacker et al., 2008).  
 The second source of organic carbon in water bodies is derived within the water body 
itself by autochthonous primary production. This carbon pool is produced by the fixation 
of aquatic CO2 by algal and cyanobacterial phytoplankton and other aquatic plants such 
as macrophytes and picoplankton (Bertilsson & Travik, 2000; Cole et al., 2000). This 
autochthonous-fixed carbon can be in converted to POM and DOM by active secretion, 
decomposition and lysis of macrophytes and attached algae and bacteria. These 
autochthonous carbon sources are labile and in turn progressively mineralized by 
heterotrophic microflora to CO2 and heat (Bertilsson & Travick, 2000). Both 
allochthonous and autochthonous sources of carbon contribute to ecosystem respiration 
(R). The difference between gross primary production and R is known as net ecosystem 
production (NEP) (Cole et al., 2000).   
2.9 Dissolved and Particulate Organic Carbon (DOC) and (POC)  
Technically, dissolved organic carbon (DOC) is defined as the carbon concentration of 
water passing through a 0.2 – 0.7 µm filter (Thurman, 1985) and more recently a filter 
mesh size of 0.45 µm has become standard (e.g. Chow et al., 2005). However, glass fibre 
filter papers (GF-F: 1.2 µm; GF-C: 1.7 µm) are also commonly used due to sample 
contamination issues with carbonate based filter papers (Fellman et al., 2009). The 
fraction of carbon retained on the filter following filtration constitutes the colloidal and 
particulate organic carbon (POC) fraction (McKnight, 1997).  POC is made up of both 
particulate detritus (dead organic material) and living organisms (bacteria, phytoplankton, 
protozoa and metazoa). DOC concentrations in natural waters generally range from less 
than 0.5 mg l-1 to greater than 50 mg l-1, and as DOC is closely aligned to CDOM, this 
natural range of DOC also generally describes the natural range of water colour, from 
crystal clear to dark brown waters (Mulholland et al., 2003). A cut-off of >30 mg PtCo L-
1 (circa 2-3 mg l-1 DOC) is used by some to define humic waters e.g. (Hessen & Tranvik, 
1998). DOC comprises the largest pool of organic carbon in lake water with typical values 
greater than 90% of the total organic C fraction (Wetzel, 2001; Thurman, 1985) and in 
some boreal lake water, DOC has been reported to constitute 97% of the TOC fraction 
(Kortelainen et al., 2006). 
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2.10 Sinks of Organic Carbon in Aquatic Systems 
The main sinks of organic matter in aquatic systems are firstly in-situ microbial activity 
leading to mineralisation to CO2 or CH4 and secondly, flocculation and coagulation in the 
water column leading to sedimentation.  The mineralisation of aquatic carbon by 
microbial action as a part of energy flows in the food web (Tranvik, 1989; Pace et al., 
2004) results in a net flow of CO2 from the water column to the atmosphere (Cole et al., 
1994). Small lakes and headwater streams are considered to be hot spots of carbon 
mineralization (Cole et al., 2007) and a number of studies suggest that this pathway of 
carbon removal from peatlands in the northern hemisphere is important and makes a 
significant contribution to their C budgets (Hope et al., 2001; Billet et al., 2004). The 
process of flocculation, coagulation and eventual settling of organic matter out of the 
water column and into bottom sediments is considered to be a major sink of organic 
carbon especially in boreal climate zones (Molot & Dillon, 1996; Einsele et al., 2001; von 
Wachenfeldt & Tranvik, 2008). It is estimated that approximately half of the organic 
matter in aquatic systems is exported via streams to the sea (Cole et al., 2007). 
2.11  Drivers of DOC Production in Catchments and Transport to Aquatic 
Systems  
The volumes and quality of organic carbon produced and transported from catchments 
varies widely both spatially and temporally (Thacker et al., 2005) and this variation is 
driven by a combination of factors that also operate over a range of spatial and temporal 
and scales. The combination of local factors for DOC production and export are site-
specific, such as geomorphology, hydrology, soil type, vegetation and land management 
and the unique combination of these factors at each catchment vary both the production 
and contribution of different carbon sources and affect linkages between terrestrial and 
aquatic environments e.g. (Wetzel, 2001).   At a regional scale, both the production and 
transport of DOC are strongly influenced by climate factors such as precipitation patterns, 
temperature and soil moisture levels and anthropogenic factors such as decreasing 
atmospheric deposition of sulphur dioxide. Each factor is further discussed in the 
following sections, however, it is worth noting that although each of the variables are 
treated individually, they are interlinked and work in combination.   
2.11.1  The Geomorphology and Hydrology of Catchments  
The topography and hydrological characteristics of individual catchments are known to 
influence the generation of DOC within the catchment. The steepness of slopes influence 
how rainwater both infiltrates and inundates catchment soils, factors that directly affect 
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DOC transport (Rasmussen et al., 1989; Xenopoulos et al., 2003). For example, 
catchments with steep, undulating topography and non-porous crystalline bedrock tend to 
have more rapid-flow hydrological regimes and deliver precipitation faster and more 
directly to streams, thereby allowing less soil organic matter to dissolve (Frost et al., 
2006). On the other hand, catchments with more gentle slopes have slower hydrological 
regimes and often complex drainage systems.  In areas of impeded drainage where 
climatic factors cause precipitation to exceed evapotranspiration, wetland areas, such as 
blanket peatlands develop (Renou-Wilson et al., 2011). Wetland areas such as peatlands 
supply significant quantities of dissolved organic matter to aquatic systems (Pace & Cole, 
2002; Sobek et al., 2007). DOC compounds concentrated in the porewaters of peaty soils 
are flushed out into aquatic pathways by precipitation, with the highest concentrations 
often coinciding with high flow levels (Arvola et al., 2004; Jennings et al., 2010). 
However DOC concentrations tend to decrease at high flow, indicating that soil C-stores 
can be washed-out and diluted with successive events (Worrall et al., 2002). Furthermore, 
Jennings et al., (2020) have found a seasonal cycle for this effect in the Burrishoole 
catchment. DOC concentrations in temperate-zone lakes are influenced by catchment 
characteristics via their effect on allochthonous inputs, and regional studies have found 
that lake DOC is positively related to the lake drainage/lake area ratio and negatively 
related to catchment slope (Weyhenmeyer & Bloesch, 2001; Sobek et al., 2007). Lake 
morphometry is also an important factor determining DOC concentrations and DOC has 
been shown to be negatively related to residence time, lake area and mean lake depth 
(Pace & Cole, 2002; Sobek et al., 2007). Generally, the largest lakes tend to have longer 
residence times of water, lower areal loading rates and higher in-lake rates of photo-
degradation and microbial decomposition resulting in lower DOC and colour (Köhler, 
2002; Mazzuoli, 2005).  
2.11.2  Soil Type and Vegetation 
The soil type and vegetation that occur within catchments are significant drivers of DOC 
production and export (Tranvik & Jansson, 2002; Mattsson et al., 2005). High volumes 
of DOC export are common from catchments with large soil carbon stores such as 
peatlands, wetlands and forests (Dillon & Molot, 1997; Laudon et al., 2004). Conversely, 
lower DOC concentrations are found in catchments where organic soils are poorly 
developed and vegetation is sparse. There are two distinct horizons in peat soils, the 
acrotelm and catotelm, each being differentiated by a distinct hydrologic conductivity 
(Evans et al., 1999).  The uppermost acrotelm, comprises roots and decomposing plant 
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material while the lower catotelm is an anoxic horizon and comprises dense peat.  The 
movement of the water table, up or down through the acrotelm, controls the amount of 
aerobic decomposition and oxidation occurring within the peat soils and influences DOC 
generation and export (Clark et al., 2005). Stands of forest and also the type and 
distribution of tree species within those forests influence the export of DOC in catchments 
(Ågren et al., 2007). According to Strobel et al., (2001) and based on a study in Denmark, 
DOC export from plantations of Norway spruce are higher compared to stands of Scots 
pine due to higher litter production in spruce stands. Different tree species produce litter 
with varying carbon nitrogen ratios which influences their degradability, and in turn the 
quality and reactivity of DOC in the forest soil. Litter from deciduous trees are the most 
easily degraded and DOC yields from deciduous forest soils are considerable (Hongve et 
al., 2000). 
2.11.3  Land Use Factors 
Significant factors governing DOC production and export to freshwater ecosystems are 
land management practices and land use (Chantigny, 2003; Worrall et al., 2003). Land 
management practices, such as clear-felling of forest plantations, burning of heathland 
and blanket peatlands, draining and cutting-over of peatlands, intensive stocking and 
grazing of uplands, intensive agricultural activity and urban development, influence the 
export of organic carbon (Worrall et al., 2003; Evans et al., 2005; Tetzlaff et al., 2007).  
Globally, the function of peatland as a carbon store has been negatively impacted due to 
extraction of peat for fuel and also by the conversion of peatland into agricultural and 
forestry land (Burt, 1995).  Irish peatlands have been similarly impacted and as such only 
a small percentage of Irish peatlands are in a natural or intact condition.  Renou-Wilson 
et al., (2011) have reported that 18% of Blanket Bogs, 11% of Fens and 7% of Raised 
Bogs remain intact. Changes in the land management practices, in particular the drainage 
of peatlands, dramatically alters the balance between aerobic and anaerobic processes 
within the acrotelm with resulting DOC release (Holden et al., 2004; Worrall & Burt, 
2004; Jennings et al., 2010). Other land management practices, such as increased stocking 
rates and grazing intensity has caused critical and permanent soil erosion and increased 
the export of organic carbon from catchments (Bragg & Tallis, 2001; Allott et al., 2005). 
Forestry noticeably influences DOC release from soils and it has been observed that 
afforestation and clear-felling result in increased DOC and suspended sediment 
concentrations in waters draining these areas, and that also these increases may be 
observed over a number of years post deforestation (Cummins & Farrell, 2003; DeFries 
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& Eshleman, 2004). The practice of clear-felling in particular has been shown to increase 
runoff (Roberts & Crane, 1997) sedimentation (Johnson & Whitehead, 1993) 
acidification (Harriman et al., 2003) and increased nutrient leaching (Rodgers et al., 
2010). Other land management practices that may be a factor in increased DOC 
concentrations in natural waters include agricultural and industrial activity. Agricultural 
practices such as slurry-spreading, tillage, and access of livestock to waterways has the 
potential to increase aquatic DOC concentrations via runoff (Kay et al., 2009). Point-
source direct industrial outfall, including discharges from waste-water treatment facilities 
may also increase DOC loading to rivers and streams e.g. (Hudson et al., 2007).  
2.11.4  Climate Factors 
The sensitivity and vulnerability of upland blanket peat ecosystems to climate change is 
widely recognised.  Rising global temperatures due to increasing CO2 levels in the 
atmosphere are increasing the occurrence of extreme episodic events such as storms and 
floods, heat waves and droughts and these events, together with the overall rise in 
temperatures, have major implications for both terrestrial and aquatic peatland 
ecosystems (IPCC, 2013). According to an IPCC policy report (WG2 AR5) terrestrial 
carbon stores, including peatlands, are threatened by increasing drought frequency, 
temperature and precipitation, and also by ecosystem loss (IPCC, 2014b). Loss of carbon 
from long-term environmental stores such as peatlands is in turn directly affecting the 
magnitude of carbon fluxes within the global carbon cycle. Depletion of carbon stores 
from upland blanket peat catchments and subsequent carbon transport to downstream 
rivers and lakes is increasingly linked to flood and drought events, amplified by climate-
change, particularly in upland regions where spate conditions prevail. A climate envelope 
modelling study by Jones et al. (2006) predicts that changes in climate are likely to result 
in a significant reduction of Irish peatland cover by 2075. In addition to warming trends, 
precipitation patterns across Europe have altered over the last thirty years with average 
precipitation increasing in the north of the continent and a corresponding decrease in the 
Mediterranean (IPCC, 2007). To understand why the changes in precipitation have 
occurred it is necessary to examine larger-scale atmospheric dynamics and also the 
underlying physical processes at work (Trenberth, 1990).  The NAO is a large-scale 
pattern of air circulation and air pressure anomalies that span the North Atlantic Ocean 
and its periphery and significant relationships between precipitation and temperature and 
the NAO in winter on the west coast of Ireland have been observed (Jennings et al., 2000; 
McElwain & Sweeney, 2003).  The NAO index is calculated as the difference in air 
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pressure at sea-level between the Azores high-pressure zone and the Icelandic low-
pressure zone, and the observed difference is generally greatest during winter months 
(Hurrell et al., 2003; Hurrell & Deser, 2009).  The effects of strong positive phases of the 
NAO are generally above-normal precipitation across northern Europe and Scandinavia 
and below-normal precipitation across central and southern Europe, positive NAO phases 
also display above-normal temperatures across northern Europe and the eastern United 
States and below-normal temperatures in Greenland, southern Europe and the Middle 
East.  During strong negative phases of the NAO opposite patterns of precipitation and 
temperature are observed (Hurrell et al., 2003). The influence of the NAO on physical 
processes such as river discharge (via its influence on precipitation) and water 
temperature (via its influence on air temperature) has been demonstrated in Ireland and 
the UK. Kiely (1999) has shown that recent positive phases of the NAO has increased 
runoff in Irish rivers since the mid-1970’s and Jennings et al (2000) have demonstrated 
this specifically within the Burrishoole catchment.  Elliott et al. (2000) demonstrated that 
water temperature was highly correlated with winter NAO in Black Brows Beck, a small 
stream in the Lake District of north east England. 
There is a complex relationship between precipitation (via runoff) and DOC 
concentrations in fresh water systems as there are numerous factors at play. For example, 
in a study of DOC release from an upland peat catchment in the UK by Worrall et al., 
(2002) three separate hydrological regimes with three associated DOC concentrations 
were identified during the autumn flushing period. Two of these hydrological regimes 
had low DOC concentrations. The first was associated with ground-water flow and was 
largely depleted of DOC, the second was associated with very high precipitation levels 
and overland flow and had little contact with the soil. The third regime had a high DOC 
footprint and was associated with interception and throughflow within the peat soil 
following dry antecedent conditions. This third regime was effectively a ‘flushing out’ 
event and, as such exported a substantial amount of carbon to the streams. Therefore the 
alteration of water budgets within catchments by the varying intensity and timing of 
precipitation events in turn alters the discharge of organic and inorganic matter and 
nutrient run-off from terrestrial into aquatic systems (Worrell et al., 2002; Erlandsson, 
2008).  
Air temperature and solar radiation, via their influence on soil temperature and soil 
moisture, are major drivers of DOC production in peatland catchments. DOC production 
in terrestrial systems is a biological process and the high-molecular weight, coloured 
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aromatic and refractory DOC released by peat soils via decomposition processes are 
temperature dependant (Thurman, 1985; Worrall et al., 2006). However, there is a wide 
variability in reported temperature sensitivities due to variation in the availability and 
quality of suitable substrate, limits to the access of microbial enzymes to substrate 
molecules and the rise and fall in microbial populations (Chapman & Thurlow, 1998; 
Davidson & Janssens, 2006). A factor that complicates the relationship between 
temperature and DOC production is the oxic status of the peat soil. For example, aerobic 
decomposition is generally more responsive to temperature than anaerobic decomposition 
(e.g. Hogg et al., 1992; Weider & Yavitt, 1994; Davidson & Janssens, 2006).  Aerobic 
decomposition is confined however to surface layers of peat soils during dry periods (e.g, 
Renou-Wilson et al., 2011). It has also been observed that decomposition rates can, on 
occasion, be greater at lower rather than higher temperature ranges (Kirschbaum, 1995; 
Chapman & Thurlow, 1998) and decomposition rates may fall-off after an optimum soil 
temperature has been reached (e.g. Fenner et al., 2005). Dawson et al. (2002) 
hypothesised that the longer periods of higher DOC concentrations in a stream in mid-
Wales each year in comparison to a stream in north-east Scotland was largely related to 
warmer and wetter conditions in the former catchment in comparison to colder, drier 
conditions in the latter. However, the concentration of DOC in natural waters may not 
always show an immediate response to rising temperatures, implying a lag in soil 
decomposition processes or DOC mobilisation and release from soils (Clark et al., 2005). 
The amount of DOC exported to streams and rivers also depends on soil moisture 
conditions and the length of the soil-drying period, particularly in peat soils. Decreased 
DOC concentrations were observed in peat soils during drought conditions in the UK 
(Pennines range) where the drawdown of the water table caused the oxidation of organic 
sulphur to sulphate (Clark et al., 2005; Daniels et al., 2008). This drought-induced soil 
water acidification reduced DOC solubility in soil water. However, immediately 
following periods of dry weather or drought, pronounced increases in DOC 
concentrations have been observed in peatland streams (Watts et al., 2001; Jennings et 
al., 2010; Ryder et al., 2014), Ryder et al., (2014) reported a significant step-change 
increase in DOC concentrations in the Glenamong sub-catchment in the Burrishoole 
during moderately wet conditions during the summer of 2010 following a dry spring. In 
addition, land-use factors also play a role in soil moisture levels and resulting DOC 
export, for example Byrne et al., (2001) reported that decomposition processes are greater 
on forested peat than on virgin peat in Ireland, and attributed the higher rates to the 
drainage of forested peatland plots. Another climate factor that affects DOC concentration 
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in natural waters is direct solar radiation. Direct sunlight on water provides the necessary 
energy to break apart the double bonds of DOC (Wetzel, 2001). This photo-degradation 
process has been found to reduce DOC in natural waters by up to 60% over a period of 
11 to 70 days (Shiller et al., 2006).   
2.12  Trends of DOC Concentrations in Aquatic Systems  
Increasing concentrations of fluvial DOC have been reported in many peat catchments 
over the last 20 years (Monteith et al., 2007; Worrall & Burt, 2007 Erlandsson et al., 2008; 
Jennings et al., 2010).  These changes have been attributed in some part to recovery from 
the effects of atmospheric acid deposition on a regional scale as a result of reductions in 
transboundary air pollution (Monteith et al., 2007; Erlandsson et al., 2008). Some studies 
completely reject the acid deposition hypothesis and argue that DOC trends are more 
consistent with changes in precipitation (Erlandsson et al., 2008) higher temperatures (; 
Freeman et al., 2001; Preston et al., 2011) and the effect of drought events on peat 
decomposition (Clark et al., 2010b; Jennings et al., 2010; Ryder et al., 2014). Alternative 
drivers for long-term increasing trends of DOC have also been proposed, including 
changing nitrogen deposition (Findlay, 2005), increasing solar radiation (Hudson et al., 
2003), and recent changes in upland management (Yallop & Clutterbuck, 2009). For 
example, increased incidents of heather burning in the UK have corresponded with 
increases in DOC concentrations (Yallop & Clutterbuck, 2009). There is therefore some 
disagreement regarding the main regional drivers of DOC trends. Clark et al., (2010b) 
suggest that ‘confusion over these temporal and spatial scales of investigation has 
contributed unnecessarily to the disagreement over the main regional driver(s) of DOC 
trends, and that the data behind the majority of these studies is more compatible than is 
often conveyed’. Roulet & Moore, (2006) and Sucker & Krause, (2010) emphasised that 
trends of DOC increase should not be attributed to any single factor and suggest that 
multiple drivers are required to explain increasing DOC trends. Evans et al., (2006) 
proposed that the observed rise in DOC trends is attributable to a complex interaction of 
changing atmospheric, deposition, and climate-related factors. Also, given the known 
linkages between DOC and climate factors, it is possible to model possible future DOC 
export rates with respect to climate change (Naden et al., 2010).  
2.13  The Function of DOC in Aquatic Ecosystems 
The fluxes of both material and energy through the aquatic ecosystem of peatland 
catchments are heavily influenced by inputs of allochthonous carbon and also the 
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generation of autochthonous carbon. Therefore changes in the rate of DOC input or 
manufacture within an aquatic system will directly impact the physical, chemical and 
biological behaviour of that system. Also these effects will be simultaneous and 
interlinked across all three of these domains (Jones, 1998). 
2.13.1  Physical Factors  
The presence and concentration of DOC in natural waters has a very marked effect on its 
absorption of light energy. Natural waters, particularly waters with high concentrations 
of humic acids have a high capacity to absorb infrared and red wavelengths, resulting in 
significant heating of the uppermost meter of water depth (Wetzel, 2001). This absorption 
also drastically reduces the transmission of light within the water column reducing energy 
penetration at greater depths. DOC concentrations are therefore strongly related to 
thermocline depth, and thus, to the mixing depth of lakes (Wetzel, 2001; Hudson et al., 
2003; Maloney et al., 2005). For example, Bowling & Salonen (1990) demonstrated that 
thermal stratification in small humic forest lakes in southern Finland developed earlier in 
the year than in clear-water lakes. The relative penetration of light through water, or 
transparency, is calculated by determining the ratio between the irradiance at the water 
surface and at depth and is generally determined using a Secchi disc. The Secchi disc is 
used therefore to estimate the euphotic depth, i.e. the depth of the layer of water within 
which net photosynthetic production is possible (Håkanson & Peters, 1995). The net 
photosynthesis threshold is approximately 1% of full daylight (wavelengths between 400-
750 nm). The bottom layer of the euphotic zone corresponds to this threshold level and 
may also be referred to as the attenuation depth of photosynthetically active radiation 
(PAR). The euphotic zone in clear water, oligotrophic lakes may extend to depths greater 
than10 m (Jones, 1992) and in some cases up to 50 m (Snucins & Gunn, 2000).  However, 
in highly coloured humic lakes PAR is strongly attenuated.  In lakes with DOC 
concentrations of between 10 and 15 mg l-1 the euphotic zone is generally between 1 and 
2 m in depth, while in highly humic lakes where DOC concentrations exceed 15 mg l-1 it 
rarely exceeds 1 m (Lindell et al., 1996). Natural waters with high levels of dissolved 
organic compounds also absorb light radiation at the other end of the spectrum. In waters 
with high concentrations of humic compounds, absorption of ultra-violet (UV), blue and 
green wavelengths is essentially complete at 1 m depth (Wetzel, 2001). It is well 
understood that UV irradiance can photolyse portions of protein and humic 
macromolecules and transform them to small fatty acids — such as acetic, formic and 
malic, among others — a transformation that provides substrates for bacterial metabolism 
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(Wetzel, 2001). Irradiation of humic substances in natural waters therefore significantly 
increases the bio-availability of carbon substrates (Bertilsson, & Tranvik, 2000; Wetzel, 
2001; Zhang et al., 2007). 
2.13.2  Chemical Factors  
Humic substances are a major source of acidity in peatland waters and naturally elevated 
DOC concentrations are a major contributor to the low pH of these aquatic systems 
(Turner et al., 2016).  Stream and lake water acidification may be described as a net 
increase of H+ ions within the water column and it occurs when an acid load into receiving 
waters exceeds its natural buffering capacity or if there is a decrease in the amount of 
exchangeable cations within the water altering its chemical equilibrium (Cresser & 
Edwards, 1987). The sources of acidification to aquatic systems may be both natural and 
anthropogenic, however the contribution of acid precipitation resulting from industrial 
pollution to the acidity of natural waters in western Ireland is likely to be small as the 
dominant air mass movement is from the west and southwest over the Atlantic (Aherne 
& Farrell, 2002). Low pH values are particularly common in peatland aquatic ecosystems 
that are dominated by littoral mats of Sphagnum mosses. The pH of Sphagnum bogs is 
generally within the range of pH 3.3 to pH 4.5 and significant H+ ion concentrations in 
peat soil water appear to result from active cation exchange by the cell walls of 
Sphagnum, during which H+ is released (Wetzel, 2001).  
In natural waters many organic compounds form complexes with iron and as result 
of this process, both the solubility and availability of iron for organisms is altered (Wetzel, 
2001). In surface waters with a high content of dissolved organic matter such as fulvic, 
humic and tannic acids, iron enrichment is common (Shaw, 1994). In fact it is these iron-
organic complexes that are, in part, responsible for the deep yellow to brown colour of 
bog water (Wetzel, 2001). The principal method of the complexing of iron with humic 
derivatives, including organic acids, is peptisation, whereby iron is dispersed in a 
solubilised form (Fe[OH]3) by adsorption of the organic acids onto the surfaces of the 
iron precipitate (Shapiro, 1966). The precipitation particles of iron oxide contain 
approximately 30 to 40% iron by weight and adsorbed humic carbon can contribute 
approximately 4 to 7% to the total particle weight (Wetzel, 2001). These complexes 
steadily sediment out of the water column and have the potential to enrich the 
hypolimnion with humic material (Wetzel, 2001).   
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The rate of oxygen depletion in lakes may be influenced by photochemical 
oxidation of DOC, reducing the maximum depth of oxygenation and in turn, impacting 
upon in-lake aquatic life (Likens, 2010; Müller et al., 2012). Nutrients also bind to and 
are carried by DOC and therefore DOC has a role in nutrient concentration and 
bioavailability in aquatic systems (Wiegner & Seitzinger, 2004).  Total nitrogen 
concentrations (TN) in humic lakes in temperate regions in general, range between 300 
and 500 µg N l-1 and the inorganic fractions of these totals are at detection limits. 
Inorganic N export to aquatic systems is minor and the bulk of dissolved N is bound in 
humic substances (Stepanauskas et al., 1999). Total phosphorus (TP) concentrations on 
the other hand may be elevated in humic lakes and generally range between 10 and 25 µg 
l-1. The majority of this phosphorus is bound to humus colloids and forms iron-
phosphorus-humus complexes. The formation of these complexes, therefore, affects the 
bioavailability of phosphorous as a nutrient within these aquatic systems (Tipping, 1981).  
In catchments that are impacted by pollution, DOC binds to aquatic contaminants 
including toxic organic molecules, radionuclides and metals such as iron, aluminium, 
iron, lead, chromium, and mercury. The process of binding these pollutants with DOC 
reduces their dissolved concentrations within the water column and thus their 
bioavailability to aquatic biota (Perdue et al., 1998; Shaw et al., 2000). The presence of 
high concentrations of DOC in potable water supplies has health implications because of 
the formation of disinfection by-products (DBPs) and trihalomethanes (THMs). Both are 
potentially carcinogenic compounds that form when highly coloured water is disinfected 
using chlorine (WHO, 2011). For this reason, DOC is usually removed by flocculation 
prior to chlorination.  However, the quality of DOC can also affect the removal process. 
It was water treatment plants in Scandinavian countries that first began to report 
difficulties treating water with high DOC concentrations during the 1990’s (Löfgren et 
al., 2003) and similar problems have been noted in Ireland (EPA, 2011).  
2.13.3  Biological Effects  
There are two main energy inputs to aquatic ecosystems that are exploited by two separate 
microscopic communities: autotrophic plankton utilise the sun’s energy and heterotrophic 
bacteria exploit dissolved organic matter e.g. (Pace et al., 2004; Cole et al., 2006).  Both 
communities occupy similar functional roles within the pelagic ecosystem and supply 
higher trophic levels with either physical or chemical derived energy, for example, micro-
grazer communities channel a major fraction of bacterial production in lakes toward 
higher trophic levels (Isaksson et al., 1999). Ultimately the fate of the carbon processed 
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within aquatic ecosystems depends on whether the system is net autotrophic or 
heterotrophic (Bass et al., 2010). Ecosystems that are net autotrophic are atmospheric 
sinks for CO2 while net heterotrophic systems are net releasers of both CO2 and CH4 to 
the atmosphere (Cole et al., 1994; Ojala et al., 2011). In lakes, there is a dynamic balance 
between net autotrophy and net heterotrophy and the balance is mainly dependent on the 
trophic status of the lake, for example, Sobek et al., (2005) reported that oligotrophic 
systems are dominated by heterotrophic processes and eutrophic systems are 
predominantly autotrophic. Also, certain lakes are known to switch, on a seasonal basis, 
between net autotrophy and net heterotrophy (Laas et al., 2012). Other factors, such as 
organic and inorganic nutrient supply in general (Bass et al., 2010) and DOC 
concentration in particular (Bloomqvist, 2001) are important in determining autotrophic 
/ heterotrophic balance.  It has been estimated that the balance may tilt towards net 
heterotrophy at DOC concentrations of around 5 mg l-1 (Jansson et al., 2000). 
2.14 Gaseous C Emissions from Lakes   
Terrestrial carbon is actively processed in aquatic systems and consequently these 
systems are frequently supersaturated with CO2 (Cole et al., 1994), and they are therefore 
important sources of CO2 to the global carbon budget (Aufdenkampe et al., 2011). Many 
lakes are net heterotrophic and this CO2 excess is mainly derived from the export of OC 
from the surrounding catchment through respiration of organic carbon in the water 
column and also as CO2 ultimately derived from soil respiration in the surrounding 
catchment (Cole et al., 1994; Duarte & Prairie, 2005; Battin et al., 2008). Raymond et al., 
(2013) estimated that globally, 2.1 Pg C yr-1 is emitted in the form of CO2 from inland 
waters. There are many possible drivers for temporal variability of CO2 fluxes in lakes. 
For example, diel differences have been observed in pCO2aq (the partial pressure of CO2 
in the water column) due to the in-lake switch between respiration and photosynthesis 
(Sellers et al., 1995). Day-night differences in air temperature can also cause convective 
night-time mixing bringing up deeper CO2-rich water (Eugster et al., 2003; Åberg et al., 
2010). Precipitation and subsequent discharge events introduce new organic matter into 
lakes, enhancing respiration rates and increasing CO2 release (Rantakari & Kortelainen, 
2005; Vachon & del Giorgio, 2014). Seasonal occurrences such as lake mixing events in 
autumn introduce CO2 rich water from bottom layers into the surface waters (Kelly et al., 
2001; Weyhenmeyer et al., 2012). Wind events in Lake Como in Italy have been shown 
to cause thermocline tilt and upwelling by internal seiches which may also introduce CO2 
rich water to upper layers (Shintani et al., 2010). Also, the gas transfer velocity, also 
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known as the piston velocity (k) has been shown to vary with lake fetch and this has been 
found to have an influence on CO2 fluxes (Schilder et al., 2013; Vachon & Prairie, 2013).  
In terms of spatial variability, Natchimuthu et al., (2017) reported that rates of 
photosynthesis, the existence of littoral zones, and the location of river inputs influenced 
variation in pCO2aq and CO2 fluxes across lakes in southwest Sweden. 
To date, most estimates of lake CO2 exchange have been based on calculating (k) 
using local wind speed measurements (Wanninkhof, 1992; Cole & Caraco, 1998; Crusius 
& Wanninkhof, 2003) in tandem with surface water CO2 concentrations. The flux of CO2 
(F) is calculated according to the following equation: 
𝐹 = 𝑘 × 𝐾ℎ(𝑝𝐶𝑂2 𝑎𝑞 −  𝑝𝐶𝑂2 𝑎𝑡𝑚) (1) 
where F is the flux (mmol m-2 d-1), k is the piston velocity (m d-1), Kh is Henry’s constant 
(M atm-1), 𝑝𝐶𝑂2 𝑎𝑞 is the CO2 partial pressure in equilibrium with the surface water 
concentration, and 𝑝𝐶𝑂2 𝑎𝑡𝑚 is the partial pressure of CO2 in the atmosphere (μatm). 
Generally, at any studied lake system, measurements to estimate CO2 fluxes are made 
intermittently and at relatively few locations, and according to Natchimuthu et al., (2017) 
there is currently an unclear understanding of the spatial and temporal variation of lake 
CO2 fluxes. Moreover, this lack of knowledge may be compounded by the fact that 
measurements of pH and alkalinity are often used to estimate pCO2aq in natural waters 
and it has recently been highlighted that this indirect approach may overestimate pCO2aq 
in acidic or low alkalinity humic waters (Abril et al., 2015). 
Methane (CH4) is an important greenhouse gas and is responsible for 
approximately 20% of the warming generated by long-lived greenhouse gases since the 
industrial revolution. By reacting with hydroxyl radicals in the atmosphere, CH4 reduces 
the oxidising capacity of the atmosphere and also generates ozone in the troposphere 
(Kirschke et al., 2013). One of the largest natural sources of methane gas is lakes and 
ponds (Wik et al., 2016). The production of CH4 is a microbiological process, resulting 
from the mineralisation of carbon under anaerobic conditions in aquatic sediments 
(Wetzel, 2001).  CH4 diffuses along concentration gradients within the sediments and may 
be oxidised, under microaerobic conditions, by methane-oxidising bacteria (Wetzel, 
2001). An alternative and more direct route to the atmosphere for CH4 may be available 
via the roots and intercellular spaces of aquatic plants such as emergent macrophytes, and 
significant volumes of CH4 from aquatic sediments may be released in this manner e.g., 
(Segers, 1998). CH4 production in the sediments can be intense and may reach as much 
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as 85% of the total gas volume formed in the deposits, however in low to moderately 
productive lakes, very little CH4 escapes due to the activity of methane-oxidising bacteria 
in the sediments and water column (King & Blackburn, 1996). 
2.15  Lake OC budgets  
It is now recognised that lakes are active and important sites for OC storage and cycling 
(Cole et al., 2007; Raymond et al., 2013), entirely disproportionate to their spatial extent. 
Moreover, inland waters are now considered as highly relevant to the global carbon cycle 
(Ciais et al., 2013). Currently, global carbon flux estimates of lateral carbon and CO2, and 
CH4 evasion equate to approximately 4.8 Pg C y
-1, (Tranvik et al., 2009; Stanley et al., 
2016; Ward et al., 2017). Quantifying lake OC budgets and gaining an understanding of 
the controls and processes of lake carbon cycling is considered to be of critical importance 
(Apps et al., 1993; Kasischke et al., 1995; Kurz et al., 2013). Mass balances or budgets 
are used as a tool to inform on element or nutrient transfers in lakes, and include estimates 
for inputs, outputs, and changes to standing stocks in the water column and sediments 
(Pace & Lovett., 2012).  Specifically, in terms of lake OC budgets, by calculating key 
rates and fluxes, a greater understanding of the lake trophic state in terms of carbon, i.e., 
autotrophy vs. heterotrophy may be gleaned. On a broader scale, lake OC budgets can 
help in understanding the role that lakes’ play as storage and transformation sites of OC 
in the landscape (Buffam et al., 2011).  
Complete lake carbon budgets are rare, i.e. those that incorporate allochthonous OC 
inputs from surface water and groundwater, atmospheric deposition, OC exports from 
outflow, sediment burial, autochthonous primary production and ecosystem respiration 
(Hanson et al., 2014b). There are a number of reasons for this scarcity, the most important 
factors being the difficulty and expense of gathering the complete suite of data required 
to balance a lake OC budget. Hydrological inputs of OC can vary considerably in time, 
with peaks relating to seasonal or weather-related patterns, making them difficult to 
measure (Caverly et al., 2013). Diffuse inputs of OC to the lake, such as those from 
groundwater may be difficult to measure (Hanson et al., 2014b). Internal lake processes, 
including primary production and respiration, are also difficult to estimate as they are not 
spatially or temporally homogeneous (Hoellein et al., 2013; Solomon et al., 2013).  There 
are also complications in the estimation of lake OC storage as the process of 
sedimentation is spatially hererogeneous and dependent on lake-specific aspects such as 
morphology (Kastowski et al., 2011; Ferland et al., 2014). Another factor that adds to the 
complexity of completing lake OC budgets may be the disciplinary nature of scientific 
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research, where methodological constraints focus on specific components of the carbon 
balance at the expense of other components (Falkowski et al., 2000). 
There are few complete OC lake budgets in the literature, for example in a review by 
Hanson et al., (2014b) just three studies were cited, Likens (1985), Cole et al., (1989) and 
Wetzel (2001). The Likens (1985) study was one of many biogeochemical studies 
reported in a continuous, long-term ecological research project at the Hubbard Brook 
Ecosystem Research Station, which includes Mirror Lake, in New Hampshire, USA.  The 
OC budget presented by Cole et al., (1989) involved an intensive measurement campaign 
of lake allochthonous and autochthonous OC components to estimate bacterial production 
and respiration. The study was also conducted in Mirror Lake. Wetzel (2001) republished 
work he had previously reported in 1972 on Laurance Lake, Michigan. That study 
included a detailed evaluation of a carbon budget of a hardwater lake and included OC 
inputs and exports, and dynamics in the littoral, pelagic and benthic zones of the lake. 
One other example of a complete OC budget was the study of a small humic lake in 
Sweden (Lake Frisksön) by Sobek et al., (2006). The study was conducted to gain an 
understanding of biogeochemical processes at the site, to assess its suitability as a 
potential final repository for radioactive waste. In a review of boreal lake C budgets by 
Anas et al., (2015) just four complete budgets were available (Dillon & Molot 1997; 
Algesten et al. 2003; Sobek et al. 2006 and Einola et al. 2011). Even though complete and 
detailed lake OC budgets are rare, there are numerous ‘approximate’ budget studies 
available in the literature. While these studies do not strictly contain all of the terms of a 
complete OC budget they are, nonetheless, extremely informative in terms of lake OC 
processing (Hanson et al., 2014b).   
It is also important to note that there is also a strong geographical bias, in aquatic OC 
studies, towards the continental-temperate to boreal and sub-artic climate zones of the 
northern hemisphere (Webb et al., 2018). Expanding this relatively narrow spatial range 
and conducting more studies across broader global extents will provide a better basis for 
calculating the contribution of lakes to both regional and world-wide C cycles. For 
example, annual precipitation, a strong climate indicator, has been found to be a reliable 
predictor of particular carbon pools and fluxes at catchment (Oquist et al., 2014), 
continental (Butman et al., 2016), and global scales (Sanders et al., 2016). The following 
three chapters of this thesis present three interlinked studies of OC cycling dynamics 
(including an OC budget) for Lough Feeagh, a lake within a temperate maritime climate 
zone. This climate zone is strongly influenced by the ocean, thus maintaining a limited 
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variation of annual temperature and experiencing substantial precipitation (Köppen, 
1936). The completion of these studies, and the lake OC budget, improves the knowledge 
of peatland catchment OC dynamics, and increases the geographical extent of lake OC 







Chapter 3.   Synchrony in catchment stream colour levels is driven by 
both local and regional climate 
A note on the collaborations associated with the work described in this chapter: 
This chapter is based on the following paper, Doyle B.C, de Eyto E, Dillane M, Poole R, 
McCarthy V, Ryder E, Jennings E. 2019. Synchrony in catchment stream colour levels is 
driven by both local and regional climate. Biogeosciences. 16(5):1053–1071. For this 
paper, Brian Doyle collected environmental samples, undertook research and laboratory 
analysis, calibrated laboratory instruments, quality-controlled datasets, and analysed data 
and was the primary author of the paper. Eleanor Jennings, Elvira de Eyto and Valerie 
McCarthy supervised the research, provide advice on statistical analysis and manuscript 
editing. Mary Dillane and Elvira de Eyto maintain a wide range of environmental 
monitoring equipment and subsequent data-streams in the Burrishoole catchment for the 
Marine Institute. Russell Poole, a section manager at the Marine Institute’s facility at 
Newport, provided editing advice.  
3.1 Abstract 
Streams draining upland catchments carry large quantities of carbon from terrestrial 
stocks to downstream freshwater and marine ecosystems. Here it either enters long-term 
storage in sediments or enters the atmosphere as gaseous carbon through a combination 
of biotic and abiotic processes. There are, however, increasing concerns over the long-
term stability of terrestrial carbon stores in blanket peatland catchments as a result of 
anthropogenic pressures and climate change. We analysed sub-annual and inter-annual 
changes in river water colour (a reliable proxy measurement of dissolved organic carbon 
(DOC)) using six years of weekly data, from 2011 to 2016. This time-series data set was 
gathered from three contiguous river sub-catchments, the Black, the Glenamong and the 
Srahrevagh, in a blanket peatland catchment system in western Ireland, and used to 
identify the drivers that best explained observed temporal change in river colour. The data 
were also used to estimate annual DOC loads from each catchment. General additive 
mixed modelling was used to identify the principle environmental drivers of water colour 
in the rivers, while wavelet cross correlation analysis was used to identify common 
frequencies in correlations. At 130 mg Pt Co L-1, the colour levels in the Srahrevagh (the 
sub-catchment with lowest rainfall and higher forest cover) were almost 50% higher than 
those from the Black and Glenamong, at 95 and 84 mg Pt Co L-1 respectively.  The 
decomposition of the colour datasets revealed similar multi-annual, annual, and event-
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based (random component) trends, illustrating that environmental drivers operated 
synchronously at each of these temporal scales. For both the Black and its nested 
Srahrevagh catchment, three variables (soil temperature, SMD and the weekly North 
Atlantic Oscillation (NAO)) combined to explain 54% and 58% of the deviance in colour 
respectively. In the Glenamong, which had steeper topography and a higher percentage 
of peat intersected by streams, soil temperature, the log of stream discharge and the NAO 
explained 66% of the colour concentrations.  Cross-wavelet time-series analysis between 
river colour and each environmental driver revealed a significant high common power 
relationship at an annual time step. Each relationship however, varied in phase, further 
highlighting the complexity of the mechanisms driving river colour in the sub-
catchments. The estimated mean annual DOC loads for the Black and Glenamong rivers 
to Lough Feeagh were similar at 15.0 and 14.7 t C km-2 yr-1 respectively. Our results show 
the important role of regional scale climatic drivers, in particular temperature, have in 
controlling aquatic carbon export, emphasising the vulnerability of blanket peatland 
carbon stores to projected climate change.  
 
Key words. Carbon transport, dissolved organic carbon, blanket peatland, climate 
effects. 
3.2  Introduction 
Blanket peat ecosystems occur within a relatively narrow window of climatic conditions, 
characterised by warmer and wetter conditions, in temperate regions where precipitation 
exceeds potential evaporation by a ratio of about three to one (Wieder & Vitt 2006). 
Under such conditions, primary production exceeds decomposition of soil organic matter, 
and therefore organic carbon (C) accumulates. These ecosystems are a major terrestrial 
carbon store (Bain et al., 2011). Blanket peats (technically a soil with peat depth > 40cm) 
are now recognised as being under threat, not only from excessive erosion due to 
anthropogenic pressures (for example, harvesting, burning and grazing) (Renou-Wilson 
et al., 2011), but also from increases in C loss related to directional climate change 
(Gallego-Sala & Prentice., 2013). Streams and rivers are the major pathways along which 
organic C is conveyed from upland peatlands to downstream lakes and oceans. In most 
studies which have evaluated fluvial losses of both dissolved organic carbon, and 
particulate organic carbon, DOC has been identified as the dominant C form, representing 
between 60% and 88% of the total carbon load (Hope et al. 1997a; Tipping et al. 1997; 
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Ryder et al., 2014). Hope et al. (1997b) concluded that, for British rivers as a whole during 
1993, 0.68 Mt C of the fluvial carbon load was in dissolved form, representing 77% of 
total C export. In the west of Ireland, DOC was estimated to account for 60.5% of the 
total fluvial C load from the Glenamong sub-catchment (Ryder et al., 2014), a site which 
is also used in the current study  
Stream DOC concentrations draining blanket peatland catchments in Ireland typically 
show a distinct seasonal pattern, with highest values from late summer to early winter and 
lowest values in spring (e.g. Ryder et al., 2014). Longer term patterns in DOC 
concentrations or in proxies for DOC have been linked to year-to-year changes in 
meteorological conditions at both local and regional scales. At local scales, temperature 
affects peat decomposition rates and therefore the availability of DOC, while higher 
precipitation increases the washout of DOC from soils (Jennings et al., 2010; Ryder et al., 
2014). Increases in oxygen availability within peat during droughts can also lead to higher 
rates of aerobic decomposition (Mitchell & McDonald, 1992;  Yallop & Clutterbuck, 
2009; Fenner & Freeman, 2011). At regional scales, DOC concentrations have been 
shown to be influenced by global weather patterns, for example, DOC concentrations in 
certain Canadian lakes were found to be correlated with climate indices such as the Pacific 
Decadal Oscillation and the Southern Oscillation Index (Zhang et al., 2010). In Europe, 
and Ireland in particular, such correlations would be expected to be linked to the North 
Atlantic Oscillation (NAO). The NAO is a weather phenomenon related to fluctuations 
in the difference of atmospheric pressure at sea level between the Icelandic low and the 
Azores high (Hurrell et al., 2003). A positive phase of the NAO reflects below-normal 
atmospheric pressure across Greenland and Iceland and above-normal atmospheric 
pressure over the central North Atlantic, the eastern United States and Western Europe. 
A negative phase reflects an opposite pattern of atmospheric pressure anomalies over 
these regions. High positive values of this index over northwest Europe are associated 
with warmer and wetter conditions during the winter and positive index values during the 
summer are linked with warm, dry and relatively cloud-free periods (Folland et al., 2008). 
In a 28 year study, Nõges et al (2007) found that water colour (one of the most commonly 
used proxies for DOC) during spring in Estonian rivers was positively related to the 
previous winter’s North Atlantic Oscillation (NAO) index. A similar positive relationship 
between the winter NAO and the total organic carbon (TOC) load was reported over 25 
years in Finnish rivers (Arvola et al., 2004).  
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Increasing trends in fluvial DOC concentrations have been observed in many peat 
catchments over the last 20 years (Hongve et al., 2004; Evans et al., 2005; Monteith et 
al., 2007; Worrall & Burt, 2007; Erlandsson et al., 2008; Jennings et al., 2010). While 
these changes have been attributed in part to recovery from the effects of atmospheric 
acid deposition on a regional scale (Monteith et al., 2007; Erlandsson et al., 2008), the 
trend has also been linked to changes in the key climatic drivers of DOC export. These 
drivers include the effect of changes in precipitation and snowmelt patterns on flushing 
rates (Hongve et al., 2004; Erlandsson et al., 2008), and the impact of higher temperatures 
(Freeman et al., 2001; Preston et al., 2011) and of drought events (Clark et al., 2005; 
Jennings et al., 2010;) on peat decomposition. There are, however, also studies where 
DOC concentrations have been shown to have decreased (Clair et al., 2008; Worrall et 
al., 2018), or no increase has been observed, such as within certain catchments in the U.K. 
(Worrall & Burt, 2007). Winterdahl et al. (2014) also reported increases in TOC in only 
half of 130 Swedish streams, but with no clear geographic pattern, highlighting the need 
for further examination of the complex relationship between DOC concentration and 
climate. Given the close relationship between peat formation and peat decomposition, and 
climate factors such as temperature, directional climate change is likely to place 
additional pressures on peatland systems (Clark et al., 2010a; Coll et al., 2014;). Observed 
and projected climate changes for Ireland include higher temperatures throughout the 
annual cycle, a decrease in the summer water table, and higher winter streamflow (Dwyer, 
2012; Nolan, 2015), a combination that has been shown to have the potential to increase 
fluvial DOC export (Naden et al., 2010).  
In Europe, Atlantic blanket bogs are found on the western fringes of the continent and are 
common only in Ireland and Scotland (Sheehy Skeffington & O’Connell, 1998), 
reflecting the dominant influence of the Atlantic on the local climate in these countries 
(Coll et al., 2005; Sweeney, 2014). In Ireland, up to 75% of soil carbon storage is in 
peatlands, much of which is in upland blanket peat soils (Holden & Connolly, 2011, 
Renou-Wilson et al., 2011). Examining riverine fluxes of carbon from these catchments 
provides a means to quantify export of C from long-term storage in peatland ecosystems, 
and to explore the effects of climatic variables on these C stores. The present study 
expands on the work described earlier of Ryder et al. (2014), firstly by comparing colour 
concentrations from three contiguous peat sub-catchments that differ in their catchment 
characteristics, and secondly by including the role of the regional climatic conditions, e.g. 
the NAO, as a possible driver. The principal aims of the current study, using river colour 
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data from the Burrishoole catchment in the west of Ireland were 1. to compare the sub-
seasonal, seasonal and multi-annual trends in water colour 2. to identify the main climatic 
drivers of river colour and 3. to quantify the inter-annual variability in fluvial export of 
DOC over the study period.  
3.3  Methods 
3.3.1  Study Area 
3.3.1.1  Geology and Soils 
The Burrishoole catchment (~100 km2) is a topographic basin, that has been carved into 
the Nephin Beg mountain range over successive ice-ages and comprises twenty-one lakes 
of sizes ranging from 0.04 ha to 395 ha and approximately 143 kilometres of 
interconnecting rivers and streams (53º 55’ N 9º 55’ W).  Late Precambrian metamorphic 
rocks and smaller areas of Palaeozoic sandstone and limestone characterise the geology 
of the catchment (Parker 1977; Long et al., 1992). Rivers and streams on the western side 
of the catchment (Glenamong) are generally more acidic, with low buffering capacity 
(alkalinities in the order of -2.7 to 7.5 mg L-1 CaCO3, (Marine Institute, unpublished data) 
and low aquatic production. Rivers draining the east of the catchment (Black and 
Srahrevagh) are nearer circumneutral with alkalinities in the order of 15 - 20 mg L-1 
CaCO3, with consequently higher aquatic productivity. There are also significant till 
subsoil-deposits throughout the catchment comprising unconsolidated material of 
lithology reflecting that of its underlying parent bedrock (Kiely et al., 1974). The 
overlying soils are predominantly poorly-drained gleys and peaty podsols, with alluvial 
soils on the valley floors and blanket peatlands covering upland slopes (May and Place, 
2005). Land cover in the catchment comprises 52% blanket peat, 15% forestry, with the 
remaining 33% being made up of discrete parcels of transitional woodland and scrub, 
natural grasslands and agricultural land (CORINE, 2012).  Much of the peatland area is 
commonage, and is used for sheep grazing (Weir, 1996). Vegetation cover on the blanket 
peats is characterised by Calluna vulgaris, Molinia caerulea, Schoenus nigricans and 
Scirpus caespitosus (O’Sullivan, 1993). 
3.3.1.2  Climate 
The Burrishoole catchment is located close to the northwest coast of Ireland and 
experiences a temperate, oceanic climate with mild winters and relatively cool summers. 
A meteorological station (Newport) has been in operation in the catchment on the shores 
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of Lough Feeagh since 1958. Long-term average annual precipitation at this station 
(1960–2014) was 1564 mm. Average daily rainfall for the same period was 4.3 mm (± 
6.2 mm SD), and 75% of days had some measurable rainfall (de Eyto et al., 2016). The 
total annual precipitation at Newport between 2010 and 2016 ranged from a minimum of 
1316 mm year-1 (2013) to a maximum of 2020 mm year-1 (2015), with an average of 1636 
mm year-1. It is also important to note that rainfall levels varied spatially across the 
catchment over the study years from an annual average of 2623 mm year-1 (±386 mm 
year-1 SD), recorded at an automatic rain gauge in the northwest of the catchment to 1508 
mm year-1 (±158 mm year-1 SD) at the south of the catchment (MI unpublished data). 
Seasons were defined as follows in the current study: winter = December, January and 
February; spring = March, April and May; summer = June July and August; autumn = 
September, October and November. Maximum summer temperatures in the Burrishoole 
catchment rarely exceed 20°C, while minimum winter temperatures are usually between 
2°C and 4°C (Marine Institute unpublished data). The average annual air temperature at 








3.3.1.3  Catchment characteristics 
This study is focussed on three rivers and their sub-catchments in the Burrishoole 
catchment. The Black and the Glenamong, drain directly into Lough Feeagh whilst the 
third, the Srahrevagh, is nested within the larger Black sub-catchment. (Figure 3.1). The 
predominant land uses in all three sub-catchments are sheep grazing and forestry, 
however the Black also contains a small proportion of more intensively managed 
agricultural land. Soils with a peaty, carbon-rich top horizon are common throughout the 
Burrishoole catchment and blanket peat  covers approximately 20% of the catchment.  
Blanket peat has been mapped in all three sub-catchments, with the Srahrevagh containing 
approximately 5% more peat relative to its area than the other two sub-catchments (Kiely 
et al., 1974; Gardner & Radford, 1980) (Table 3.1). The Glenamong has a greater 
percentage of stream length intersecting blanket peat in comparison to the Black and the 
Srahrevagh sub-catchments (Figure 3.1 & Table 3.1). The CORINE land-cover data 
shows that 32% of the Srahrevagh sub-catchment contains coniferous plantation 
compared to approximately 25% and 17% for the Glenamong and Black respectively 
(Table 3.1). The Srahrevagh sub-catchment has the greatest proportion of slopes ranging 
between 0 and 20 % while the Glenamong is the most mountainous of the three sub-
catchments, having the greatest altitude range and containing the greatest proportion of 
slopes steeper than 50% (Table 3.1). Glenamong stream water is consistently more acidic 
than the other two sub-catchments; however the remaining stream chemistry metrics 
between sub-catchments are broadly similar (Table 3.1). The slope distribution (as 
percent) for the Burrishoole catchment and each sub-catchment was calculated from a 
digital elevation model (DEM) at a 10 m resolution (Marine Institute Data) using the 






Table 3.1  Sub-catchment characteristics, climate (recorded at Newport climate station) / hydrology and stream water chemistry data for 
the Black, Glenamong and Srahrevagh sub-catchment 
Catchment Black Glenamong Srahrevagh 
Characteristics 
Area (km2) 48.3 17.5 4.6 
Aspect South facing South-east facing South-west facing 
Altitude range (m) 8 - 629 8 - 710 39 - 550 
Soils Peats, Humic podzols, Regosols and 
Fluvisols 
Peats, Humic podzols, Regosols 
and Fluvisols 
Peats, Humic podzols and Regosols  
Geology Quartzite and schist, also interbedded 
volcanics, marble, dolomite, and schist 
Predominantly Quartzite and 
schist 
Quartzite and schist, also interbedded 
volcanics, marble, dolomite, and schist 
Management Sheep grazing, Forestry, Grass – Silage Sheep grazing, Forestry Sheep grazing, Forestry 
Climate / Hydrology 2011 - 2017    
Rainfall (mm yr -1) 2623 (367) 2358 (361) 1853 (204) 
Mean discharge (m3 s-1) 5.37 (7.02) 0.88 (1.26) 0.42 (0.90) 
Mean air temperature (°C) 10.12 (4.12) 10.12 (4.12) 10.12 (4.12) 
Water temperature range (°C) -.05   ̶ 26.0 -.03  ̶  26.0 -.25  ̶  25.0 
Mean (range) chemistry    
pH range 4.0 – 8.0 3.5 – 7.3  4.5 – 8.0 
Colour range (mg PtCo l-1) 15 – 257 24 – 211 18 – 364 
DOC range  (mg l-1) 2.3 – 25.8 3.6 – 21.5 3.2 – 28.7 
Land cover 
Blanket Peat Area % 28.7 29.7 34.4 
Stream length (km) 87.8 37.9 12.3 
Streams Intersecting peat (km) 37.5 25.2 6.9 
Streams Intersecting peat % 42.7 66.5 56.6 
CORINE Coniferous Forest %  16.6 24.9 32.2 
Slope (%) distribution in each catchment 
Slope Class (%) 0 – 10 
 
29.2 24.4 24.2 
10– 20 30.3 33.0 43.0 
20 – 30 21.2 13.9 19.5 
30–50 15.7 17.3 12.8 
50–100 3.6 11.4 0.5 
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3.3.2  Water chemistry sampling 
Water samples from the rivers were taken at weekly intervals over six years (2011-2016) 
from the same sampling sites (Figure 3.1). Colour (mg PtCO L-1) was measured within 
hours of sampling using a HACH Dr 2000 spectrophotometer at 455 nm on water filtered 
through Whatman GF/C filters (pore size: 1.22 µm). Wavelength accuracy = ± 2 nm from 
400 – 700 nm and  ± 3 nm from 700 – 900 nm. 
3.3.3  Meteorological and hydrological measurements 
Daily precipitation and soil temperature data, were available from the Newport met 
station (Figure 3.1). Water levels (cm) were recorded every 15 minutes at each site using 
OTT Hydrometry Orpheus Mini water level loggers (https://www.ott.com). The levels 
for the Glenamong and Srahrevagh rivers were converted to volume of discharge per 
second (m3 s-1) using site specific ratings curves that have been developed using data 
collected regularly (Marine Institute unpublished data). No reliable rating curve was 
available for the Black river, therefore discharge was estimated using the drainage area 
ratio method based on the Glenamong discharge (Hirsch, 1979). 
3.3.4  Data Analysis 
3.3.4.1  Statistical Tests 
This analysis was conducted to ascertain if there were significant statistical differences 
between river colour in each catchment. A Mann-Whitney U test was used to test for 
statistical differences between mean colour concentrations in the Glenamong and Black 
and the Glenamong and Srahrevagh rivers. As the Black and Srahrevagh rivers are in the 
same river system, a non-parametric Wilcoxon Signed Rank Test was used to test for 
statistical differences between their colour concentrations.  
3.3.4.2  Time series decomposition 
The time series datasets of weekly colour concentrations in the three rivers were examined 
using Seasonal Trend Decomposition using LOESS (STL) (Cleveland et al; 1990) in R 
(R Core Team 2013).  The STL algorithm decomposes a time series into three separable 
elements: the trend, the seasonal variation and the residual using an additive model 
(equation 1). Loess (locally weighted smoothing) regression is a nonparametric technique 
that uses local weighted regression to fit a smooth curve through points in a scatter plot. 
An additive model was preferred over a multiplicative model because no obvious non-
stationarity in the time series was observed, i.e. the amplitude of the seasonal cycle 
remained uniform and did not increase or decrease with the trend in the data (Figure 
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3.3A). Variation in the time series data was decomposed into a set of constituent elements: 
overall mean or level (α), trend (T), seasonal component (S), and random noise (N) 
(Chatfield, 1984). For a specific time series, colour concentration in surface waters can 
be expressed as: 
Ytl = αl + Ttl + Stl + Ntl (1) 
where Ytl is the colour concentration at time t in location l. The overall mean colour level 
(α) is site specific and could vary with, for example, the soil, vegetation or land 
management characteristics of each catchment. Regular variation of seasonal weather, for 
example, precipitation and temperature, principally drive the S term, and N represents 
short-term, random events. Any factor that drives the production of colour in surface 
waters (i.e. DOC production, solubility or transport) over multiple years could drive the 
trend T (Clark et al., 2010b). STL analysis was also carried out on the principal 
explanatory drivers of water colour identified in the general additive mixed models 
(GAMM) analysis. The trend component of each explanatory driver, namely soil 
temperature, discharge, soil moisture deficit and the NAO were extracted and compared 
visually. 
3.3.4.3  General Additive Mixed Models  
To identify the main explanatory drivers of colour in the rivers, general additive mixed 
models (GAMM) with cubic smoothing regression splines and Gaussian distributions 
were developed using the mgcv package in R (Wood, 2006). Variance inflation factors 
(VIFs) less than 3 were used to exclude closely related variables (Montgomery & Peck., 
1992, Zuur et al., 2009). All models were tested for violations of the assumptions of 
homogeneity, independence and normality, and correlation or variance structures 
included as appropriate. Models were examined for the effects of autocorrelation in 
residuals by plotting the autocorrelation function (acf) (Venables & Ripley, 2002). All 
analysis was carried out in R. The response variable was the weekly colour data from the 
three sub-catchments. Potential explanatory variables comprising climate and 
hydrological data were included as continuous variables. The climate variables, measured 
at the Newport meteorological station, were constructed as follows: the first set was the 
weekly mean of each climate variable calculated from the sampling week; the second set 
was the value of each variable measured on the day of sampling. The third set was 
constructed by lagging each climate variable by one, two and four weekly time-steps. The 
climate variables included were: maximum, minimum and mean air temperature (°C), 
total precipitation (mm), wind speed (m s-1), solar radiation (kWh/m2), relative humidity 
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(%), air pressure (hPa), soil temperature at 5, 10, 30, 50 and 100 cm depths and sun hours 
(h). Hydrological explanatory variables included river discharge (m3 s-1), soil moisture 
deficit (SMD) (mm day-1) and actual evapotranspiration (mm day -1). Soil moisture deficit 
was calculated using a procedure described by Brereton et al. (1996) for Irish grasslands. 
Potential evapotranspiration rates were first estimated based on air temperature and 
sunshine data using the method of Priestley & Taylor (1972) and then actual 
evapotranspiration was calculated as a proportion of potential evapotranspiration based 
on Aslyng (1965).  Both weekly and monthly means of the NAO index were downloaded 
from the National Oceanic and Atmospheric Administration (NOAA, 2017) and used as 
explanatory variables in the statistical analysis. The Standardised Precipitation Index 
(SPI) was calculated using the R package ‘SPEI’ (Beguería et al., 2014; Vicente-Serrano 
et al., 2010) using daily precipitation data from the Newport met station over 21 years 
(1995 - 2016). The SPI was used to assess relative changes in rainfall and to discover the 
occurrence of drought events in the catchment over the study period. The SPI index 
creates a numeric output on a monthly time step that can be sub-divided into seven 
categories: extremely wet >2, severely wet 1.5 to 2, moderately wet 1 to 1.5, normal, -1 
to 1, moderately dry -1 to -1.5, severely dry -1.5 to -2 and extremely dry < -2. Time series 
of the possible drivers of water colour, namely soil temperature, SMD, river discharge in 
the Glenamong and the weekly NAO were also decomposed using the Seasonal Trend 
Decomposition as described above.  
3.3.4.4  Cross-wavelet transform analysis 
A cross-wavelet transform analysis was carried out to further examine the trends and 
periodicities in colour concentrations with the explanatory drivers of colour in the rivers. 
Cross-wavelet transform analysis can be used as a method of examining pairs of time 
series that may be expected to be linked in some way.  Continuous wavelet transforms 
from pairs of time series are used to construct the cross wavelet transforms, revealing 
their common power and relative phase in time-frequency space. In particular, the 
analysis examines whether regions in time frequency space with large common power 
have a consistent phase relationship, suggesting causality between the time series pairs 
(Grinstead et al., 2004). A cross-wavelet power spectrum was calculated from the cross 
wavelet transform results in order to estimate the covariance between each pair of time 
series as a function of frequency and the statistical significance was also estimated as part 
of the analysis.  The ‘biwavelet’ package in R (R Core Team, 2017) was used for the 
bivariate wavelet analyses (Grinstead et al., 2004). 
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3.3.5 Estimation of DOC concentration from water colour concentration, and 
calculation of carbon export 
 
DOC (mg L-1) concentration was estimated from water colour concentration (PtCo mg L-
1) using a linear model developed between water colour and DOC from the Glenamong 
River between April 2010 and September 2011(Ryder, 2015). There was a strong linear 
relationship between colour and DOC (r2 = 0.88, p ≤ 0.001, n = 366) indicating that water 
colour measurements were a good proxy for DOC concentrations in the sub-catchment 
rivers. DOC analysis was carried out using a Sievers 5310C Total Organic Carbon 
analyser (Sievers Instruments Inc, sievers.instruments.wts@suez.com) (Range 4 ppb to 
50 ppm, accuracy ± 2% or ± 5 ppb, whichever is greater; precision < 1% relative standard 
deviation). To verify the TOC analyser performance, 10 ppm potassium hydrogen 
phythalate (KHP) standards were used.  The mean annual loads were calculated for the 
Black and Glenamong sub-catchments by multiplying the calculated stream discharge 
volume for each week by the weekly estimated DOC concentration and summing the 
totals. Mean annual yield (per km2) was estimated by dividing the mean annual load by 
the upstream drainage-basin area. 
3.4 Results 
3.4.1  Hydrological and meteorological conditions, 2011 - 2016 
Weather conditions varied during the six study years, with 2013 being the driest year, 
with a mean daily precipitation of 3.7 mm day-1 and an annual total of 1315 mm year-1. 
The wettest year was 2015 with mean daily precipitation of 5.6 mm day-1 and an annual 
total of 2020 mm year-1. The lowest number of rain days (days with >1 mm rainfall) (194) 
during the six study years was recorded in 2013, compared to 229 rain days recorded for 
2015. The maximum air temperature at Newport meteorological station during the period 
was 29 °C on the 20th of July 2013 and the minimum was −3.1 °C on 3rd January 2011. 
The warmest summer over the study period was in 2013 with an average mean 
temperature of 15.7 °C and the coolest summer was in 2011 with an average of 13.3 °C. 
The coolest winter was in 2014 / 2015, with an average mean temperature of 5.8 °C and 
the warmest winter was in 2011/2012 with an average of 7.2 °C. The driest summer over 
the study period occurred in 2013 with 258 mm accumulated rainfall. The driest winter 
was also in 2012/2013 with 430 mm accumulated rainfall. The wettest summer was in 
2012 with 373 mm accumulated and the wettest winter was in 2015/2016 with 744 mm 
accumulated rainfall.  
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A comparison of monthly precipitation values during the six-year study period with 
precipitation from the previous 15 years (1995 to 2010) at the Newport station showed 
that the first two study years, 2011 and 2012, had near normal precipitation totals (SPI of 
1 to -1) with some short moderately wet periods (SPI of 1 to 1.5). However, the period 
between June 2013 and February 2015 was, when compared to the previous 15 years of 
data, a notable long dry spell, with SPI values ranging from near normal to periods of 
moderately dry (SPI of -1 to -1.5) to extremely dry values (SPI > -2). Following this 
predominantly dry period, there was a moderate to extreme wet period from February 
2015 to August 2015. Precipitation during the remainder of 2015 and 2016 was mostly 




Figure 3.2 Panel A: one month Standardised Precipitation Index (SPI) calculated using precipitation data from the Newport climate station 
(reference period 1995 to 2010). Periods where the index is >1 represent moderately wet conditions and periods where the index <-1 indicate 
moderately dry conditions. Panel B: Black river discharge (grey line - m3 s-1) and mean precipitation (black bars - mm day-1): panel C: 
cumulative soil moisture deficit (SMD) per year (mm)(dotted line) and actual soil moisture deficit (mm d-1 (grey line)).  
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The mean stream water discharge rates for the three rivers during the study period were 
1.89, 0.84 and 0.36 m3 s−1 for the Black, Glenamong and Srahrevagh rivers respectively, 
reflecting the difference in area for the three catchments, as well as the higher 
precipitation in the Black. Values greater than the 90% percentile of discharge for the 
Black river were > 4.47 m3 s−1 while those less than the 10% percentile were < 0.26 m3 
s−1 (Figure 3.2B).  The highest discharge recorded during the study period for all three 
rivers occurred on the 5th of December 2015 with flows of 40.6 m3 s−1 recorded for the 
Black river, 31.8 m3 s−1 for the Glenamong and 9.2 m3 s−1 for the Srahrevagh. These 
exceptional flows occurred during Storm Desmond, a 1000-year return event and one of 
a series of storms that tracked across the country during a fourteen-week cyclonic episode 
that began in early November 2015, which brought severe, extensive and protracted 
flooding to much of Ireland, Scotland and Northern England (Marsh et.al., 2016).  
The pattern in soil moisture deficit (SMD) varied considerably over the six years, largely 
reflecting the varying volumes of precipitation over the catchment each year. The year 
with the greatest cumulative SMD was 2013 with an average daily deficit of 8.3 mm. The 
cumulative SMD reached a maximum of 66.2 mm  in July. The least accumulated deficit 
occurred in 2015 with an average of 3.9 mm, with a maximum of 35.7 mm,  recorded in 
July. The maximum daily SMD recorded over the study period was 67.6 mm day−1 which 





Figure 3.3 (A) Time series of colour concentrations (mg PtCo l-1) measured weekly in 
the Black, Glenamong and Srahrevagh rivers from 2011 to 2017. Decomposition of the 
weekly water colour concentrations to the (B) inter-annual trend; (C) seasonal component 
and (D) random component  
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3.4.2  Colour concentrations in the three rivers  
The colour concentration showed a strong synchronous annual pattern for all sub-
catchments, dipping to a minimum during the winter and peaking in late summer to early 
autumn (Figure. 3.3A). The Srahrevagh River had the highest colour concentrations, with 
a median colour concentration of 130 mg Pt Co L-1, the Glenamong River had the lowest 
concentrations with a median of 84 mg Pt Co L-1, while the Black River had median 
values intermediate between these two of 95 mg Pt Co L-1. Overall, the median colour 
measurements in the Srahrevagh river were significantly higher than those measured in 
the Glenamong river (Mann-Whitney U test, W=20317, p<0.01) and Black river 
(Wilcoxon signed Ranked test, V=892.5, p<0.01). Colour in the Glenamong river was 
also marginally significantly lower than that measured in the Black river (Mann-Whitney 
U test, W=37604, p < 0.05). 
The inter-annual trend in colour concentration (Figure. 3.3B) was also synchronous 
across all three sub-catchments. There was a peak during the summer of 2012 before it 
descended to a minimum for all three catchments in the late summer and early autumn of 
2013. The trend generally increased from this low-point to the beginning of 2016, with 
the exception of a minor dip in colour concentration in January 2015. The seasonal 
patterns were also almost identical for all three sites (Figure. 3.3C) with highest 
concentrations in late-summer and lowest values in January and February of each year. 
The Srahrevagh again displayed the greatest range of seasonal variation, and the seasonal 
variation of the Black and Glenamong were largely similar. The decomposed random 
component of the colour time-series (Figure. 3.3D) also displayed a broad synchronicity 
in timing across all three sub-catchments over the six years, indicating that the 
mechanisms controlling short-term spikes and dips in colour were also synchronous 
across all three sub-catchments. Similar to the pattern of the seasonal variation, the 
greatest range of variation in the random component was from the Srahrevagh River (-
200 to 169) while the range of variation in the other two rivers were broadly similar (-
109 to 107 and -71 to 96 for the Black and Glenamong respectively).  
3.4.3  Drivers of water colour variation  
The optimal GAMM for the colour in the Black River included three smoothers, soil 
temperature at 100 cm depth, soil moisture deficit, and the weekly mean NAO (Figure. 
3.4). This model explained 54% of the deviance in water colour over the study period 
(Table 3.2). Explanatory variables that were measured on the day of sampling resulted in 
a better model fit than weekly means for the previous week. Lagging the explanatory 
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variables by one, two and four weeks did not improve the model. The smoother explaining 
the relationship between soil temperature and colour was linear in the model (estimated 
degrees of freedom = 1) and positive, indicating that colour increases with increasing 
temperature. The smoother describing the relationship between colour and soil moisture 
deficit was, in contrast, generally negative, indicating that colour concentrations in the 
river decreased with increasing SMD, while notably that describing the relationship 
between NAO and colour indicated that colour decreased in positive phases of the North 
Atlantic Oscillation. The optimal GAMM for the Srahrevagh River had the same three 
smoothers as the Black, soil temperature at 100 cm, SMD and the weekly NAO (Figure 
3.4) and the model explained 58% of the deviance in water colour over the study period 
(Table 3.2). Again the sub-set of explanatory variables that were measured on the day of 
sampling provided the optimum model. The smoothers in the Srahrevagh River model 
also showed the same patterns in relationship to colour i.e. a positive relationship between 
colour and soil temperature and a negative relationship between SMD and the weekly 
NAO.  
The optimal GAMM for colour in the Glenamong River also had three smoothers, but 
differed in that it included the log of river discharge rather than SMD (Figure 3.4). The 
model explained 66% of the deviance in water colour over the study period (Table 3.2) 
with again the sub-set of explanatory variables that were measured on the day of sampling 
providing the optimum result. The shape of the smoother describing the relationship 
between colour and discharge indicated that colour concentrations in the river increased 
to a point and then stabilised at higher discharges. The smoother describing the 
relationship between the NAO and colour was similar to that found in the other two 
models and decreased for positive phases of the North Atlantic Oscillation (Figure 3.4G). 
The models described above produced the optimum R2 values for the set of explanatory 
variables chosen. It is important to note that the log of river discharge was also found to 
be a significant variable in the models for the Black and Srahrevagh; however, as it was 
correlated with SMD both explanatory variables could not be used within the same model. 
When the SMD was used instead of the log of discharge for the Black and Srahrevagh, 
the revised optimum model variables still included soil temperature and the NAO in both 
cases with log of discharge, but explained only 48% and 47% of the variance respectively. 
Conversely, SMD was found to be significant when swapped with the log of river 
discharge in the Glenamong model, however, the R2 value reduced slightly to 64% from 




Figure 3.4  Selected smoothers for the contribution of explanatory variables for the 
optimal GAMM explaining water colour in each sub-catchment river: Black (A, B, C): A 
= soil temperature, B = soil moisture deficit (SMD), C = NAO; Srahrevagh (D, E, F): D 
= soil temperature, E =soil moisture deficit, F = weekly NAO; Glenamong (G, H, I): G = 
soil temperature, H = log of discharge, and I = NAO. The solid line is the smoother and 
the shaded area shows the 95% confidence bands.  Y axis units are the scaled smoother 
(s) for each explanatory variable with the variable name followed by the estimated 




Table 3.2  Results of Generalised Additive Mixed Models (GAMM) applied to colour in the Black river (top) the Srahrevagh river 
(middle) and the Glenamong river (bottom) between 2011 and 2016. The (s) refers to the scaled smoother for each explanatory variable. 
Stemp100 refers to soil temperature at 100 cm depth, smd refers to soil moisture deficit, dis_glen_log refers to the log of the discharge of the 
Glenamong river, and nao_we refers to weekly mean values of the NAO index, edf = estimated degrees of freedom. 
Colour – Black River 
 
R-sq. (adj) = 0.54 Scale est. = 99.816 n = 258 
 Estimate Std. Error t value Pr (>|t|) 
Intercept 100.30 3.41 29.40 < 0.0001 
Approximate significance 
of smooth terms: 
edf  F p-value 
s(stemp100) 1.00  96.75 <0.0001 
s(smd) 3.08  48.64 < 0.0001 
s(nao_we) 2.53  7.48 0.0006 
 
Colour – Srahrevagh River 
 
R-sq.(adj) = 0.58  Scale est. = 2809.1   n = 261 
 Estimate Std. Error t value Pr (>|t|) 
Intercept 145.61 4.11 35.40  < 0.0001 
Approximate significance of smooth 
terms: 
edf  F p-value 
s(stemp100) 1.00     133.08   < 0.0001 
s(smd) 3.93   54.62 < 0.0001 
s(nao_we) 1.89   4.72 < 0.0067 
 
Colour – Glenamong River 
 
R-sq. (adj) = 0.66 Scale est. = 647.71 n = 264 
 Estimate Std. Error t value Pr (>|t|) 
Intercept 88.52 2.27 39.06 < 0.0001 
Approximate significance of smooth 
terms: 
edf  F p-value 
s(stemp100) 1.53  128.10 < 0.0001 
s(dis_glen_log) 4.53  29.23 < 0.0001 
s(nao_we) 2.10  4.97 < 0.0081 
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Of note also was the relative importance of the explanatory variables in each of the 
models. For example, in the optimum model for the Black sub-catchment, out of the total 
of 54% of the variance explained by the model, soil temperature contributed 34%, SMD 
contributed 17% and the NAO contributed 3%. For the Srahrevagh, out of the 58% total, 
soil temperature contributed 40% of the variance, SMD contributed 16% and the NAO 
contributed 2%. Out of the 66% total of explained variance for the Glenamong, soil 
temperature contributed 52%, the log of river discharge contributed 11% and the NAO 
contributed 3%. The multi-annual trend plots for the NAO, soil temperature, discharge 
and water colour all had similar patterns that included a distinct dip in the period from 
late 2012 to mid-2013, and a general upward trend after these low points (Figure 3.5). 
These low-points were sequential for the different variables, with the dip in the NAO 
occurring in the early winter of 2012, that in soil temperature occurring in early 2013, and 
that in mean colour concentrations (mean based on data for all three sites) in mid-summer 
of 2013. The trends for river discharge, here using the Glenamong as an example, had a 
less defined low point, which ran from early- to mid-summer 2013 (Figure 3.5C). The 
trend in SMD displayed a distinct plateau for each year, with 2013 having the highest 




Figure 3.5 (A) Trend of weekly NAO during the study period (B) trend of weekly soil 
temperature (C) trend of weekly discharge in the Glenamong river (D) trend of weekly 
soil moisture deficit (SMD) and (E) trend of mean weekly mean colour concentration in 




3.4.4  Cross-wavelet power analysis 
In the cross-wavelet analysis, there was a significant common power between river colour 
at the annual (52 week) time scale for all four variables, with additional significant zones 
occurring intermittently at higher frequencies (circa 2-16 weeks) that were most notable 
for SMD and for the NAO (Figure 3.6). For soil temperature, the width of the orientation 
at the annual time step was relatively consistent with phase arrows that all pointed right, 
i.e. there was a positive correlation between soil temperature and river colour that was 
consistent at the annual scale (Figure 3.6A). The orientation of the phase arrows (i.e. 
downward) for stream discharge indicated that river colour was leading river discharge 
by 90°, indicating they both had seasonal cycles where river colour peaked half an annual 
cycle before river discharge. The orientation of the phase arrows for the NAO, in contrast, 
showed a consistent anti-phase or negative correlation with river colour at an annual time 
step. Notably this weakened between weeks 100 and 150 i.e. during 2013. For SMD 
(Figure 3.6B) the orientation of the phase arrows at the annual time step, in contrast, 
showed SMD leading river colour by 90°, therefore, colour peaked half an annual cycle 
after a peak in SMD.  The areas of common power with river colour at higher frequencies 
(i.e. at periods of 2 to 16 weeks) were most notable for SMD: these were predominantly 
negative and occurred during summer periods, when SMD was higher. There were also 
regular areas of common power at frequencies between 2 and 16 weeks between the NAO 
and river water colour, however their phase relationship was variable from area to area, 




Figure 3.6 Cross-wavelet power spectrum of soil temperature at 1 m depth (A), Soil 
Moisture Deficit (SMD) (B), river discharge in the Glenamong (C) and NAO (D) with 
river colour. Colour contours represent cross-wavelet power and vectors indicate the 
relative phase relationship between the two time series (with in-phase pointing right, 
anti-phase pointing left, or a variable leading or following river colour by 90° pointing 
straight down/up). The 5% significance level is shown as a thick contour. Pink regions 
on either end indicate areas where the analysis is unreliable as there is no data before 




3.4.5  Estimated DOC loads from the sub-catchments 
There was a wide range in the annual estimated loads exported from the three sub-
catchments over the six study years, both at an annual and seasonal scale (Table 3.3). The 
higher colour concentrations in the Srahrevagh river translate into the highest DOC 
exports any of the sub-catchments, even when the loads are area-weighted. The highest 
annual load was estimated for the Srahrevagh in 2015 (38.6 t C km2 year -1), while the 
lowest was recorded in the Glenamong in 2013 (11.6 t C km2 year -1). The smallest loads 
across all sub-catchments were recorded in 2013. Based on these data (the sum of the 
Black and Glenamong loads), a total of 5898 tons of DOC were exported into Lough 
Feeagh during the six study years. In other words, just under 1000 tons of DOC is 




Table 3.3 Estimated DOC load (t C km2 year -1) from the Black, Srahrevagh and Glenamong catchments between 2011 and 2016. *Totals were calculated 
as the area-weighted average for the Black and Glenamong sub-catchments only (which are in-flows to Lough Feeagh, the main lake shown in Fig. 1). 
Seasonal loads are linked to the years in the table header. Winter (D, J, F) = December, January, February etc. 
 
Catchment 2011 2012 2013 2014 2015 2016 
Black 18.5 15.2 12.0 12.6 17.3 14.5 
Srahrevagh 28.4 25.8 21.2 35.4 38.6 18.6 
Glenamong 18.5 15.0 11.6 12.6 16.3 14.4 
Total* 18.5 15.1 11.8 12.6 16.8 14.5 


































































































Winter (D, J, F) - - - 6.5 5.4 9.4 5.1 4.8 9.0 4.6 4.5 18.4 5.2 5.1 11.9 7.0 4.8 9.4 
Spring (M, A, M) 3.3 3.1 4.2 1.7 1.6 2.8 3.0 3.0 5.7 2.4 2.2 6.5 3.2 2.8 5.0 2.2 2.2 2.2 
Summer (J, J, A) 2.7 3.1 2.4 3.5 3.8 5.6 2.2 2.3 3.1 1.4 2.1 3.4 4.0 3.8 5.9 3.1 3.4 2.2 








This study highlighted the dominant influence of local and regional climate on water 
colour as a proxy for DOC levels. Weather related factors explained between 54 and 66 
% of the variability in all three sub-catchment datasets, and there was strong synchronicity 
in these climate signals across the Burrishoole catchment. It also showed, however, that 
despite this synchronicity, colour concentrations in one sub-catchment (the Srahrevagh) 
were significantly higher than the other two monitoring sites, a difference that was 
consistent over seasons and the six years of the study. Colour, and therefore DOC, in 
these headwater rivers probably originates almost exclusively from the surrounding 
catchment soils and the consistent difference in colour concentrations between each sub-
catchment during the study was most likely a function of individual sub-catchment 
properties such as the extent of peat within catchments (Hope et al., 1997a), land use 
(Findlay et al., 2001), local runoff (Dillon and Molot., 2005) vegetation type (Sobek et 
al., 2007) and the unique morphology and geology of the sub-catchment landscape 
(Moore, 1998). Forestry is also known to influence DOC release from soils and it has 
been observed that both afforestation and forest clear-felling result in increased DOC 
concentrations and that these increases may continue for several years after the initial 
event (Cummins & Farrell, 2003; Schelker et al., 2012) The extent of peat soils in the 
study catchments, the length of streams intersecting the peat, slope analysis and CORINE 
land cover may explain the higher levels of colour found in the Srahrevagh. However, an 
additional factor could be the distance between a given sampling point and the source of 
any coloured compounds. Dawson et al., (2002) previously observed decreases in TOC 
(both DOC and POC) concentrations in the Upper Hafren (a headwater stream in mid-
Wales) downstream from the source that were stated to be related to a decrease in peat 
depth with altitude, combined with in-stream processing of DOC. A similar process may 
contribute to the difference in concentration between the upstream Srahrevagh and 
downstream Black sampling points, although there are other studies that reported no clear 
decrease in DOC concentration as water travelled downstream (Temnerud & Bishop, 
2005; Creed et al., 2015;Winterdahl et al., 2016).  
3.5.2 Local climate effects 
The local climate effects identified in this study included strong positive linear 
correlations between colour concentrations in the three rivers and soil temperature. There 
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was also a consistent positive relationship between soil temperature and colour at the 
annual scale in the cross wavelet analysis. Soil temperature was common to all three 
GAMMs, and was the dominant explanatory variable, emphasising how dissolved organic 
carbon is released by peat soils via decomposition processes that are temperature 
dependant (Christ & David, 1996; Neff & Hooper, 2002). This temperature effect is 
complicated, however, by an interaction between peat decomposition and the water table 
level. Peat soils during low water level conditions show increased rates of decomposition, 
brought about by changes in the oxygen status within the peat and subsequent changes in 
the microbial community structures within the soil (Mäkiranta et al., 2009). The lowered 
water table reduces the hydrological connection i.e. the transport of DOC along active 
flow pathways in the soil. This breaks the connection between the source of DOC 
production and its eventual destination. Increasing temperature, therefore, will increase 
DOC production in the peat but only if the increase in temperature does not result in a 
large draw-down of the water table. The strong relationship displayed between soil 
temperature and water colour concentrations in the three rivers, and the significant and 
high common power with river colour at the yearly time scale in the cross-wavelet 
analysis, indicated that soil temperature was the primary driver of the seasonal pattern in 
water colour during the study period in this catchment. It is interesting to note that in 
general no relationship between seasonality and DOC concentration has been reported in 
some other studies (e.g. Winterdahl et al., 2014). However, these results are consistent 
with observations of DOC dynamics in some surface waters, where seasonal variation has 
been found to be the largest source of DOC variation in catchments with high DOC 
concentrations (Clark et al, 2010b; Ryder et al., 2014). Of note also were the strong 
similarities in the pattern in multi-annual trends of river colour and soil temperature, 
particularly in the first four years of the study where the pronounced sequential dip was 
observed in temperature and then in water colour, indicating as might be expected, that 
temperature also acts at a multi-annual scale.   
The relationship of colour with SMD in the Black and Srahrevagh optimal GAMM 
models indicated that as soil moisture decreased DOC concentrations also decreased. The 
cross-wavelet analysis indicated a significant continuous relationship at a yearly time step 
where SMD led colour by 90°, that is colour peaked after higher SMDs. More notably 
there were intermittent, shorter periods during the summer months, where the relationship 
between the two variables was consistently negative, in line with the GAMM results. The 
multi-annual trends in decomposed colour concentrations and SMD over the study period 
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also broadly confirmed this negative relationship, where lower colour concentrations 
corresponded with higher values in SMD. A drought effect has previously been reported 
in the Glenamong catchment, where low DOC concentrations in the river were associated 
with an extremely dry winter and spring during 2010 (Ryder et al., 2014). Hydrology has 
a direct control on DOC via its influence on soil residence time and transfer from soil to 
stream. For example, the transfer from more lateral drainage routes to vertical pathways 
with decreasing precipitation would consequently increase the potential for adsorption of 
DOC by ion-exchange complexes in mineral soil horizons (Moore & Jackson, 1989). 
There are also indirect effects of hydrology on DOC concentrations such as the 
availability of water for biogeochemical cycling, biological production and chemical 
controls on solubility (Clark et al., 2010a). Decreased DOC export has been observed 
from peat soils during drought conditions where the drawdown of the water table causes 
the oxidation of organic sulphur to sulphate (Clark et al., 2005; Daniels et al., 2008). This 
drought-induced soil water acidification reduces DOC solubility in soil water, and 
therefore concentrations. However, immediately following periods of dry weather or 
drought, pronounced increases in DOC concentrations have been observed in peatland 
streams (Watts et al., 2001). Ryder et al., (2014) also reported a significant step-change 
increase in DOC concentrations in the Glenamong sub-catchment during moderately wet 
conditions during the summer of 2010 following a very dry spring that year.  
River discharge was a significant explanatory variable in the optimum model for the 
Glenamong, and in alternative models for the Black and the Srahrevagh rivers, further 
emphasising the complex effects of hydrology on colour, and therefore DOC 
concentrations, in the catchment. The reasons why river discharge superseded SMD as an 
explanatory variable for the Glenamong are likely to be its more westerly location, with 
higher precipitation, and more mountainous topography. The effect of precipitation has 
been shown to operate at sub-catchment spatial scales and short temporal scales in the 
Burrishoole catchment. de Eyto et al., (2016) described the effects of an intense episodic 
rainfall event on the ecology of Lough Feeagh, where anomalous high amounts of rain 
fell in the east side of the catchment (the Black and Srahrevagh) while relatively moderate 
amounts were recorded in the west (the Glenamong). However, that event was not 
associated with any increase in water colour, while in contrast, Jennings et al., (2012) 
described a large increase in DOC concentrations in the Glenamong during increased 
precipitation in summer 2006. Short-duration high discharge events were also less likely 
to have been picked up at a weekly sampling regime of the current study. The GAMM 
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smoother for colour concentration in the Glenamong versus discharge showed that colour 
increases with increasing discharge to an optimum point where it levels off and even 
decreases slightly at very high discharges. The cross-wavelet time-series analysis 
between river colour and river discharge in the Glenamong indicates a significant 
continuous relationship at a yearly time step with colour concentrations leading discharge 
by 90°. This high common power relationship is however unlikely to be causal, since 
colour cannot result in changes in discharge, but emphasises the co-occurrence of 
seasonal patterns in both data sets.  
3.5.3 Regional climatic effects and the NAO 
The current study indicated variable results for the effect of NAO on water colour.  There 
was a negative relationship with the NAO indicated in both the GAMMs, and in the 
common power at an annual time step in the cross wavelet analysis, but also a lagged 
positive effect indicated in the plots of the multi-annual trends.  The effects of the NAO 
on the local climate and lake water temperatures have previously been described for the 
Burrishoole catchment (Jennings et al., 2000; Blenckner et al., 2007). Jennings et al., 
(2000) reported that a range of meteorological variables at two lake sites in the west of 
Ireland (Lough Feeagh, Co Mayo and Lough Leane, Co Kerry) were influenced by the 
winter NAO, including positive relationships with mean winter air temperature and 
surface water temperature, mean winter wind speed, and winter rainfall. These 
relationships were also apparent but to a lesser degree in the following spring and 
summer. Kiely (1999) also showed that positive phases of the winter NAO led to 
increased runoff in Irish rivers. During the construction of the GAMMs, both the weekly 
and monthly NAO index values were tested in the analysis. The models using the weekly 
data consistently explained more of the deviance in the model. This most likely reflects 
the proximity of the site to the Atlantic coast and the time frame over which weather 
systems associated with the NAO pressure difference generally reach the study location. 
Although the weekly NAO improved the optimum models by only between 2 and 4%, it 
was significant at the 99.9% level in all of the models. The smoothers for the weekly 
NAO in the GAMM’s indicated that colour decreased during positive phases of the NAO. 
This appears to be contrary to the literature for more northern sites whereby DOC has 
been shown to increase during positive NAO phases, a relationship that has been linked 
to higher winter precipitation (Nõges et al., 2007; Arvola et al., 2004).  However, some 
studies have also suggested that positive phases of the NAO during the summer are 
associated with warm and dry rather than warm and wet conditions over northwest 
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Europe, in particular the UK and much of Scandinavia (Folland et al., 2008). It is possible 
that this negative relationship was reflected in the strong effect on SMD on colour in the 
current study. However, the negative relationship apparent in the cross-wavelet time-
series analysis at the annual time step may also merely reflect the fact that both time series 
have seasonal patterns, but are not linked by any causal mechanism. Examination of the 
multi-annual trend of the decomposed NAO values also showed a large and sustained 
swing in the index to negative values, beginning in late spring of 2012 until spring of 
2013, with a subsequent return to positive values. Negative NAO values during the winter 
generally correspond to relatively cold and dry conditions, and dry weather was observed 
throughout 2013, reflected in the SPI Index, beginning during the winter of 2012/2013. 
Cold conditions were also confirmed by the sharp dip in the multi-annual trend of soil 
temperature observed during the same winter period. This overall trend was mirrored in 
the pattern in water colour but lagged by circa six months, suggesting that the NAO 
actually has a lagged but positive effect on water colour at this time scale. Further analysis 
with a longer multi-annual dataset would be required to explore the effect of the NAO on 
water colour and therefore DOC export at this site. 
3.5.4 Carbon export from the sub-catchments  
The minimum annual total DOC load from the Burrishoole catchment was 11.8 t C km2 
yr-1 in 2013 while the maximum was 18.5 t C km2 yr-1 in 2011, giving a range of 6.7 t C 
km2 yr-1 during the study period. This considerable variability in total annual load from 
the Burrishoole catchment was most likely linked to climate variability over the study 
period. For example the driest year of the study period, 2013, displayed the minimum 
yield. The estimated annual yields reported here are broadly in line with the 9.5 t C km2 
yr-1 and 13.7 t C km2 yr-1 estimated DOC export from the Glenamong sub-catchment in 
2010 and 2011 respectively (Ryder et al., 2014) and broadly within the ranges reported 
in other studies from peatland catchments (Clark et al., 2007; Koehler et al., 2009; Naden 
et al., 2010) 
3.6 Conclusions 
The results of this study emphasised how colour concentrations, and therefore DOC 
levels, respond to common climatic drivers which operate at both a local and regional 
scale. In the Burrishoole catchment, temporal changes in stream colour levels were driven 
by variation in soil temperature, hydrology (discharge and / or SMD), and by the NAO, 
an overarching regional climate pattern. These effects lead directly to variability in 
aquatic DOC concentrations in the sub-catchments that will ultimately affect the carbon 
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budget of the downstream receiving waters of Lough Feeagh. The results presented here 
serve to further strengthen the well-established link between climate and aquatic carbon 
concentrations in peatland catchments, and the vulnerability of blanket peatlands to 
climate change.   
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4.0 Late Summer Peak in PCO2 Corresponds With Catchment 
Export of DOC in a Temperate, Humic Lake 
 
A note on the collaborations associated with the work described in this chapter: 
The following chapter is based on the following paper, Doyle B.C, de Eyto E, McCarthy 
V, Dillane M, Poole R, Jennings E. (2021). Late summer peak in pCO2 corresponds with 
catchment export of DOC in a temperate, humic lake. Inland Waters, (In Review). For 
this paper Brian Doyle collected manual CO2 lake measurements, quality-controlled a 
range of environmental and meteorological datasets, researched and analysed data and 
was the primary author of the paper. Eleanor Jennings, Elvira de Eyto and Valerie 
McCarthy supervised the research, provide advice on statistical analysis and assisted with 
manuscript exiting. Mary Dillane and Elvira de Eyto maintained environmental 
monitoring equipment and datasets used in this study.  Russell Poole, provided editing 
advice. 
4.1 Abstract 
It is now widely recognised that many lakes are supersaturated with CO2 and play an 
import role as net emitters of this greenhouse gas to the atmosphere.  Lakes in humic 
systems also play a key role in the processing and fate of organic carbon (OC) mobilised 
from their catchments.  At present, however, knowledge of lake OC dynamics in 
temperate lakes, especially those with maritime climates, is limited. The generally wet 
and cloudy conditions coupled with the relatively benign temperatures exert a significant 
influence on mechanisms of OC capture, storage and processing on the west coast of 
Ireland. Here, we examine a high-frequency dataset of partial pressure of CO2 (pCO2) in 
the surface waters of Lough Feeagh collected over one year, along with an allied set of 
environmental explanatory variables. The annual pattern in pCO2 ranged between 491 and 
1169 µatm, and was found to be strongly related to allochthonous OC inputs from the 
incoming rivers. In contrast to observations from lakes in colder climates where snowmelt 
often drives pCO2 seasonality, a single peak in pCO2 occurred in Lough Feeagh in early 
September. Generalised additive mixed modelling revealed that two variables, inflow 
water colour concentration (a reliable proxy for DOC concentrations) and lake Schmidt 
stability together explained 68% of pCO2 variability. Both the statistical analysis and the 
concurrent timing of the peak in inflow DOC with the peak in pCO2 strongly suggested 
that catchment carbon export drove pCO2 supersaturation in the lake, and hence CO2 
emission. We estimated that between 217 and 370 t CO2-C  (0.55 – 0.94 t CO2-C / ha) as 
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CO2 was emitted from the lake during the study period. These results highlight the 
interplay that exists between catchment OC fluxes and climate in determining pCO2 
dynamics in maritime temperate lakes.  
4.2 Introduction 
Lakes actively process terrestrial carbon and, as a consequence, are important emitters of 
greenhouse gas (GHG) to the atmosphere (Cole et al., 2007; Tranvik et al., 2009; 
Bastviken et al., 2011; Deemer et al., 2016).  The contribution from lakes and 
impoundments has been estimated to be equivalent to almost 20% of global 
anthropogenic fossil fuel emissions and range between 503 Tg CO2-C yr
-1 and 810 Tg 
CO2-C yr
-1 (DelSontro et al. 2018). When rivers and streams are included in these 
calculations the contribution from freshwater systems in their entirety increases to 2.1 Pg 
C yr-1 (Raymond et al., 2013). Factors such as nutrient status, lake hydrology and 
morphology, catchment properties and climate are known to determine lake carbon 
processing and cycling characteristics (Tranvik et al., 2009; Lewis Jr, 2011; 
Weyhenmeyer et al., 2015).  
Soil OC tends to accumulate in areas where precipitation dominates over potential 
evaporation by a ratio of about 3:1 and subsequently primary production exceeds the 
decomposition of soil organic matter (Wieder & Vitt, 2006). This imbalance in accrual 
over decomposition for soil OC is particularly common in temperate maritime climate 
zones and results in the accumulation of peat soils (Moore & Bellamy, 1974). These peat 
soil accumulations occur as blanket bog, common in Ireland and Scotland, reflecting the 
strong influence of the Atlantic Ocean in both countries (Coll et al., 2014). Blanket 
peatlands are recognised as being under threat from excessive erosion due harvesting, 
burning and grazing (Renou-Wilson et al., 2011) and climate change (Gallego-Sala & 
Prentice, 2013). Freshwater aquatic systems in these carbon-rich peatland environments 
are the principal conduits along which OC is conveyed to the ocean (Hope et al., 1997; 
Tipping et al., 1997; Ryder et al., 2014).  Whilst there is a large amount of literature 
focused on carbon processing in upland peatland streams (Hope et al., 1997; Jones & 
Mulholland, 1998; Dawson et al., 2004), less is known about carbon processing and pCO2 
dynamics of peatland lakes within temperate maritime climate zones. 
There are approximately 12,200 lakes greater than 0.001 ha (10 m2) in the Republic of 
Ireland, with a total cumulative lake surface area of 1,288 km2 or 1.8 % of the total land 
area (Dalton, 2018).  Geographically, the greatest concentrations of lakes are in the 
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northwest and west of the country (Dalton, 2018).  This spatial concentration of lakes in 
Ireland overlaps, to a great extent, with catchments that are dominated by blanket 
peatland, as peatlands are also spatially biased towards the west of Ireland.  It is important, 
therefore, to gain a better understanding of lake C processing within this geographical 
setting and in peatland catchments in temperate regions generally.  
Lake epilimnetic pCO2 is driven by the interplay of numerous drivers over a range of 
timescales, however, central to the process are photosynthesis and respiration (Dodds & 
Cole, 2007).  Variation in pCO2 at daily time scales is predominantly linked to biological 
activity in the water column.  Primary producers in lakes fix inorganic C during 
photosynthesis, thus reducing water column pCO2 (Williamson et al., 2009). Conversely, 
the oxidation of OC during respiration by both heterotrophic and autotrophic organisms 
increases lake water column pCO2 (Cole et al., 1994; Jonsson et al., 2001). The observed 
diel variation of pCO2 in lakes occurs as a result of the continuous oscillation between 
both photosynthesis and respiration during the day and respiration only at night (del 
Giorgio et al., 1997; Sobek et al., 2005; Huotari et al., 2009).  Physical processes may 
also cause diel variation in pCO2, for example, convective night-time mixing causes 
upwelling of deeper CO2-rich water as a result of differences in air temperature between 
day and night (Åberg et al., 2010). The drivers of pCO2 may also be abiotic, such as 
sunlight-related photochemical reactions (Bertilsson & Tranvik, 1998), wind-related 
water column mixing (Czikowsky et al., 2018), and discharge-related direct CO2 inflow 
to the lake from rain events, surface water and groundwater (Jonsson et al., 2007).   
When considering the variation of pCO2 at longer, multi-seasonal time scales, other 
factors become important. As biological processes, both photosynthesis and respiration 
are directly affected by hydrologically driven inputs of dissolved or total OC (DOC/TOC) 
(Jonsson et al., 2003; Weyhenmeyer et al., 2012a; Lapierre & del Giorgio, 2012), 
inorganic C from the catchment (Weyhenmeyer et al., 2015; Wilkinson et al., 2016) and 
factors such as the temperature and nutrient status of the water column (Dodds & Cole 
2007). Any given lake will function as either a net source of CO2 to the atmosphere (when 
the water is supersaturated with CO2 with respect to the atmosphere), or as a sink of CO2 
from the atmosphere (when the water is CO2 under-saturated) (Tranvik et al., 2009) 
depending on the relative rates of these biological processes within each system. Lake C 
inputs are sensitive to regional climate variation such as variations in precipitation 
(Rantakari and Kortelainen, 2005; Marotta et al., 2010), temperature (Staehr & Sand-
Jensen, 2007) and also to individual lake and catchment-related properties such as area, 
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morphometry, productivity and land use (Roehm et al., 2009; Staehr et al., 2012; Maberly 
et al., 2013; Raymond et al., 2013; Ferland et al., 2014).  
High resolution pCO2 datasets have been used to explore lake and reservoir C processing 
dynamics in boreal (Laas et al., 2016; Denfeld et al., 2018), temperate (Morales‐Pineda 
et al., 2014) and tropical (Junger et al., 2019) climates. To the best of our knowledge there 
are no similar published studies for peatland lakes within temperate maritime climate 
zones. Lough Feeagh’s geographic setting within a peatland-dominated catchment and 
temperate maritime climate zone on the west coast of Ireland make it an interesting case-
study from a carbon dynamics perspective. Previous studies suggest that OC is stored in 
abundance in the surrounding catchment soils and continuously supplied to the lake, 
driven mainly by the catchment’s hydrologic regime (e.g. Ryder et al., 2016; Doyle et al., 
2019). Within-lake OC processing is not disrupted during the winter as the lake does not 
ice-over due to the relatively warm winters experienced locally. We presume therefore, 
in contrast to boreal or temperate - continental climate lakes, that there is no major OC 
release in the spring during an ice-out or turnover event. The almost continual tracking of 
Atlantic weather-fronts over the region, bringing cloud and wind, generally ensures a 
relatively weak stratification during the summer months and a mixed water column for 
the rest of the year (de Eyto et al., 2016; Andersen et al., 2020). The turbulence of the 
lake, in combination with the relatively cool summers are also in direct contrast to many 
studied boreal and temperate-continental lake systems where calm conditions and hot 
summers predominate.  
Using data from an in-situ CO2 sensor deployed in this temperate humic lake in the maritime 
temperate region of Europe, we investigated temporal changes in pCO2 in the lake surface 
water over one year.  We assessed the relationships between these changes and a range of 





Figure 4.1 Geographical position of Lough Feeagh and the location of the Automatic 
Meteorological Station and lake and river monitoring stations.  Flow direction is from 







Our aims were (1) to investigate the temporal variation in pCO2 between February and 
November 2017, a 10-month study period; (2) to determine the principal environmental 
drivers of pCO2 in the system; and (3) to calculate the magnitude of CO2 evasion from the 
lake over the study period. We hypothesised that the lake was net heterotrophic and 
supersaturated with CO2 due to high year-round inputs of coloured allochthonous OC from 
the catchment which would both stimulate ecosystem respiration and restrict net ecosystem 
production. We also hypothesised that pCO2 in the lake would peak during the late summer 
and early autumn, responding to the regular, strong, annual peak in DOC concentrations 
observed in the main catchment streams entering the lake in previous studies (Ryder et al., 
2014; Doyle et al., 2019; Jennings et al., 2020).  
4.3 Materials and Methods 
4.3.1 The Study Site 
The Burrishoole, research station, run by the Irish Marine Institute, is a centre for the study 
of diadromous aquatic species such as salmon, sea trout, and eel in the North Atlantic (e.g. 
McGinnity et al., 2009; de Eyto et al., 2016a; Poole et al., 2018). As a key element of this 
research, the Marine Institute maintains a network of high resolution instrumentation in the 
catchment in tandem with a program of long-term ecological monitoring 
(http://burrishoole.marine.ie ).  Essential to the present study was the use of data from this 
network of high resolution monitoring equipment, especially the automatic biogeochemical 
sensors deployed throughout the catchment. The multi-seasonal and high-frequency data 
sets captured during the study were critical for assessing pCO2 dynamics and examining the 
processes underlying them (Hanson et al., 2006).   
Lough Feeagh (53°56′44′′ N, 9°34′40′′ W, Figure 4.1) is a freshwater lake located at the 
base of the Burrishoole catchment (~ 84 km2). It has an area of 3.92 km2 and mean and 
maximum depths of 14.5 m and 46 m respectively (Table 4.1).  The two main inflows into 
Lough Feeagh are the Black and the Glenamong Rivers which supply the lake with most of 
its water. There are two short outflows from the lake, named the Millrace and Salmon Leap. 
Both channels are approximately 200 m in length and drop approximately 10m in elevation 
over this distance. Both outflows discharge to Lough Furnace, a tidal lagoon to the south of 
Feeagh, before entering the sea through a tidal estuarine river.  The catchment displays a 
flashy hydrological regime, mainly due to the temperate maritime climate and subsequent 
high temporal variability of rainfall. Frontal Atlantic rain systems continually cross the 
catchment and on occasion, extreme storm events may cause dramatic flooding (de Eyto et 
al., 2016; Kelly et al., 2020). The Newport Met Éireann automatic weather station, located 
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between Lough Feeagh and Lough Furnace (Figure 4.1) and operating since 2005, recorded 
an average annual rainfall of 1533 mm year-1 (± 182 mm SD) between 2005 and 2017. 
Long-term average monthly rainfall at the station indicates that the driest month is generally 
April (mean monthly total: 85 mm) while December is the wettest month of the year (mean 
monthly total: 168 mm). The temperate maritime climate in the region manifests in both 
mild winters and summers with mean a December-February 2005-2018 air temperature of 
6.0 °C and a mean June-August 2005-2018 air temperature of 14.3 °C (Met Éireann - 
www.met.ie). The area also experiences a regular diurnal sea breeze with mean wind speeds 
of approximately 5 m s-1 (Kelly et al., 2018).  
The Environmental Protection Agency (2005) has defined twelve categories of Irish lakes 
using three separate factors: alkalinity, depth and size. Under this system, Lough Feeagh 
is classified as low alkalinity (< 20 mg l-1 CaCO3), deep (> 4m average depth and >12m 
maximum depth) and large (> 0.5 km2). The lake is considered oligotrophic (Table 4.1), 
with low productivity associated with low phosphorus and nitrogen, and humic, with 
highly coloured water resulting in a mean Secchi disk depth of 1.7 m (e.g. Caldero et al., 
2020). The two main rivers supplying the lake, the Black and the Glenamong rivers, have 
alkalinities in the order of 15–20 and -2.7 to 7.5 mg l-1 CaCO3 respectively. These ranges 
(< 35 mg l-1 CaCO3) categorise the rivers as being of soft water chemistry and the 
catchment geology bedrock as being effectively 100% siliceous (EPA 2005). 
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Table 4.1 Location and General Characteristics of Lough Feeagh & the Burrishoole 
Catchment 
 
General Characteristics of Lough Feeagh 
 
 
Characteristics of Burrishoole Catchment 
 
Latitude /    
Longitude                 
 
53° 56’ 44” N  
9° 34’ 40”W 
 
Latitude   




Lake Area (km2) 3.92 Area (km2) 18.2 
Maximum Depth (m), Mean 
Depth (m), Mean Volume (m3) 
46, 14.5, 5.9 × 
107 
Geology Quartzite and schist, also 
interbedded volcanics, 
marble, dolomite, and  
schist 
 
Mixing type Monomictic Blanket Peat (%)   52                       
Mean Retention Time (yr) 0.47 Forestry (%) 15 
Chl a (µg l-1) 0.52  ̶  2.01 Minimum Altitude (m) 8 
Secchi depth (m) 1.0  ̶  2.2 Maximum Altitude (m) 710 
 
Water Characteristics of L. Feeagh 
 
 
Water Characteristics of Burrishoole Rivers 
  Black Glenamong 
     
pH range* 6.5  ̶  7.4 pH range* 4.0 – 8.0 3.5 – 7.3  
Colour (mg PtCo l-1) 62   ̶ 114 Colour (mg PtCo l-1) 15 – 257 24 – 211 
DOC (mg l-1) 7.7  ̶  11.7 DOC (mg l-1) 2.3 – 25.8 3.6 – 21.5 
Total Phosphorous (µg l-1) 4.8  ̶  10.1 - - - 
Total Nitrogen (mg l-1) 0.13  ̶  0.78 - - - 
Mean discharge (m3 s-1) 4.37  Mean discharge (m3 s-1) 3.56 0.67 
Water temperature range (°C) 5.3 – 18.8 Water temperature range (°C) -0.05–26 -0.03-26 
 
     
 
The land cover in the Burrishoole catchment was reported by Doyle et al. (2019), from a 
study using CORINE data, as comprising 52% blanket peat, 15% forestry and the 
remaining 33% being made up of transitional woodland and scrub, natural grasslands and 
agricultural land.  The catchment topsoils are predominantly humic, with blanket 
peatlands covering upland slopes and high-carbon content soils including poorly-drained 
gleys, podzols and alluvial soils on the valley floors (May & Place, 2005).  
4.3.2 pCO2, Meteorological and Ancillary Measurements 
An Automatic Water Quality Monitoring System (AWQMS) on Lough Feeagh, 
positioned over the deepest point of the lake (46 m), collects and transmits high frequency 
sensor information to the Marine Institute’s research station (Figure 4.1) via GPRS 
(http://burrishoole.marine.ie). pCO2 in the lake water was measured at the AWQMS every 
15 minutes using a membrane covered optical carbon dioxide sensor (AMT 
Analysenmesstechnik GmbH, Joachim-Jungius-Strasse 9D-18059 Rostock, Germany) 
suspended at one-meter depth. The sensor was deployed on 16th February 2017 until 05th 
December 2017 and ran continually except for three data-gaps of 95, 216 and 77 hours in 
August, October and November, respectively. A multi-parameter sonde (Hydrolab DS5, 
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OTT, Kempton, Germany), deployed on the AWQMS at 0.9 m below the water surface, 
measured pH, specific conductivity (mS cm-1), temperature (°C), and dissolved oxygen 
(DO) (mg L-1 and %) every 2 minutes for the same period. Vertical temperature profiles 
below the AWQMS were measured during the study period using a chain of 12 platinum 
resistance thermistors (PRTs: Lab facility PT100 1/10DIN 4 wire sensor, 
www.labfacility.co.uk, Labfacility Ltd., Bognor Regis, UK). The chain spanned the full 
water column with sensors at depth intervals of 2.5, 5, 8, 11, 14, 16, 18, 20, 22, 27, 32, 
42 m, all recording every two minutes.  Sensors on the AWQMS were cleaned fortnightly, 
and DO on the multi-parameter sonde was calibrated once per month. 
An array of instruments on the surface platform of the AWQMS measured meteorological 
parameters. Wind speed and direction were measured with Vector Instruments A100L2-
WR and W200-P-WR respectively (www.windspeed.co.uk, Windpeed Ltd., Rhyl, North 
Wales, UK), and photosynthetically active radiation (PAR) was estimated using a 
pyranometer (Kipp & Zonen CMP6 www.kippzonen.com). Pyranometer data (W m-2) 
was converted to PAR by multiplying by 0.45 (45% of the light measured by a 
pyranometer falls into the PAR region) and converting to µmol m-2 s-1 (1 W m-2 = 4.6 
µmol m-2 s-1). Lake water level (m) was recorded every 15 min using an OTT Hydrometry 
Orpheus Mini water level logger (https://www.ott.com).  Air temperature (°C), air 
pressure (hPa), solar radiation (kWh m−2), relative humidity (%), daily rainfall amount 
(mm) and mean soil temperature (°C) measurements were available from an automatic 
meteorological weather station (AWS), operated by Met Éireann (www.met.ie) and 
situated at the Marine Institute’s research station (Figure 4.1).  
In addition to the data described above, manual river water samples were taken at weekly 
intervals from the two main rivers entering the lake, the Black and Glenamong, and one 
river exiting the lake, the Millrace. These were analysed for true water colour (mg PtCo 
L−1) within hours of sampling using a HACH Dr 2000 spectrophotometer at 455 nm on 
water filtered through Whatman GF/C filters (pore size: ca. 1.22 µm). Wavelength 
accuracy was ± 2 nm from 400 to 700 nm. DOC (mg L−1) concentration was estimated 
from water colour concentration (Pt Co mg L−1) using a linear model developed between 
water colour and DOC from the Glenamong River between April 2010 and September 
2011 (Ryder, 2015). There was a strong linear relationship between colour and DOC (r2 
= 0.88, p ≤ 0.001, n = 366), indicating that water colour measurements are a good proxy 
for DOC concentrations in the catchment rivers.  
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4.3.3 Data collation and analysis  
Continuous in situ measurements of surface water CO2 concentrations were used to 
estimate CO2 emission (F-CO2, mmol m
-2 d-1) from the lake by applying the following 
equation (Cole & Caraco 1998): 
F-CO2 = k [CO2 water    ̶   CO2 sat] 
 
(1) 
where k is the gas transfer velocity (cm h-1), CO2 water is the CO2 concentration in the water 
(μatm L-1); and CO2 sat is the CO2 concentration at equilibrium with the atmosphere, 
calculated from Henry’s constant (Weiss, 1974). For CO2 sat a constant pCO2 in 
equilibrium with the atmosphere of 400 μatm was assumed (http://co2now.org/). The gas 
transfer velocity k was estimated from k600 values derived from wind speed based on the 
following formula as described by Cole & Caraco (1998); 
 k600 = 2.07 + 0.215 U10 
1.7  (2) 
  
where k600 is the gas transfer velocity at 20 °C (cm h
-1) and U10 is the wind speed over the 
lake at 10m height (ms-1). A temperature-dependent Schmidt number (defined as the 
kinematic viscosity of water divided by diffusion coefficient of the gas) for CO2 was 
calculated according to Jähne et al., (1987) using the following equation; 
Sc = 1841 × e 
(-0.0549 × t)  (3) 
  
where Sc is the Schmidt number and t is the water temperature in °C. The Schmidt number 
was used to recalculate k600 (Wanninkhof, 1992) using the following equation;  
k  = k600 / (600 / Sc) 
-0.66  (4) 
 
In addition to the Cole & Caraco (1998) model used to estimate gas transfer velocity (k), 
we also report CO2 emissions using an alternative bilinear approximation model 
described by Crusius & Wanninkhof (2003).  
Raw data from the instruments on the AWQMS and the water level recorders were 
visually checked, cleaned and adjusted where necessary by referring to the Marine 
Institute’s maintenance logs and using Hydras 3 v10.1software 
(www.ott.com/products/software-solutions/ott-hydras-3-basic). Any outliers identified in 
the data were removed, drift that could be attributed to biofouling of sensors between 
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calibration periods (particularly in the DO dataset) was corrected using the sliding 
correction feature in Hydras 3. Indices of lake physical structure (Schmidt stability and 
Brunt-Väisälä buoyancy frequency) were calculated using the r Lake Analyzer package 
1.11.4.1 (Winslow et al., 2014) through R 3.6.2 (R Core Team, 2019). Schmidt Stability 
was calculated as defined by Schmidt (1928) as the amount of work required to transform 
a waterbody to a uniform density.  The Brunt–Väisälä frequency, or simply 
buoyancy frequency, measures fluid stability against vertical displacements such as those 
caused by convection (Gilmour, 1973). 
An estimate of the autochthonous C contribution was calculated using primary 
productivity in the lake. Daily estimates of Gross Primary Production (GPP), Respiration 
(R), and Net Ecosystem Production (NEP) were made using the R Lake Metabolizer 
package (Winslow et al., 2016), applying the maximum likelihood estimate method, a 
process-error-only model with parameters fitted via maximum likelihood estimation 
(Solomon et al., 2013). Lake Metabolizer was run with a 2-minute time step over the 
study period where data (DO, water temperature, PAR, and wind speed) were available, 
producing estimates of daily GPP and R (O2 mg m
−2 d−1), and NEP (GPP − R). Negative 
values of GPP and positive values of R were removed from the dataset on the assumption 
that the model fit was poor or that some other process not included in the model was 
acting that day (e.g., physical entrainment of O2 from other depths). 
Comparing the lake CO2 flux with NEP on a daily scale was used to provide insight into 
the contribution of aerobic in-lake metabolism to the net CO2 efflux. Daily NEP values 
(O2 mg l
−1 d−1) were converted to aerial units (O2 mg m
−2 d−1) and converted to CO2 
assuming a respiratory quotient of 1. The daily CO2 amounts were summed over the study 
period and the estimated mass of C is reported. 
The DOC load to the lake over the study period was calculated for the Black and 
Glenamong sub-catchments by multiplying the calculated river discharge volume for each 
week by the weekly estimated DOC concentration using water colour data converted to 
DOC concentration, and summing the totals. 
4.3.4 Predictors of pCO2 dynamics 
To identify the principal explanatory drivers of pCO2 in the lake, a generalised additive 
mixed model (GAMM), with cubic regression smoothing splines and q Gaussian 
distributions, was developed using the mgcv package (Wood, 2006) in R, version 3.6.2, 
(R Core Team, 2019). Variance inflation factors (VIFs) greater than 3 were used to 
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exclude closely related variables (Montgomery & Peck, 1992; Zuur et al., 2009). All 
models were tested for violations of the assumptions of homogeneity, independence and 
normality, and correlation or variance structures were included as appropriate using the 
protocol described in Zuur et al., (2009). The response variable was the lake pCO2 data. 
Potential explanatory variables included a set of climatic, hydrological and lake metabolic 
data. As water colour was available at a weekly time-step only, weekly means were 
calculated for all other variables for each sampling week. The climate variables included 
were mean air temperature (◦C), total daily precipitation (mm day-1), wind speed (m s−1), 
relative humidity (%), air pressure (hPa) and solar irradiance using a pyranometer (W m-
2). Hydrological and metabolic explanatory variables included lake level (cm), 
conductivity (mS cm-1), dissolved oxygen (mg l-1), pH, chlorophyll a (RFU), colour in 
the Black River (mg L-1 PtCO), Gross Primary Production (GPP-mg O2 L-1 d-1), 
Respiration (R-mg O2 L-1 d-1), Net Ecosystem Production (NEP-mg O2 L-1 d-1), Schmidt 
Stability, and Thermocline depth (m).  
The original 15-minute pCO2 dataset was converted to a mean hourly time-step and 
examined using seasonal trend decomposition using loess (STL) (Cleveland et al., 1990) 
in R (R Core Team, 2019), however, no periodicity in the dataset was uncovered. A 
manual decomposition technique, previously described by Morales-Pineda et al., (2014) 
was applied to the hourly pCO2 dataset, based on two frequencies that were assumed, a 
priori, to show maximum lake pCO2 variation. The two chosen frequencies were 24 hours 
and 48 hours, the former frequency highlighting the variation in pCO2 due to 
photosynthesis and the latter frequency highlighting pCO2 variation caused by weather 
events. Storm event durations in the Burrishoole catchment average 54.0 hours during the 
winter and 46.4 hours during the summer (Andersen et al.,, 2020), which was rounded to 
48 hours to encompass the entire year. The daily component (pCO2 
daily) was calculated 
by removing the 24-hour moving average (24 h avg) from the hourly pCO2 dataset 
(equation 3). The 48-hour component (pCO2 
48hr) was calculated by removing the 48-hour 
moving average (48 h avg) from the 24-hour moving average (equation 4). The remaining, 
seasonal component (pCO2 
seasonal) was calculated by removing the pCO2 time series data 





daily = pCO2    ̶   24 h avg (3) 
pCO2 
48hr = 24 h avg   ̶   48 h avg (4) 
pCO2 
seasonal = 48 h avg  ̶   pCO2 avg (5) 
The hourly pCO2 dataset can be described mathematically as:  
pCO2  = pCO2 avg +  pCO2 
seasonal + pCO2 





Figure 4.2. A = Average daily pCO2 (black line) within daily maximum and 
minimum (shaded area), B = River inflow and outflow colour concentrations (black 
line = Black River, grey line = Glenamong River, dashed line = Millrace outflow), 
C = Catchment OC load in tones DOC to the lake. D = Schmidt Stability, E = 
Average daily wind speed (black line), average weekly wind speed (orange line) 




4.4.1 Data Overview 
From a possible total of 43,020 separate measurements, 39,456 valid pCO2 measurements 
at 15-minute resolution were taken during the 303-day study period (11th February 2017 
to 11th December 2017). Data gaps accounted for 8.3% of the total data set, with three 
main gaps occurring between 10th and 14th August (95 hours), 11th and 20th October (216 
hours) and between 19th and 22nd November (77 hours). pCO2 ranged from a minimum of 
491 µatm, recorded on 10th May to a maximum of 1,169 µatm recorded on the 10th 
September. The average pCO2 for the whole study period (± SD) was 803 ± 122 µatm and 
the lake was supersaturated throughout the study period. The pCO2 had a general seasonal 
cycle, with lower values in earlier part of the record, reaching a maximum value in the 
autumn.  Concentrations climbed steadily during the first three months, from around 600 
µatm in early February, reaching concentrations of just over 800 µatm in the latter part of 
April (Figure 4.2A). Concentrations then declined sharply for three weeks, with 
concentrations just above 500 µatm being recorded in the second week of May. From this 
low point, concentrations climbed and plateaued at around 750 µatm until the end of July. 
They then climbed steadily, reaching a maximum in early September with values of over 
1,100 µatm. Thereafter, there was a decline to around 800 µatm in late November.  
Mean water colour concentrations in the two rivers entering the lake, the Black and the 
Glenamong, were 109 (± 54 SD, n = 44) and 96 (± 43 SD, n = 44) mg PtCo L−1 
respectively (Figure 4.2B). Maximum and minimum values of 236 and 19 mg Pt Co L−1 
were recorded in the Black, while those for the Glenamong were 216 and 31 mg Pt Co 
L−1. Temporally, the colour concentrations in both inflowing rivers were broadly 
synchronous over the study period. From February until the beginning of May, colour 
concentrations in the Black and Glenamong averaged 71 and 63 Pt Co L−1, respectively. 
Minimum colour concentrations for both inflowing rivers during the study period were 
recorded in early May which also corresponded with a minimum lake level recorded at 
this time. Colour concentrations recovered rapidly from this low point in late spring, 
climbing to the maxima recorded for the two rivers, in mid to late August (Figure 4.2B).  
The Schmidt Stability of Lough Feeagh began to climb in early April and reached a peak 
of approximately 250 J m-2 at the start of June. Schmidt Stability values fell back and did 
not peak again until mid-July. From this point, values fell until around mid-September 
when the lake was fully mixed and Schmidt Stability values remained at 0 for the 
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remainder of the study period (Figure 4.2C). Greater peaks of wind-speed were noticeable 
during January and February and also during September. A calm period also occurred 
during late April and early May and coincided with the onset of thermal stratification 
(Figure 4.2D).   
Water temperature at the lake surface ranged between 5.3 ℃ (27th February) and 18.8 ℃ 
(17th July) with a mean water temperature of 12.3 ℃ ± 3.3 SD over the study period. 
Temperature averaged just over 16 ℃ during August and declined steadily to 
temperatures around 7.7 ℃ at the end of the study period. The water column in the lake 
was mixed until 19th of April when thermal stratification commenced. The lake was 
thermally stratified until 20th September when the water column began to mix following 
a series of storm events (Figure 4.2E).   
The water level in the lake fluctuated considerably over the study period, responding to 
periods of high and low rainfall in the catchment. A maximum level of 1.19 m was 
recorded on 18th March and a minimum level of 0.18 m was recorded on the 12th May. 
The mean lake level was 0.47 m (± 0.18 SD) and the overall level of the lake varied by 
1.01 m over the study period (Figure 4.5B). An estimated total DOC load to the lake of 
1182 t C during the study period (11th February to the 11th December) was calculated for 
the Black and Glenamong sub-catchments. 
Estimated carbon emission as atmospheric CO2 from the lake surface varied depending 
on the model applied. Using the Cole and Caraco (1998) model, emissions ranged from 
2.8 to 195.0 mmol C m-2 d-1 (mean = 28.1 ± 15.5 mmol C m-2 d-1), and using the model 
proposed by Crusius and Wanninkhof (2003) emissions ranged from 0.5 to 83.1 mmol C 
m-2 d-1 (mean = 16.5 ± 8.2 mmol C m-2 d-1) (Figure 4.3A). The total estimated carbon 
emission over the study period from the lake was 369.6 t C using the Cole and Caraco 
(1998) and 216.9 t C using the Crusius and Wanninkhof (2003) models. The estimated 
emissions, therefore, represent 31.3% or 18.3% of the calculated DOC load entering the 
lake depending on the model applied. 
NEP (GPP−R) was found to be predominantly negative, which is in agreement with the 
almost continuous O2 under-saturation observed throughout the study period. Daily NEP 
values (mmol O2 m
2-1 d−1) (Figure 4.3B), converted to CO2 assuming a respiratory 
quotient of 1, and summed over the study period, were estimated to amount to 67.92 t C. 
This is considered to be the contribution of aerobic in-lake metabolism to the net CO2 
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efflux and equates to between 18.3 and 31.3 % of the total C emission to the atmosphere 
during the study period, depending on the model applied. 
 
Figure 4.3 A = Water to air fluxes of CO2 from Lough Feeagh during the study period. 
The dark black line corresponds to Crusius and Wanninkhof (2003) bilinear relationship 
and the grey line corresponds to Cole and Caraco (1998) power relationship, the fluxes 
equate to 217 and 370 t C respectively. B = Net Ecosystem Production (NEP) during the 
study period.  Daily NEP converted to CO2, summed over the study period and assuming 
a respiratory quotient of 1, were estimated to amount to 67.92 t C.  
 
4.4.2 Predictors of pCO2 dynamics 
The optimal GAMM for pCO2 in Lough Feeagh included two significant smoothers, 
colour concentrations in the Black River and Schmidt stability of the water column in 
Lough Feeagh. This model explained 67.8 % of the variance in pCO2 over the study period 
(Table 4.2). The smoother for colour concentration in the Black River indicated a linear, 
positive relationship with pCO2, showing that in general, the pattern of pCO2 follows the 
inflowing water colour concentrations over the course of the study period (Figure 4.4A).  
The relationship between Schmidt stability and pCO2 in the lake was more complicated, 
with the smoother showing a wave-like pattern (Figure 4.4B). The pattern indicated that 
there was a positive relationship between pCO2 and Schmidt stability when the lake was 
fully mixed and Schmidt stability values were close to zero. However, as Schmidt stability 
values increased above approximately 100 J m-2 the relationship with pCO2 became 
81 
 
negative. At Schmidt stability values above 250 J m-2 the relationship between the two 
variables became positive again. An alternative model, using solely colour concentration 
in the Black River versus pCO2, results in an r
2 value of 0.60, indicating that this 
explanatory variable explains approximately 60 % of the variance in the optimal model 
and confirms that colour in the Black River, and by proxy DOC from the surrounding 
catchment, is most important driver of pCO2 in the model. 
 
Table 4.2 Results of generalised additive mixed model (GAMM) applied to pCO2 in 
Lough Feeagh over the study period in 2017. The (s) refers to the scaled smoother for 
each explanatory variable. Black_col refers to colour concentrations in the Black River 
and Schmidt.stability refers to the Schmidt stability of Lough Feeagh during the study 
period. 
 
pCO2 – Black River                                                                                  R-sq. (adj) = 0.678   Scale est. = 4276.2  
n = 44 
 































p - value 
s(black_col) 1.000 1.000 61.801 1.47× 10-
10 






Figure 4.4 Selected smoothers for the contribution of explanatory variables for the 
optimal GAMM explaining pCO2 in the Lough Feeagh: (A) colour concentrations in the 
Black River, (B) Schmidt explanatory variable with the variable name followed by the 
estimated degrees of freedom (edf) within the parentheses stability in Lough Feeagh. 
The solid line is the smoother, and the shaded area shows the 95 % confidence bands. 
The y axis units are the scaled smoother (s) for each 
 
4.4.3 pCO2 Time-Series Decomposition  
The mean hourly pCO2 signal was decomposed into three temporal components, a 24-
hour or daily component pCO2
daily (Figure 4.5A), a 48-hour component pCO2
48hr (Figure 
4.5B), and a seasonal component, pCO2
seasonal (Figure 4.5C).  Following careful visual 
inspection of the pCO2
daily data, no strong, regular pattern of diel variation was observed 
(suggesting variation in pCO2 due to photosynthesis), except during one 4-week long 
period between April and May. This period is shaded and marked as S1 in Figure 4.5A. 
83 
 
During this period, a strong and regular trend of diel pCO2
daily variation is apparent in the 
time-series, and is synchronous with an extended period of sunny and calm weather (i.e.  
high pyranometer values and wind speeds below about 4 m s-1). Large dips and spikes in 
the pCO2
daily component can be observed from the end of June to around mid-August, 
however these variations appear to be random in time and when viewed alongside the 
wind and lake-level data, they appear to be related to individual storm events.  
The duration of the 48-hour component was chosen to highlight how storm events might 
affect pCO2 variability. Many of the major dips and spikes in the pCO2
48hr data appeared 
to be synchronous with peaks of wind speed and abrupt rises in lake level following heavy 
rain, and are highlighted as shaded areas (Figure 4.5B). The seasonal component, 
pCO2
seasonal shows the pCO2 variability when both the 24-hour and 48-hour components 




















Figure 4.5. Decomposition of the original pCO2 signal to, Panel A = Daily pCO2 component (pCO2
daily) and Pyranometer (lower right axis). Shaded 
section (S1) highlights a period where diurnal periodicity is evident. Panel B = 48 hour pCO2 component (pCO2
48hr) with Wind Speed (upper right axis) 
and Lake Level (lower right axis). Areas shaded highlight peaks in pCO2
48hr with concurrent peaks in either Wind Speed or Lake Level.  Panel C = 20 
Seasonal pCO2 component (pCO2
seasonal).  Note – Shaded areas were identified by visual examination.  Power for pCO2 component is at the seasonal 




Freshwater aquatic systems, including lakes, are recognised as important regulators of 
carbon transport and transformation along the continuum of inland waters (Cole et al., 
2007; Tranvik et al., 2009; Raymond et al., 2013; Engel et al., 2019).  It has also been 
shown that many are net contributors of C to the atmosphere (Cole et al., 1994; Bastviken 
et al., 2011). The pCO2 levels that we report here confirmed that Lough Feeagh was 
continuously emitting CO2 during the course of the study. More interesting, however, was 
the temporal pattern of pCO2 in Lough Feeagh, which had a peak in late summer /early 
autumn with levels then dropping again towards winter. To our knowledge, this pattern 
has not been reported from other climate zones where data were available over the annual 
cycle. For example, in Boreal climate zones, pCO2 has been observed to generally peak 
twice during the year, once following ice melt when CO2 is released having built up 
beneath the ice during the winter (Ducharme-Riel et al., 2015), and again in autumn when 
lake mixing brings CO2 rich bottom water to the surface (Ojala et al., 2011; 
Weyhenmeyer, et al., 2012b; Finlay et al., 2019). Ice formation on Lough Feeagh is an 
extremely rare and brief occurrence due to the temperate maritime climate of the region 
and the hydrological pattern therefore differs considerably from boreal sites, with highest 
inflows throughout the autumn-winter and into early spring.  
Surface water pCO2 in Lough Feeagh did not fall below 491 µatm at any time during the 
measurement cycle. At 803 µatm, mean lake pCO2 was approximately double that of 
atmospheric CO2 levels in 2017 (http://co2now.org/).  Surprisingly, given the humic 
status of the lake, the mean pCO2 values from Lough Feeagh were, however, on the lower 
end of the scale when compared with directly measured pCO2 values reported from other 
climate zones. In a study of temporal dynamics of pCO2 in two Mediterranean reservoirs, 
for example, mean concentrations of 695 and 1529 µatm were reported using high-
frequency data over the summer months (Morales-Pineda et al., 2014). In boreal climate 
zones, a total of 33 lakes in Sweden, sampled four times during the year, had a mean pCO2 
of 1762 µatm (Sobek et al., 2003) and a more recent study by Yang et al., (2015) reported 
mean pCO2 of 1100 µatm in 75 lakes in Norway and Sweden that were sampled once 
during July and August.  
Two other studies showed pCO2 similar to those in Lough Feeagh. Larsen et al., (2011) 
presented mean pCO2 levels of 774 µatm for 112 lakes in Norway that were sampled once 
in October, while mean pCO2 of 631 µatm were reported by Roehm et al., (2009) from a 
3-year sampling campaign of 78 Boreal lakes in Canada. The majority of the lakes in that 
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latter study were, however, sampled on one occasion during the summer or early autumn. 
Only one other study that presented lake pCO2 in temperate maritime zones was found in 
the literature. Whitfield et al., (2011) reported median pCO2 in the region of 1080 µatm 
for 121 lakes in Ireland, in a study where each lake was again sampled only once during 
the early summer.  Twenty of the lakes from that study were found to be undersaturated. 
Although most of the sampled lakes were situated in peatland catchments, they were also 
much smaller than Lough Feeagh (median = 2.0 ha) and predominantly located above 
200 m in altitude. The results of our study suggest that the timing of the one-off sampling 
period in the Whitfield study coincided with a period of the year that pCO2 would have 
been lower. 
In Lough Feeagh, pCO2 was observed to climb steadily during the summer, during the 
time when the lake was stratified (Figure 4.2A and 4.2F). Conversely, in studies from 
other climate zones, the onset of lake thermal stratification has been reported to suppress 
pCO2 in the epilimnion by reducing the volume of water in which mineralisation of 
allochthonous OC can occur (e.g. Jonsson et al., 2007). Also, in boreal and continental 
temperate climates, lake thermal stratification generally coincides with periods of low 
discharge which result in a reduction of allochthonous C inputs to lakes. During their 
study in a boreal lake, for example, Jonsson et al., (2007) reported an anomalous high-
rainfall/discharge event in late July where a large input of DOC-rich water entered the 
lake, causing a spike in pCO2 which declined slowly. The authors noted that typical, low 
discharge pCO2 levels were not reached until one month after the peak discharge was 
recorded. It is our assumption that the high rainfall regime experienced at Lough Feeagh 
results in the lake being continuously ‘topped up’ with allochthonous C from the 
surrounding catchment throughout the year. This can be observed by the relatively high 
loading of DOC to the lake (Figure 4.2B and 4.2C) (Ryder et al., 2014; Doyle et al., 2019). 
We suggest that this almost constant and regular OC supply allows pCO2 in Feeagh to 
climb even during the main period of thermal stratification.  
One of the most striking features in the pCO2 time-series for the study year was the sharp 
decrease that occurred between mid-April and mid-May, where values dipped to 491 
µatm, the minimum values recorded over the study period (Figure 4.2A). This period of 
sharply supressed pCO2 coincided with a 30-day rain-free period, a relatively rare 
occurrence in this catchment, and corresponded to minimum values for the lake-level 
gauge. River colour concentrations in the inflowing rivers also dropped to their lowest 
levels during this period. The coincident reduction of pCO2, water colour and discharge 
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highlights the connectivity between catchment hydrology and OC availability in this lake. 
During such low-discharge periods, the lowered water-table and processes such as 
drought-induced acidification serve to break the connection between the source of DOC 
production, the surrounding peatland soils, and its destination, the catchment’s aquatic 
continuum (Clark et al., 2005). A drought effect has previously been reported in the 
Glenamong catchment for early summer, whereby low river DOC concentrations were 
associated with a dry weather event (Ryder et al., 2014). For the 30-day period described 
here, we assume that the lake’s epilimnion was increasingly deprived of allochthonous C 
inputs and pCO2 in the lake dropped accordingly. However, pCO2 in the lake rapidly 
rebounded following the return of rain in mid-May.  
Following peak pCO2 observed in early September, where concentrations reached over 
1100 µatm, they declined relatively quickly to concentrations of between 800 and 900 
µatm. Interestingly, this period of declining pCO2 coincided with the breakdown of 
thermal stratification in the lake. In other climate zones, downward epilimnion expansion 
has been associated with an increase in pCO2, when CO2 contained in the hypolimnion is 
released. For example, Morales-Pineda et al., (2014) reported increasing pCO2 in one 
Spanish reservoir during early autumn as downward epilimnion expansion facilitated 
release of CO2 trapped beneath the thermocline. We suggest that as bio-available C was 
not limited in the epilimnion of Lough Feeagh during the period of breakdown of thermal 
stratification, there was no major spike in pCO2 at that time.   
A link between diel variations in pCO2 and solar radiation due to the changing day-night 
balance between production and respiration has been well described in the literature 
(Carignan, 1998; Hanson et al., 2006; Huotari et al., 2009). However, the expected, 
regular pattern of increase in pCO2 during the night, as respiration dominates production 
in plankton metabolism, appeared only sporadically in the Lough Feeagh record. Careful 
visual examination of the daily pCO2 component (pCO2
daily) and concurrent wind-speed 
and pyranometer data indicated that these distinct diel fluctuations only occurred at times 
when wind speed remained consistently below about 4 m s-1 and solar radiation levels 
were high, when conditions were calm and sunny. Such conditions did not occur often 
during the study period, but did between mid-April and mid-May, and gave rise to a strong 
diel pCO2 signal at that time, with sharp peaks in pCO2 at night and dips during the day. 
This strong signal notably occurred during a period when overall pCO2 levels in the lake 
were falling sharply. Our results show that the regular diel pCO2 oscillation reported from 
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water bodies in other climate zones (e.g. Morales-Pineda et al., 2014) were generally 
intermittent and weak in Lough Feeagh over the study period.  
The two main predictors of pCO2 dynamics in the lake were colour concentrations in the 
incoming Black River and the Schmidt Stability of the lake water column. The optimal 
model explained 67.8 % of pCO2 variance during the study period and the relationship 
between colour in the Black River and pCO2 in the lake was positive and linear (Figure 
4.4 A). This result suggests a close dependence between input of allochthonous DOC and 
heterotrophic respiration in Lough Feeagh. A regular pattern of strong, annual peaks in 
colour / DOC concentrations during the late summer / early autumn were found in a 
recent, six-year long, study on colour concentrations in the main streams entering Lough 
Feeagh (Doyle et al., 2019). These peaks were found to be predominantly driven by soil 
temperature in the catchment and to a lesser extent by soil moisture levels, stream 
discharge and climate. It was especially notable in the current study that the annual peak 
of colour/DOC in both the Black and Glenamong rivers corresponded closely to the 
annual peak pCO2 levels in the lake (Figure 4.2A). There have been numerous studies, 
mostly from northern, boreal lakes, that highlight the relationship between the biological 
mineralisation of allochthonous carbon and excess CO2 in lake waters (e.g. del Giorgio 
& Peters, 1994; Sobek et al., 2003; Duarte & Prairie, 2005; Lapierre et al., 2013). 
The Schmidt Stability of Lough Feeagh generally follows a predictable and regular 
pattern every year, closely following the solar cycle and peaking in July (de Eyto et al., 
2016). It was notable, however, that the annual peak in Schmidt Stability was not 
synchronous with the annual peak in pCO2. Presumably it is the offset in timing between 
the peak in the Schmidt Stability of the lake and the peak in pCO2 that gives rise to the 
complicated relationship that is evident in the model (Figure 4.4B). Also of note is the 
absence of any in-lake or autochthonous drivers of pCO2 variability in the optimal model. 
While daily estimates of lake GPP, R and NPP were included as explanatory variables 
they were excluded from the final model as they were not statistically linked to pCO2 
variability in the lake over the study period. The estimate of autochthonous-derived C 
also shows that primary production in the lake contributed between approximately 18 and 
31 % of the total OC mineralisation.  
The pCO2
48hr data shows strong variation at this time step and much of the variation 
appears to be concurrent with storm events that occur over a similar time duration in the 
catchment.  Although elevated wind speeds may have supressed variability of pCO2 over 
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a daily time period, it appears to be a significant forcing factor over longer time periods. 
Visual examination of the pCO2
48hr graph, in conjunction with wind speed, showed that 
many of the larger peaks in pCO2 corresponded to wind speed peaks. Presumably during 
these storm events, downward expansion of the epilimnion released pCO2 in the 
hypolimnion, rapidly increasing pCO2 levels. A similar episodic relationship between 
wind speed and pCO2 was described by Morales-Pineda et al., (2014) in two reservoirs in 
the south of Spain. Variability in pCO2
48hr also appears to be linked with major rainfall 
events in the catchment (Figure 4.5B). A repeated pattern of pCO2 variation appears with 
these rainfall event, whereby there is an initial dip of pCO2 as fresh water arrives in the 
lake, followed immediately by a sharp peak of pCO2. The initial dip in pCO2 may be 
explained by the rapid dilution of the epilimnion and the subsequent peak occurs as a 
result of increased respiration as the bacterial and planktonic communities responds to 
the pulse of DOC and nutrients from the catchment.  
Estimating the water-to-air fluxes of C from pCO2 provides important information on the 
carbon budget of the lake and is useful when comparing with other freshwater systems. 
Two air-water flux (F-CO2) models, one described by Cole & Caraco, (1998) and a 
bilinear approximation model described by Crusius & Wanninkhof (2003) were applied 
to hourly-averaged pCO2 over the study period. Both models are based on empirical 
relationships between gas transfer velocity and wind speed and are commonly used to 
calculate F-CO2. Carbon emission estimates from the lake varied considerably depending 
on the model applied. The total estimated mass of carbon emission over the study period 
almost doubled in size between the Crusius & Wanninkhof (2003) and the Cole & Caraco 
(1998) models at 217 t and 370 t C, respectively (Figure 4.3). It must be noted that both 
models were developed based on empirical measurements from small, wind-sheltered 
lakes in the boreal climate zone of North America, and as such are not entirely comparable 
to the more exposed conditions at Lough Feeagh. However, in an examination of pCO2 
dynamics in two reservoirs in southern Spain by Morales-Pineda et al., (2014), these two 
models were also applied and in that case the Crusius & Wanninkhof, (2003) model was 
found to more accurately capture F-CO2 dynamics in their systems. In particular, short 
spikes in F-CO2 were linked to allied decreases in pCO2 during windy events, processes 
that were not accurately captured by the Cole & Caraco, (1998) model. This result perhaps 
signals that the Crusius & Wanninkhof, (2003) model may be a better fit when applied to 
more turbulent systems, such as Lough Feeagh. The estimated total DOC load to the lake 
of 1182 t C during the study period is equivalent to a catchment load of 14.7 t C km2, and 
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is comparable to previous load estimates to the lake from the catchment (Doyle et al., 
2019).  
There is a dearth of data on C processing in Irish lakes, which is unfortunate given that 
there are over 12,000 lakes in the Irish Republic covering approximately 1.8 % of the 
land surface. Their role in C processing and C emissions to the atmosphere is vastly 
disproportionate to their surface coverage, particularly as the majority of Irish lakes are 
located in humic, high soil OC catchments. Lake C emissions are not captured in national 
emissions budgets for Ireland (EPA, 2019), and we consider that this study greatly 
improves on existing knowledge and will assist with constraining national CO2 emission 
inventories. However, further work is required on lakes within a range of sizes, trophic 
states and morphometries in order to form a broader, regional understanding of pCO2 
dynamics and CO2 emissions. 
4.6 Conclusions 
This investigation of temporal variation in pCO2 highlighted the role of the local temperate 
maritime climate on the temporal dynamics of lake pCO2, and the potential for use of high 
frequency data to inform on these patterns. Most importantly it showed that lakes in these 
regions can have a very different temporal pattern to sites in boreal and continental 
regions, with late-summer autumn peaks that are driven predominantly by catchment 
inflows of carbon and changes in thermal stratification. Both of our hypotheses were also 
confirmed; that ecosystem respiration exceeded primary production in the lake and that 
pCO2 peaked in the early autumn, coinciding with an annual DOC concentration peak in 
the incoming rivers. Our investigation also showed that the lake was supersaturated with 
CO2 and was a net emitter of CO2 to the atmosphere during the study period. We consider 
that this study contributes to lake carbon cycling literature by broadening the 
understanding of the interactions between lake pCO2 dynamics and climate. 
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5.1 Abstract 
Lakes play a key role in the global carbon cycle, transporting, processing and storing 
organic carbon (OC) along the land-ocean aquatic continuum. There are, however, 
surprisingly few complete lake OC budgets, particularly for certain lake types and 
geographical areas. An OC budget for Lough Feeagh (Ireland), an oligotrophic, peatland 
lake in a temperate oceanic location, was estimated for one year using both direct 
measurements and elements calculated from literature.  It was constructed as a simple 
mass balance model that constrained the key OC processing rates. The total OC input to 
the lake during 2017 was estimated to be 2544 t C, of which 51% was imported as 
dissolved OC (DOC) in surface water, 4% in ground water, 1% in rainwater, and 3% was 
fixed in the lake as net ecosystem production. The remaining 41% was carried into the 
lake as particulate OC (POC) in surface water. The total C exported was estimated to be 
2689 t C, of which 49% and 12% were exported as DOC and POC in the surface water 
outflow respectively, 28% was deposited as sediment and 11% was mineralised and 
emitted as CO2 to the atmosphere. The excess of estimated export over import was 
attributed to year to year carryover. The results highlight the substantial volume of OC 
turned over in the lake during the study period. Moreover, it emphasises how lakes in 
temperate, humic systems, common in the west of Ireland, are important to the processing 






Lakes are dynamic and active landscape components that in most cases are net emitters 
of inorganic carbon to the atmosphere (Arvola et al., 2002; Raymond et al., 2013; 
Weyhenmeyer et al., 2015) as well as process, transport and store organic carbon derived 
from their surrounding catchments (Cole et al., 2007; Tranvik et al., 2009; Tanentzap et 
al., 2017). While lakes are important in terms of global C cycling, there are surprisingly 
few complete and fully balanced lake OC budgets (e.g. Cole et al., 1989; Sobek et al., 
2006; Hanson et al., 2014b) and as such there is considerable uncertainty surrounding 
lake OC processing. The need for a more complete understanding of how lakes are 
integrated within the global C cycle is increasing, particularly in the context of a warming 
planet with ever increasing focus on Greenhouse Gas (GHG) emissions. Global estimates 
of the emission of CO2 from lakes and reservoirs is 0.32 Pg (petagrams) C yr
−1 (Raymond 
et al., 2013) while the rate at which C is stored in bottom sediments is estimated to range 
between 0.02 and 0.25 Pg C yr−1 (Mendonça et al., 2017). However, these estimates carry 
quite a large degree of uncertainty and therefore studies of OC dynamics, such as the 
work presented here, that constrain the most important lake fluxes and storage terms will 
increase the understanding of lake OC cycling and its influence on global C budgets 
(Hanson et al., 2015; Reed et al., 2018).  
Most lake OC budget studies have been carried out within boreal regions (e.g. Jonsson et 
al. 2001; Andersson & Kumblad, 2006; Andersson & Sobek, 2006; Sobek et al., 2006) or 
northern continental regions (e.g. Hanson et al., 2004; Dillon & Molot, 2005; Buffam et 
al., 2011), resulting in a geographical bias in global estimates towards these regions. To 
address this bias to some extent, the following study presents an OC budget for Lough 
Feeagh, a lake within a temperate maritime climate zone. Temperate maritime climate 
zones (Köppen, 1936) are strongly influenced by the ocean, thus maintaining relatively 
steady temperatures ranges across the seasons but also experiencing substantial 
precipitation. The high volumes of rainfall, especially in upland areas on the western 
fringes of Europe, assist in forming catchments with elevated soil carbon levels and 
moorland landscapes dominated by blanket peat soils (Renou-Wilson et al., 2011). The 
completion of a lake OC budget within this geographical and climate setting not only 
provides valuable insights of peatland catchment OC dynamics, it also informs on 




Budgets or mass balances are used as a tool to inform on carbon or nutrient transfers in 
lakes, and include estimates for all inputs, outputs, and changes to standing stocks in the 
water column and sediments (Pace & Lovett, 2012).  By constraining and quantifying key 
rates and fluxes, a greater understanding of the lake trophic state in terms of carbon, i.e., 
autotrophy vs. heterotrophy may be gleaned. On a broader scale, the role that the lake 
plays as a storage and transformation site of OC in the landscape may also be better 
understood (Buffam et al., 2011). Inputs to lake OC budgets include allochthonous 
(externally derived) dissolved and particulate OC (DOC and POC respectively) carried in 
suspension in inflowing surface and in groundwater sources. Also included in these inputs 
are allochthonous inputs from precipitation, and wind-blown litter fall from the lake 
shore. Organic C budgets may also include autochthonous (internally derived) DOC and 
POC from organisms such as bacteria (Kawasaki & Benner, 2006), phytoplankton (Engel 
2020), and zooplankton (Bruce et al., 2006). There are three possible fates for this OC 
within the lake: mineralisation to inorganic carbon, burial in lake sediments, and export 
via surface water. In Figure 5.1, a simplified allochthonous OC budget of a lake is shown. 
The diagram outlines the individual pathways of allochthonous OC into the lake and the 
three possible fates for this OC. The OC budget presented here is constructed from both 
observational data that informs estimates of certain fluxes, in combination with process 
rates, taken from literature. The main terms or processes that comprise lake OC budgets, 
namely allochthonous and autochthonous inputs, sedimentation, mineralisation and 





Figure 5.1. Diagram showing the principal fluxes of OC in this study. The 
allochthonous OC loads and fates that were either measured directly or calculated from 
literature values are shown. Red dashed lines show the autochthonous components OC 
in the lake. NEP was estimated for the study, however individual autochthonous 
components were not.  
 
All externally derived OC to the lake, including terrestrial DOC and POC from surface 
and groundwater inflows, windblown vegetation including leaf litter and pollen, and 
direct-fall precipitation are considered allochthonous inputs. Direct DOC concentration 
measurements of inflow stream water, when available, is perhaps the most obvious 
method of ascertaining allochthonous DOC surface water inputs (e.g. Jonsson et al., 2001; 
Urban et al., 2005; Klump et al., 2009), but alternative approaches have also been reported 
and include OC input loads based on water colour (Doyle et al., 2019), watershed area 
(Sobek et al., 2006), input load estimates based on literature values (Striegl & 
Michmerhuizen, 1998), input load estimates based on precipitation volumes (Staehr et 
al., 2010), or input load estimates based on land cover and hydrological flow path analysis 
(Canham et al., 2004).  Studies that have directly measured OC inputs to lakes via 
groundwater discharge are rare as accurate measurement is difficult to achieve (Hanson 
et al. 2014b). Atmospheric OC loads from leaf and litterfall and in rainfall are typically 
small in proportion to the overall loads and are generally estimated as a function of lake 
size and literature based loading coefficients (Hanson et al., 2004). 
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Autochthonous, or in-lake DOC and POC originates mainly through photosynthesis by 
primary producers, however bacterial exudates are also known to be a source (Cole, 
1999). Ecosystem level estimates of gross primary production (GPP) are difficult to 
measure, therefore net primary production (NPP) — calculated as GPP minus autotrophic 
respiration —  is generally measured as an alternative (Pace & Lovett, 2012). Reported 
methods of estimating NPP include high frequency measurements of dissolved O2 or CO2 
concentrations (Cole et al., 2002; Staehr et al., 2010) and bottle incubations (Yang et al., 
2008). Åberg et al., (2004) calculated NPP by estimating biomass proportions out of the 
overall OC pool.  Other approaches include developing statistical relationships between 
lake temperature and total phosphorus (Hanson et al., 2004) and chlorophyll a (Jonsson 
et al., 2001; Ramlal et al., 2003).   
Lakes can act as a reservoir of global C stocks through the process of long-term burial of 
POC in lake sediments. Knowledge of this process is very important when considering 
global C cycling rates, and it is also critical for our understanding of lake processing of 
allochthonous and autochthonous POC (Tranvik et al., 2009; Mendonça et al., 2017). The 
process of POC burial in lakes has been linked to a number of factors including POC 
particle size distributions and water column POC concentrations that control settling 
rates. In addition, sediment density, particle size, lake hydrodynamics and 
biogeochemistry that affect both settling rates and resuspension are also important factors 
in POC burial (Downing et al., 2008; Xu et al., 2013). Approaches to estimating sediment 
accumulation rates include using lake sediment cores (Klump et al., 2009; Heathcote & 
Downing., 2012), sediment traps placed near the lake bed (Jonsson et al., 2001; Ramlal 
et al., 2003; de Eyto et al., 2016), bathymetry (Downing et al., 2008), or lake area 
functions (Hanson et al., 2004; Canham et al., 2004). Accurate measurements of sediment 
accumulation rates are particularly difficult to estimate as they are known to vary, both 
spatially and temporally, while the data are mostly gathered from single point sources. 
This carbon sink could be especially important in peatland dominated catchments, 
however as noted earlier, OC budgets from lakes in these regions are scarce. Also, it is 
important to note that lake sedimentation estimates also include both allochthonous and 
autochthonous OC sources.  
An important fate of OC is mineralisation or respiration which results in CO2 
supersaturation in the water column of many lakes (Cole et al., 1994; Sobek et al., 2003). 
Water column CO2 supersaturation has mostly been attributed to the mineralisation of OC 
in excess of lake primary production (Cole et al., 1994). Quantifying in-lake 
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mineralisation as an OC flux is particularly challenging, and most studies have depended 
on laboratory investigations to predict ecosystem rates (Hanson et al., 2011). Lake CO2 
emission may be estimated, with some uncertainty, from surface water partial pressure, 
however this measurement does not accurately translate into within-lake OC process rates 
(Hanson et al., 2014a). While CO2 emission estimates serve to constrain lake OC 
mineralisation rates, a variety of other processes such as photolysis of OC and inflows of 
dissolved inorganic carbon (DIC) may also contribute to CO2 emissions. One solution, 
employed by a number of lake OC budget studies (e.g. Hanson et al., 2011; Hanson et al., 
2014a; McCullough et al., 2018) is to apply a temperature-dependent mineralisation rate, 
based on literature values from bottle incubation experiments, to estimate the 
allochthonous and autochthonous OC mineralisation flux.   
Allochthonous and autochthonous OC that is not buried in lake sediments or mineralised 
is exported via surface water (Cole et al., 1984). The surface water export of OC 
represents lateral allochthonous inputs to downstream aquatic systems, therefore this flux 
is an important process in ecosystem C cycling (Kling et al., 2000). OC export flux is 
predominantly a function of the hydrology of a lake system and can, for example, be 
calculated from lake DOC concentration, lake volume and hydrologic residence time 
(Hanson et al., 2014a).  
In this study, a simple mass balance of OC is presented for Lough Feeagh over one 
calendar year. It was calculated using observational data from the catchment together with 
values from the literature. Using the approach outlined above, we aimed to use the budget 
to answer four principal questions, the answers to which will provide valuable insights 
into carbon cycling in peatland catchments in temperate maritime climate zones. The 
questions are; 1. how is the allochthonous OC import load partitioned among sources? 2. 
what is the magnitude of the autochthonous load to the lake? 3. what is the balance 
between the three fates of OC in the lake, namely, storage, mineralisation and export? 4. 
what are the implications of the study in terms of catchment scale C processing? 
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Figure 5.2 Map showing the geographical location of Lough Feeagh and the position of 





5.3 Materials and Methods 
5.3.1 The Study Site 
The study was conducted in Lough Feeagh, a humic lake in western Ireland (53°55′N, 9°34′ 
W) located at the base of the Burrishoole catchment (~ 84 km2) (Figure 5.2). Lough Feeagh 
has a surface area of 3.92 km2, maximum and mean depths of 14.5 m and 46 m respectively 
and a volume of 5.9 x 107 m3. The lake water is highly coloured (c. 80 mg l-1 PtCo) with a 
mean Secchi disk depth of 1.7 m, due to a high content of land-derived DOC (mean DOC 
= 8.82 mg l-1). The lake water is also slightly acidic (pH = c. 6.7) with low alkalinity (< 20 
mg l-1 CaCO3) (de Eyto et al., 2016).  
The two main inflows into Lough Feeagh are the Black River (catchment area = 48.3 km2), 
located to the north of the lake, and the Glenamong River (catchment area = 17.5 km2), 
located to the northwest of the lake, which supply the lake with most of its water. There are 
also seven ungauged first and second order streams on the eastern and western flanks of 
Lough Feeagh that discharge directly to the lake (catchment area = 18.2 km2). There are 
two short outflow rivers at the south of the lake, the Millrace and the Salmon Leap, each of 
which are less than 200 m in total length. Both outflows discharge into Lough Furnace, an 
estuarine tidal lagoon, before entering the sea through a tidal river (Figure 5.2). The 
theoretical water retention time (volume/annual average discharge) of the lake is 172 days 
(de Eyto et al., 2016).  Land cover in the Burrishoole catchment comprises 52% blanket 
peat, 15% forestry and the remaining 33% being made up of transitional woodland and 
scrub, natural grasslands and agricultural land (Doyle et al., 2019). The bedrock geology 
on the western side of the catchment is predominantly quartzite and schist, while on the 
eastern side, quartzite and schist are interleaved with veins of volcanic rock, dolomite and 
wacke, leading to higher buffering capacity and aquatic production. Soils and sub-soils in 
the catchment comprise poorly drained gleys, peaty podzols and blanket peats (de Eyto et 
al., 2020).  
 
The Newport (Furnace) Met Éireann automatic meteorological station (AMS), located 
between Lough Feeagh and Lough Furnace and operating since 2005, recorded an average 
annual rainfall of 1533 mm year-1 (± 182 mm SD) between 2005 and 2017. The temperate 
maritime climate in the region manifests in both mild winters and summers with mean air 
temperature from December to February (2005-2018) of 6.0 °C and from June to August 
(2005-2018) of 14.3 °C (Met Éireann - www.met.ie). The area also experiences a regular 
diurnal sea breeze with mean wind speeds of approximately 5 m s-1 (Kelly et al., 2018), that 
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are frequently interrupted by storm events originating from the Atlantic throughout the year 
(Andersen et al., 2020). The hydrological regime in the catchment is distinctly spatey, due 
to the temperate oceanic climate and subsequent high variability of rainfall. Frontal Atlantic 
rain systems continually cross the catchment and on occasion, extreme storm events may 
cause dramatic flooding (de Eyto et al., 2016; Kelly et al., 2020).  
 
5.3.2 Lake allochthonous C budget calculation 
The OC budget for Lough Feeagh was calculated over 1 year, from the 1st January 2017 
to 31st December 2017.  The lake organic carbon budget used in this study was based on 
the following equation adapted from Hanson et al., (2011):  
I + A  =  S + R + E   (1) 
  
where I is allochthonous import to the lake, A is autochthonous contribution, S is 
sedimentation, R is mineralisation (respiration plus photo-oxidation), and E is export 
from the lake. 
5.3.3 Lake allochthonous carbon import 
The OC import to the lake was calculated as the sum of the stream water inflow of DOC 
and POC, groundwater inflow, precipitation and aerial input from the lake perimeter. To 
estimate the surface water inflow of DOC, manual river water samples were taken at 
weekly intervals from the two main rivers, the Black and Glenamong, within 1 km of the 
point where they enter the lake (Figure 5.2 – ARMS = automatic river monitoring station). 
Water samples were also taken at weekly intervals from one river exiting the lake, the 
Millrace (Figure 5.2). The samples were analysed for true water colour (mg PtCo L−1) 
within hours of sampling using a HACH Dr 2000 spectrophotometer at 455 nm on water 
filtered through Whatman GF/C filters (pore size: ca. 1.22 µm). Wavelength accuracy 
was ±2 nm from 400 to 700 nm. Water colour measurements have been found to be a 
good proxy for dissolved organic carbon (DOC) concentrations in the sub-catchment 
rivers.  DOC (mg L−1) concentration was estimated from water colour concentration 
(PtCo mgL−1) using a linear model developed between water colour and DOC from the 
Glenamong River between April 2010 and September 2011 (r2 = 0.88, p ± 0.001, n = 366) 
(Ryder, 2015). The DOC load to the lake over the study year was calculated for the 
Glenamong sub-catchment by multiplying the calculated river discharge volume for each 
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week by the weekly estimated DOC concentration and summing the totals. The discharge 
for the Glenamong (Qg) was estimated using water level data which were converted to 
volume of discharge per second (m3 s−1) using a site-specific rating curve (Marine 
Institute, unpublished data). Water level was recorded every 15 min over the study period 
using an OTT Hydrometry Orpheus Mini water level logger (https://www.ott.com).  No 
reliable rating curve was available for the Black River or for the smaller, seven ancillary 
streams that discharge directly to Lough Feeagh (Figure 5.2). Discharge from these 
sources were estimated using the drainage area ratio method based on the Glenamong 
discharge using the following equation (Hirsch, 1979).  
 
Qb  =  (Area of Black & Ancillary Catchment / Area of Glenamong Catchment) × Glenamong Discharge (2) 
 
Summing the Glenamong and the Black river (and ancillary streams) discharges (Qg + Qb 
= Qin) allowed the estimation of  the surface water discharge to the lake.  The calculated 
weekly Black river (and ancillary rivers) discharge volumes were multiplied by the 
weekly estimated DOC concentrations (calculated from weekly Black river colour 
measurements) to calculate the DOC import.  The estimated DOC import from the 
Glenamong and the Black rivers, and ancillary catchment stream, were summed to 
calculate the total catchment DOC load to the lake over the study period. 
5.3.4 POC in surface water inflow to the lake 
The surface water inflow of POC was estimated from data collected using an automatic 
nephelometer (Chelsea Scientific Minitracka mk II nephelometer (www.chelsea.co.uk, 
Chelsea Technologies Group Ltd., West Molesely, UK), that was deployed in the 
Glenamong ARMS (Figure 5.2).  The nephelometer provided high resolution in-situ data 
on the turbidity of the stream water, which may be used as a proxy for suspended sediment 
(SS) concentrations. A relationship between the millivolt output of the nephelometer and 
the measurements of river water SS concentration was quantified for the Glenamong 
sensor, using five serial dilutions of a spiked water sample. Sediment from the river bed 
and proximate river bank was used to spike the sample, creating a highly turbid water 
sample, following the methodology described by Rymszewicz et al., (2017). The 
nephelometer was suspended in each of the five dilutions in the field while still attached 
to the field logger, and the logger output (in mV) over 10 minutes was recorded.  Each 
serial dilution was then transferred to the laboratory for quantification of the SS 
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concentration and loss on ignition (LOI) following the method of Moore & Chapman 
(1986). Filter papers (47 mm GF/C with a 1.2 µm pore size) were ashed in a furnace for 
2 hours at 550 ℃ and placed in a desiccator. 200 ml of sample water was filtered through 
the pre-weighed filter papers, which were placed in a 100 ℃ oven for 24 hours. The filter 
papers were re-weighed once they had reached room temperature and then placed back in 
the furnace at 550 ℃ for 3 hours and re-weighed to give an LOI estimate. A linear rating 
curve was then developed for the millivolt output of the nephelometer and the river water 
SS concentration (n = 5, R2 = 0.99).  Loads of SS at an hourly time step were estimated 
by multiplying the mean hourly Lough Feeagh inflow river volumes (Qin) (see section 
below) by the mean hourly Glenamong estimated SS concentrations using the 
nephelometer data. The mean organic content of the SS load was estimated to be 83% 
using LOI data from a range of suspended sediment samples taken between 2010 and 
2017 (n = 189). The organic portion of SS was converted to POC based on the measured 
carbon content of the organic fraction of SS for the Burrishoole catchment, a figure of 
44.7 % calculated by Sparber (2012).  
5.3.5 Inflow of DOC in groundwater to the lake 
The mass load of C from groundwater to the lake was estimated from the product of the 
concentration of DOC in groundwater and the volume of groundwater entering the lake. 
The exchange of groundwater with Lough Feeagh was estimated using the following 
volumetric water balance equation (Hood et al., 2006): 
ΔS = ∑Qin + P – E – Qout + QGWin – QGWout (3) 
 
 where ΔS is the change in lake storage, ∑Qin is the sum of incoming stream water, P is 
precipitation, E is evaporation, Qout is outgoing stream water, QGWin is incoming 
groundwater, and QGWout is outgoing groundwater. Direct surface runoff to the lake is 
not included in equation (1) as it was not deemed significant for Lough Feeagh. Since 
groundwater inflow and outflow were not measured directly, the water balance equation 
was simplified to: 
ΔS = ∑Qin + P – E – Qout + Qres (4) 
 
where Qres, the groundwater residual, is the net amount of groundwater inflow or outflow 




Qres = (∑Qin + P – E – Qout ) – ΔS (5) 
 
The groundwater residual for Lough Feeagh was calculated using Equation 6 for the study 
period. The method for estimating lake water inflow volumes (Qin) has been described 
above. The term P (Direct Precipitation) was calculated by multiplying the daily rainfall 
(mm) recorded at the Newport (Furnace) AMS by the lake surface area (m2). Evaporation 
(E) was calculated using net shortwave and longwave radiation, wind speed, relative 
humidity, air temperature and surface water temperature following Woolway et al., 
(2015). 
Lake water outflow volume (Qout) was calculated using a streamflow ratings curve (R
2 = 
0.97) described by Kelly et al., (2020) between the lake level and measurements of river 
flow in the Salmon Leap and the Millrace, the two outflows that exit Lough Feeagh. Lake 
level measurements (m) were recorded every 15 min over the study period using an OTT 
Hydrometry Orpheus Mini water level logger (https://www.ott.com).  
DOC concentrations were measured at a monthly time-step in groundwater samples taken 
from three wells proximate to the lake between June 2016 and September 2017. Analysis 
for DOC was carried out using a Sievers 5310C total organic carbon analyser (Sievers 
Instruments Inc, sievers.instruments.wts@suez.com) (range 4ppb to 50ppm; accuracy 
±2% or ±5ppb, whichever is greater; precision <1% relative standard deviation). To verify 
the TOC analyser performance, 10ppm potassium hydrogen phthalate (KHP) standards 
were used. The water samples were stored in a fridge in dark glass bottles and analysed 
in batches every 3 to 4 months. The monthly DOC concentrations in each groundwater 
well were averaged and then multiplied by the estimated monthly groundwater inflow 
volume to calculate the groundwater OC import. The location of the three groundwater 
wells in relation to the lake are shown in Figure 5.2. Well No.1 supplies potable water to 
a private dwelling situated approximately 730m from the eastern shore of the lake. It is 
approximately 50m in elevation above lake level. Well No.2 is a historical, roadside 
public well with the wellhead located adjacent to a local road. The wellhead is 
approximately 15m from the eastern lake shore and 2 m above lake level. Well No.3 
supplies potable water to a private dwelling situated approximately 390m from the 
northern shore of the lake, close to the inlet of the Black River. The wellhead is 





5.3.6 Aerial inputs of OC to the lake 
Aerial inputs of OC to the lake are assumed to be leaf-fall, pollen and other wind-blown 
material from trees and vegetation growing close to the lake perimeter. The shoreline 
aerial load was assumed to be the sum of two components, discriminated by the 
proportion of the lake shoreline that had forest canopy and that which did not. The 
following equation was used to calculate the aerial load (Hanson et al., 2014a) 
Load (g yr
-1) = [PC × Aoc  × perimeter] + [(1 – PC) × 0.2 × Aoc × perimeter] (6) 
 
where PC is the proportion of the shore with canopy, Aoc is the aerial loading factor in g 
C m-1 yr-1, and perimeter is the lake perimeter in m. The aerial loading factor Aoc for this 
study was taken from Hanson et al., (2014a) where a mean Aoc of 1 g C m
-1 yr-1 was used.  
Equation 3 also contains a term for a nominal load (0.2 × Aoc) for the shoreline without 
canopy (1 – PC) (Preston et al., 2008). 
5.3.7 Inputs of DOC to the lake from direct precipitation 
The mass load of carbon from direct precipitation is the product of the OC concentration 
in rainwater and the volume of rainwater falling directly on the lake (P). A concentration 
value of 2.60 ± 2.4 mg C L-1 was used for this study. The value was taken from a review 
paper by Iavorivska et al., (2016) where mean organic carbon concentrations in rainwater 
are grouped by world regions, from 83 studies of DOC and TOC published between 1985 
and 2015. The value (Table 2 of that paper) was the mean organic carbon concentrations 
in European rainwater. 
5.3.8 Sedimentation of lake allochthonous C 
Sediment deposition was measured using purpose-built sediment traps (Dalton et al., 
2018) which have been deployed in Lough Feeagh on a continual basis since 2009. The 
traps were deployed in three locations along the north-south axis of the lake (Figure 5.2). 
Each sediment trap comprised 3 vertical tubes, each with a surface area of 1964 mm2, 
suspended 4 m off the bottom of the lake on a frame. The sediment traps were emptied 
every 9 - 12 months (September 2016, June 2017 and June 2018) into prewashed plastic 
bottles, and the samples from each tube were then dried at 40 °C. The dry weight was 
recorded, and used to estimate the rate of sediment deposition in g m-2 d-1, where the 
amount of sediment deposited on the surface area of each trap was divided by the number 
105 
 
of days that each trap was deployed to quantify a deposition rate. Sediment deposition for 
the entire lake area were calculated from average deposition rates of the three traps 
between September 2016 and June 2018, interpolated to the surface area of the lake, and 
curtailed to include the 365 days of 2017. The organic fraction of the sediment was 
calculated based on the % LOI of the material collected in the tube and the estimated 
organic material was again converted to OC based on the measured carbon content of 
44.7 % of the organic fraction of SS (Sparber, 2012).  
5.3.9 Export of lake allochthonous DOC and POC 
The methods for estimating surface water concentrations of DOC and POC in the outflow 
rivers were the same as those used for estimating DOC and POC concentrations in the 
incoming streams as described in previous sections. Water colour and nephelometer 
readings were measured at the Mill Race ARMS (Fig. 5.2). The OC concentrations were 
multiplied by the lake water outflow volume (Qout) to calculate the export.  
5.3.10 Mineralisation of allochthonous OC  
The mineralisation of allochthonous organic OC to CO2 was estimated by measuring the 
partial pressure of CO2 (pCO2) in the lake and estimating the emission of CO2 from the 
lake using data collected from an Automatic Water Quality Monitoring System 
(AWQMS) on Lough Feeagh, positioned over the deepest point of the lake (46 m).  This 
station collects and transmits high frequency sensor information to the Marine Institute’s 
research station via GPRS (http://burrishoole.marine.ie). pCO2 in the lake water was 
measured at the AWQMS every 15 minutes using a membrane covered optical carbon 
dioxide sensor (AMT Analysenmesstechnik GmbH, Joachim-Jungius-Strasse 9D-18059 
Rostock, Germany) suspended at one-meter depth. The sensor was deployed on 16th 
February 2017 until 05th December 2017 and ran continually except for three data-gaps 
of 95, 216 and 77 hours in August, October and November respectively. Gaps in the time 
series were filled by using a linear relationship between colour concentrations in the Black 
river, measured weekly, and mean pCO2 concentrations in the lake over a 24-hour period 
from the same day of sampling (R2 = 0.66, No = 37) (Doyle et al., 2021). Thus missing 




Two air-water flux (F-CO2) models were used to separately estimate CO2 emissions from 
the lake. The CO2 emission (F-CO2, mmol m
-2 d-1) from the lake was calculated by 
applying the following equation (Cole & Caraco, 1998): 
F-CO2 = k [CO2 water    ̶   CO2 sat] 
 
(7) 
where k is the gas transfer velocity (cm h-1), CO2 water is the CO2 concentration in the water 
(μatm L-1); and CO2 sat is the CO2 concentration at equilibrium with the atmosphere, 
calculated from Henry’s constant (Weiss, 1974). For CO2 sat a constant pCO2 in 
equilibrium with the atmosphere of 400 μatm was assumed (http://co2now.org/). The gas 
transfer velocity k was estimated from k600 values derived from wind speed based on a 
bilinear function described by Crusius & Wanninkhof (2003). For simplicity, this model 
will be referred to as CW03bi in the remaining text, is expressed as follows;  
 k600 = 0.72 × U10   (8) 
an alternative, commonly applied model was also used for the basis of comparison, a 
power function described by Cole & Caraco (1998), referred to as CC98 in the remaining 
text, using the following equation; 
k600 = 2.07 + 0.215 U10 
1.7  (9) 
 
where k600 is the gas transfer velocity at 20 °C (cm h
-1) and U10 is the wind speed over the 
lake at 10m height (ms-1). A temperature-dependent Schmidt number (defined as the 
kinematic viscosity of water divided by diffusion coefficient of the gas) for CO2 was 
calculated according to Jähne et al., (1987) using the following equation; 
Sc = 1841 × e 
(-0.0549 × t)  (10) 
where Sc is the Schmidt number and t is the water temperature in °C. The Schmidt number 
was used to recalculate k600 (Wanninkhof, 1992) using the following equation;  
k  = k600 / (600 / Sc) 
-0.66  (11) 
The CO2 emission data is used to constrain the mineralisation term of the allochthonous 
OC balance equation. 
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A mineralisation rate, RDOC20 (d
-1) for the lake is also reported. Firstly, RDOC is scaled 
according to the general biogeochemical temperature scaling function (Hanson et al., 
2011): 
RDOC (yr-1, T) = RDOC20 × θ
(T-20) (12) 
where RDOC20 is the mineralisation rate at 20°C, T is the observed water temperature in 
°C and θ is a temperature scaling factor, set to 1.073, which equates to a Q10 temperature 
coefficient value of 2.0 when scaled according to the exponent T with reference to 20°C. 
The rate was calculated by dividing the mean daily CO2 emission by the mean daily 
standing stock of DOC in the lake and adjusting for the annual mean water temperature.  
5.3.11 Estimation of autochthonous organic C  
To assist with the calculation of allochthonous OC balance calculations, an estimate of 
the autochthonous contribution was calculated using primary productivity in the lake. A 
multi-parameter sonde (Hydrolab DS5, OTT, Kempton, Germany), deployed on the 
AWQMS at 0.9 m below the water surface, measured pH, specific conductivity (mS cm-
1), temperature (°C), and dissolved oxygen (DO) (mg L-1 and %) every 2 minutes over 
the study period. Vertical temperature profiles below the AWQMS were measured during 
the study period using a chain of 12 platinum resistance thermistors (PRTs: Lab facility 
PT100 1/10DIN 4 wire sensor, www.labfacility.co.uk, Labfacility Ltd., Bognor Regis, 
UK). The chain spanned the full water column with sensors at depth intervals of 2.5, 5, 
8, 11, 14, 16, 18, 20, 22, 27, 32, 42 m, all recording every 2 minutes.  Sensors on the 
AWQMS were cleaned fortnightly, and the DO sensor on the multi-parameter sonde was 
calibrated once per month. 
Daily estimates of the thermocline depth were made using R Lake Analyzer package 
(Winslow et al., 2014). The resulting depths were used as an indicator of the mixed layer 
depth of the lake over the study period. Daily estimates of GPP, R, and NEP within the 
mixed layer were made using the R Lake Metabolizer package (Winslow et al., 2016), 
applying the maximum likelihood estimate method, a process-error-only model with 
parameters fitted via maximum likelihood estimation (Solomon et al., 2013). Lake 
Metabolizer was run with a 2-minute time step over the study period where data (DO, 
water temperature, PAR, and wind speed) were available, producing estimates of daily 
GPP, R and NEP (GPP − R) in (O2 mg l
−1 d−1). Negative values of GPP and R were 
removed from the dataset on the assumption that the model fit was poor or that some other 
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process not included in the model was acting that day (e.g., physical entrainment of O2 
from other depths).  
Comparing the lake CO2 flux with NEP on a daily scale provides insight into the 
contribution of aerobic in-lake metabolism to the net CO2 efflux. Daily NEP values (O2 
mg l−1 d−1) were converted to aerial units (O2 mg m
−2 d−1) and converted to CO2 assuming 
a respiratory quotient of 1. The daily CO2 amounts were summed over the study period 
and the estimated mass of C is reported. 
5.4 Results 
5.4.1 DOC in surface water inflow to the lake 
True water colour from the weekly manual river water samples collected from the two 
main rivers entering the lake ranged between 26 and 240 mg PtCo L−1 for the Black River 
and between 27 and 215 mg PtCo L−1 for the Glenamong River equating to between 8.2 
and 12.9 mg DOC l−1 for the Black River 8.2 and 12.4 mg DOC l−1 for the Glenamong 
river. The colour concentration showed a strong synchronous annual pattern for the two 
rivers, dipping to a minimum during the winter and peaking in late summer to early 
autumn (Figure 5.3 – Panel A). The estimated DOC load from the Black River and 
ancillary catchment rivers was calculated to be 987.7 t C yr-1 while the estimated DOC 
load from the Glenamong River was calculated to be 293.0 t C yr-1. The total surface 
water input of DOC to Lough Feeagh during 2017 was 1293.7 t C yr-1, equating to 15.4 t 
C km-2  yr -1 for the Burrishoole catchment area. 
5.4.2 POC in surface water inflow to the lake 
The total load of suspended sediment, estimated by multiplying the mean hourly inflow 
river volumes (Qin) by the mean hourly Glenamong SS concentration, was 2824.6 t yr-1. 
The total estimated POC load to the lake via surface water inflow was 1047.9 t POC yr-1. 
equating to 12.5 t C km-2  yr-1 for the Burrishoole catchment area. 
5.4.3 DOC in groundwater to the lake 
The water balance yielded a positive groundwater residual for 180 days during the study 
period. The calculated rate of groundwater inflow ranged between 0 and 16.2 m3 s-1 with 
a mean inflow of 1.01 m3 s-1 for 2017. The groundwater residual can be considered a 
minimum estimate of groundwater inflow, as groundwater outflow may dominate over 
inflow during periods of low rainfall. Calculating groundwater inflow during these 
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periods was not possible from the available data. Whilst the groundwater residual shows 
that there was a significant flux of groundwater into the lake over the whole year, during 
one particularly dry period in April and May, groundwater outflow dominated over 
groundwater inflow. Similar to the rivers flowing into Feeagh, mean DOC concentrations 
in the three groundwater wells around the lake displayed a strong, synchronous pattern 
over the yearly cycle, dipping in concentration during the winter months and reaching a 
peak in late summer and early autumn. Well No.1 had the highest concentration of DOC, 
peaking at circa 8.5 mg l-1 during September of 2016 and 2017 while Well No.2 showed 
the lowest concentrations, peaking between 3.3 and 4.1 in September of both years 
(Figure 5.3 Panel C). Multiplying the average monthly concentrations from all wells by 
the calculated groundwater inflows for each moth yielded a total groundwater carbon 
input to the lake of 110.7 t C yr-1.  
5.4.4 Aerial inputs of OC to the lake 
Lough Feeagh’s shoreline is 13.42 km long, however only 2.25 km of the shoreline is 
forested, a proportion of approximately 16.8%. The total aerial C load to the lake was 
estimated to be 0.004 t C yr-1 using the equation introduced by Hanson et al., (2014a), 




Figure 5.3. Panel A, colour concentrations (mg PtCo L−1) in the rivers entering (Black 
= solid grey line and Glenamong = solid black line) and exiting (Millrace = dashed line) 
Lough Feeagh. Panel B, estimated inflow water volume (dashed line), outflow (orange 
line), and inflowing groundwater volume (solid grey) in m3 s-1 d-1.  Panel C, DOC 
concentrations mg l-1 in three groundwater wells in the Lough Feeagh catchment, well 1 
= blue line, well 2 = red line and well 3 = green line, dashed line shows the mean 







5.4.5 Inputs of DOC to the lake from direct precipitation 
A total of 1720 mm of rain was recorded at the Furnace Meteorological Station during 
2017, equating to an average of 4.7mm of rain d-1. The mass load of carbon to the lake in 
precipitation, calculated from the product of the OC concentration in rainwater and the 
volume of rain water falling directly on the lake, was estimated to be 13.9 t C yr-1.   
5.4.6 Sedimentation of lake allochthonous C 
The average sediment deposition rate over the study period, measured in the north, middle 
and south sediment traps was 3.5 g m-2 d-1 (dry mass of sediment per m2 of lake surface), 
with rates diminishing from north (5.6 g m-2 d-1) to the middle (3.4 g m-2 d-1) to the south 
trap (1.6 g m-2 d-1). The loss on ignition of the sediments indicated that 33% of the 
sediment comprised of organic material. The total mass of OC deposited as sediment for 
2017 was calculated as 753.5 t C yr-1 within a range of 427.4 to 963.5 t C yr-1 calculated 
from the three traps.  
5.4.7 Export of lake allochthonous DOC  
True water colour from the weekly manual river water samples from the Millrace, one of 
the two outflows from the lake, ranged between 40 and 125 mg PtCo L−1 which equated 
to between 8.5 and 10.4 mg DOC l−1 over the study period. When compared with the two 
rivers entering the lake, the trend of colour concentration over the year was much weaker 
and showed very little variation over the annual cycle. The calculated mass of DOC 
exiting the lake from the Millrace and the Salmon Leap Rivers was estimated to be 1320.6 
t C yr-1 The total surface water DOC export from the lake on a catchment area basis 
equalled 16.5 t C km-2  yr-1. As a simple check on this figure, mean monthly colour 
concentrations taken from grab samples from the lake were converted to DOC 
concentrations and multiplied by the river water volumes, giving an estimated DOC mass 
of 1324.2 t C yr-1, a figure that is very similar to the original estimate. 
5.4.8 Export of lake allochthonous POC  
The total load of suspended sediment exported from the lake, estimated by multiplying 
the mean hourly outflow river volumes (Qout) by the mean hourly Millrace SS 
concentration, equated to 894.4 t yr-1. Using the same calculation as for the inflowing 
rivers, and outlined previously, the total POC load exiting the lake via surface water 
outflow was 331.8 t POC yr-1. 
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5.4.9 Lake CO2 emission 
The pCO2sensor recorded concentrations ranging from a minimum of 491 µatm to a 
maximum of 1,169 µatm. The average pCO2 for the whole study period (± SD) was 803 
± 122 µatm and the lake was supersaturated throughout the study period. The pCO2 
concentration time series displayed a seasonal cycle, with lower values in earlier part of 
the record, reaching a maximum value in the autumn and declining thereafter.  There was 
however a dip or decline in pCO2 concentration for approximately four weeks, from mid-
April to mid-May, which coincided with a prolonged period of dry and sunny weather 
and decreasing lake-levels at this time.  Wind speed values at Lough Feeagh are stochastic 
and broadly random in time. Greater peaks of wind speed are noticeable during January 
and February and also during September. A calm period was also apparent during late 
April and early May and coincided with the onset of thermal stratification. Water 
temperature at the lake surface ranged between 6.0 ℃ (27th February) and 18.8 ℃ (17th 
July) with a mean water temperature of 11.5 ℃ ± 3.5 SD over the year. The water column 
in the lake was mixed until 19th of April when thermal stratification commenced. The lake 
was thermally stratified until 20th September when the water column began to mix 
following a series of storm events.    
Using the CW03bi model, the calculated emissions of CO2 ranged from 3.8 to 56.1 mmol 
C m-2 d-1 (mean = 16.5 ± 8.1 mmol C m-2 d-1), equating to a total estimated carbon 
emission for 2017 of 282.0 t C yr-1. Using the CC98 model, the calculated emissions of 
CO2 ranged from 6.5 to 112.8 mmol C m
-2 d-1 (mean = 28.2 ± 15.5 mmol C m-2 d-1) 
resulting in a total carbon emission of 484.8 t C yr-1.  
The estimated mineralisation rate RDOC20 for the lake over the study period was 
calculated by dividing the daily estimated emission of CO2-C (0.77 t C d
-1) by the average 
daily standing stock of DOC in the lake (5203.8 t C d-1) = 0.00014 d-1. Adjusting for the 
mean temperature of the lake over 2017 (11.5 °C) by using the general biogeochemical 
temperature scaling function (Hanson et al., 2011)  
RDOC = 0.00014 × 1.07 (11.5 - 20) = 0.000083 d-1 (13) 
If the total emission of 484.8 t C yr-1 estimated by applying the Cole & Caraco (1998) 
model, the RDOC20 estimate increases to 0.000143 d




Figure 5.4  Estimated emission of CO2 (mmol C m
-2 d-1) using two air-water flux (F-CO2) 
models, the Cole and Caraco (1998) model = solid grey line and the bilinear 
approximation model proposed by Crusius and Wanninkhof (2003) = solid black line. 
The Y-axis = Time (2017). 
 
5.4.10 Estimation of autochthonous organic C  
Ecosystem metabolism was successfully estimated for 325 days of the study period. GPP 
and R showed a distinct seasonal trend despite substantial day-to-day variations, 
increasing during spring, peaking during the summer and decreased towards late autumn 
and winter. The higher rates of GPP and R during spring and summer were due to 
increasing light intensity, higher water temperatures and increased lake biomass. The 
relationship (slope) between GPP and R was systematically above 1.0 and R generally 
exceeded GPP. As a consequence, NEP (GPP−R) was predominantly negative throughout 
the year. This is in agreement with the almost continuous O2 under-saturation observed 
throughout the study period. The strong ecosystem heterotrophy contributed to the 
supersaturation of CO2 and its subsequent release to the atmosphere.  
Daily NEP values (O2 mg l
−1 d−1), converted to CO2 assuming a respiratory quotient of 1, 
and summed over the study period, were estimated to be 77.2 t C yr-1. This amount is 
considered to be the contribution of aerobic in-lake metabolism to the net CO2 efflux. 
5.5 Discussion 
Lake carbon budgets contribute to understanding the role of lakes in the global carbon 
cycle (Likens., 1985; Hanson et al., 2014b; Evans et al., 2017).  These budgets are, 
however. still scarce and there are particular knowledge gaps in relation to humic lakes 
in temperate oceanic regions.  Our study is, to the best of our knowledge, one of the first 
to estimate a C budget of such a lake, and provided estimates for exports to the 
atmosphere, sediments and to downstream ecosystems. It confirmed the dominance of 
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allochthonous inputs as a C source in this oligotrophic lake, and showed that while most 
of the DOC that entered the lake was exported downstream, most of the particulate carbon 
was lost to the bottom sediments. Also, the low mineralisation rates and CO2 emission 
relative to the substantial OC throughput confirmed the oligotrophic status of the lake.  
In the case of this budget, a simplified, mass balance approach was used, whereby the OC 
imports to the lake were offset by the three OC fates in the lake, namely, sedimentation, 
emission and surface water export. There are many challenges in quantifying lake carbon 
budgets and many of the components that comprise an OC budget are difficult to quantify 
and generally have high uncertainties. We have, however, high confidence that the 
elements of the allochthonous OC budget that were transported in the surface water were 
reasonable and accurate, namely DOC and POC import and export. Our confidence is due 
to the long term, high-frequency monitoring of incoming and outgoing stream water 
levels, and lake level, along with well-established rating curves that effectively captures 
the hydrology of Lough Feeagh system. The high-frequency monitoring of the system’s 
hydrology in tandem with the lake-shore location of the meteorological station also 
allowed reasonable estimates for precipitation and groundwater inputs to be made. The 
direct measurements of OC sedimentation gleaned from the sediment traps also helps to 
constrain the POC input. 
 While the organic carbon budget presented in this study did not strictly balance, with the 
OC fates, (2689 t C yr-1) being greater than the OC loads, (2547 t C yr-1) by approximately 
142 t C, the difference is contained within a cumulative margin of error surrounding the 
estimates for each individual element of the overall budget.  Less certain however are 
lake shore aerial inputs, where transfer rates from the literature was used to estimate the 
OC load. There is also less certainty regarding the estimates of CO2 emission from the 
lake. The emissions were not measured directly, but based on literature derived gas 
transfer models. A literature-derived gas transfer model was also used in the calculation 
of the autochthonous contribution to the OC budget, computed from daily estimates of 
NEP (GPP − R). The implications for using literature based models are discussed in the 
relevant sections below. Using a mass balance approach allows import elements of the 
budget to be cross-checked and ‘balanced’ against export elements. For example, POC 
import was compared to sedimentation and POC export, and found to reasonably balance, 
which allows a degree of confidence in the estimates.  Also, the mineralisation rate of OC 
conversion to CO2 could be constrained by high-frequency measurements of the partial 
pressure of CO2 (pCO2) in the surface water of the lake.   
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The first question we aimed to answer using the budget data was how was the 
allochthonous OC import load partitioned among sources?  We found that DOC entering 
the lake in surface water was the largest contributor of C to the lake, but that particulate 
OC also represented a large component. The total mass of DOC entering the lake was 
estimated to be 1293.7 t C in 2017, which equals 51% of the OC import and equates to a 
catchment area export rate of 15.4 t C km2 -1 yr-1. This estimated rate is within the range 
of other studies for the catchment rivers, for example, previous export estimates of 9.5 
and 13.7 t C km2 -1 yr-1 from the Glenamong for 2010 and 2011, respectively were reported 
by Ryder et al., (2014), while Doyle et al., (2019) estimated that annual DOC fluxes from 
the Black and Glenamong catchment to Lough Feeagh ranged from 11.8 to 18.5 t C km2 
-1 yr-1 between 2011 and 2016. The strong, synchronous seasonal trend in water colour 
concentrations was also previously reported by Doyle et al., (2019) and linked to soil 
temperature in the catchment.  
The total POC load to the lake of 1047.9 t C equalled 41% of the OC import and equated 
to approximately 65% of the surface water DOC load to the lake over the same period. 
This percentage is identical to a previous study by Ryder et al., (2014) for the Glenamong 
river for 2010-2011. The present estimate represents a catchment POC export rate of 
approximately 10.0 t C km2 -1 yr-1. POC export rates vary enormously in peatland 
catchments. For example, at the upper end of the scale, Worrall et al., (2003) estimated 
an annual catchment POC export rate of up to 31.3 t C km-2  yr-1 from an upland peatland 
site in the UK, a rate that was approximately double the DOC export (up to 15 t C km2 -1 
yr-1) for the same site. The contribution of organic C to the overall suspended sediment 
load in a river is unique to each catchment (Dawson et al., 2011). The location along an 
aquatic system is also important for DOC:POC ratios, for example Pawson et al., (2012) 
noted that DOC:POC ratios decrease from values of 1:4 at peatland stream headwaters to 
close to unity at catchment outlets. 
Ryder et al., (2014) also investigated the principal factors contributing to variability in 
POC flux entering Lough Feeagh, reporting that while stream discharge was the most 
important explanatory factor, soil temperature and rainfall were also important 
explanatory variables. Also, in an earlier study of sediment transport in the Burrishoole 
catchment by May & Place (2005) it was noted that volumes declined during prolonged 
wet spells. They found that prolonged rainfall resulted in an initial washout of erodible 
material followed by a subsequent decline of SS as the source of available material 
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declined. Therefore, the rate of discharge alone did not fully explain sediment transport, 
as antecedent weather conditions also play a significant role.  
Groundwater flows and inputs to lakes are extremely difficult to measure directly and 
require a great deal of resources, including equipment, time, and expertise. Full hydrology 
budgets are rarely included in lake OC budgets because of these difficulties (Winter & 
Likens, 2009; Hanson et al., 2014b). In the case of this study, the volume of groundwater 
entering the lake was calculated indirectly, by estimating the difference, or residual, 
between the measured inflows and outflows from the lake, accounting for direct 
precipitation and evaporation (Figure 5.3B). At 110.7 t, the amount of DOC entering the 
lake via groundwater was approximately 4% of the total calculated OC load to the lake 
over the study period. The measured mean DOC concentrations from the three 
groundwater wells were quite low, ranging between approximately 2 and 6 mg l-1. 
Interestingly, the strong seasonal pattern of peaking colour/DOC concentrations in the 
late summer that can be observed in the inflowing streams is repeated, albeit faintly, in 
the groundwater DOC concentrations (Figure 5.3C). There is some evidence therefore 
that catchment groundwater accumulates OC before reaching the lake. The groundwater 
in the wells are therefore hydrologically linked to the upper soil layers in the catchment, 
suggesting that the groundwater origins are relatively shallow, in the subsoils, and not 
from deep within the bedrock (Junk et al., 1980). The overall contribution of groundwater 
DOC to the overall OC load is quite modest, reflecting both the low mean groundwater 
inflow rate of 1.01 m3 s-1 to the lake, and low mean DOC concentration of the 
groundwater.  
An estimated 13.9 t of OC, carried directly in rainfall, entered the lake in 2017, this mass 
equates to approximately 1% of the OC import. The load was calculated from the product 
of the volume of rainfall falling on the surface of the lake and a concentration value of 
2.60 mg C l -1 (Iavorivska et al., 2016). The calculated mass of OC may be slightly 
overestimated as the concentration value is derived from mean OC concentrations in 
European rainwater, which may differ slightly from OC concentrations in rain water 
derived over the Atlantic Ocean. The aerial inputs of 0.004 t C yr-1 OC to the lake 
calculated from literature values are miniscule in comparison to the other allochthonous 
loads. The main reason for the low estimated OC load is the small proportion of forested 
land adjacent to the lake. The calculations are based on literature values derived from 
aerial deposition studies from North American lakes (Hanson et al., 2014b).   
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The second question we posed was, what is the magnitude of the autochthonous load to 
the lake? The estimate of autochthonous-derived C was derived from the assumption that 
changes in DO can be used as a surrogate for CO2 based on the stoichiometric relationship 
between the 2 gases as part of gross primary production (GPP) and aerobic ecosystem 
respiration (R) (Odum, 1956; Hanson et al., 2008). The estimate of 77.2 t C yr-1 
contributed by ecosystem metabolism equates to approximately 3% of the OC load to the 
lake and approximately 27% of the total C emission to the atmosphere during 2017. These 
figures are comparable to other reported lakes, for example Lake Ortrasket in Sweden, a 
high-DOC, oligotrophic lake where Jonsson et al., (2001) showed that primary production 
in the lake contributed at most 5% of the total organic carbon input and about 20% of the 
total organic carbon mineralisation. 
Our third question was focused on establishing the balance between the three fates of OC 
in the lake, namely, storage, mineralisation and export. Given the relatively large fluvial 
inputs to the lake, it is not surprising that sedimentation of POC was found to be an 
important fate for OC in Lough Feeagh. The total of 753.5 t C that was estimated to have 
been deposited on the lake bed in 2017 represented approximately 28% of the estimated 
total OC fate in the lake. Flocculation of a portion of the DOC fraction may also help to 
explain the high sedimentation rates in the lake. For example, von Wachenfeldt & Tranvik 
(2008) also found substantial sedimentation of DOC in highly humic lakes.  The spatial 
pattern of sedimentation was not homogeneous across Lough Feeagh, however, as 
indicated by the variation in deposition rates in the three traps positioned in the north, 
centre and south of the lake (Figure 5.2). This strong north-south spatial variation in 
deposition rates strongly suggests that the dominant mechanism was sedimentation from 
riverine input rather than any autochthonous or within-lake processes. Lough Feeagh is 
an oligotrophic lakes and chlorophyll a levels less than 2 mg m-3 are usually reported (e.g. 
Caldero-Pascual et al., 2020), levels that were confirmed in this study by low GPP 
estimates. The strong spatial pattern of varying sedimentation rates across the lake may 
also be amplified by lake morphology and the location of the inflows and outflows at 
either end of the lake’s longer north-south axis. 
It must be noted, however, that a portion of the estimated total amount of OC in the 
sediments will be processed further and will be mineralised to CO2 in oxic conditions and 
CO2 and CH4 in anoxic conditions (Tranvik et al., 2009; Aufdenkampe et al., 2011; 
Raymond et al., 2013). The portion of OC that remains in the sediments over long periods 
of time is considered ‘buried’. In fact, long-term burial of OC in lake sediments is the 
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mechanism by which C is removed by lakes from the global C cycle, and is also a critical 
component in the understanding of the fate of both allochthonous and autochthonous OC 
in the landscape (Downing et al., 2008; Xu et al., 2013).  
The sedimentation rate of OC in Lough Feeagh (1292 g C m-2 yr-1) appears to be quite 
large when compared to reported sedimentation rates from other lakes. For example, in a 
whole year study, Chimel et al., (2016) reported a rate of 43.9 g C m-2 yr-1 in a small, 
shallow, humic lake in boreal Sweden while Ferland et al., (2014) reported a mean 
sedimentation rate of 25.68 g C m-2 yr-1 from 11 lakes of varying sizes in boreal Québec.  
Sedimentation rates among lakes should be compared with caution, owing to the many 
different factors involved, including lake-to-catchment ratios. However, in both those 
studies, the sediment burial efficiency ratios (defined as the ratio between the long‐term 
C accumulation in surface sediments and the sedimentation rate of OC) were similar, at 
1:0.178 and 1:0.206 respectively. OC burial rates were not calculated for this study, 
however if a similar burial efficiency ratio was applied, OC burial rates for Lough Feeagh 
would be in the region of 230 g C m-2 yr-1. To put this figure in context, in a global review 
by Mendoça et al., (2017) of lakes and reservoirs, whole-system OC burial rates varied 
from 0.2 to 17,392 g C m−2 yr−1 with an average value of 250 and a median of 40 g 
C m−2 yr−1. In a global context, the estimated burial rates for Lough Feeagh would be at 
the upper end of scale due to the combination of substantial hydrological inputs and high 
inputs of eroded peat soils from the catchment.   
The pCO2 concentrations that we report show that Lough Feeagh was continuously 
emitting CO2 during the course of the study. Calculated CO2 emission from the lake at 
282 t C using the CW03bi model accounts for approximately 11% of the fate of OC in the 
annual budget. At 803 µatm, mean lake pCO2 concentrations were approximately double 
that of atmospheric CO2 levels during 2017 (http://co2now.org/).  Temporally, the annual 
pattern of pCO2 concentration broadly followed a simple, seasonal pattern, climbing 
through the Spring and Summer, reaching a peak in late Summer / early Autumn and then 
falling back again towards Winter. This matches the annual pattern of DOC 
concentrations in the incoming rivers and emphasises the intimate link between the rate 
of allochthonous OC input and the rate of OC mineralisation in the lake. This link is 
further underscored by a sharp decrease of pCO2 that coincided with a 30-day rain-free 
period between mid-April and mid-May, where values dipped to the minimum values 
recorded over the study period (Doyle et al., 2021). This temporary dip in pCO2 is 
attributed to an interruption of the OC supply to the lake due to low DOC concentrations 
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in the incoming rivers coupled with low incoming water flows during this period. pCO2 
concentrations in the lake rapidly rebounded following the return of rain in mid-May. 
The flux of CO2 from lakes to the atmosphere can be estimated from free-water gas 
measurements through the use of gas exchange models, which rely on a gas transfer 
coefficient (k) to model gas exchange with the atmosphere. The two models used to 
calculate the lake CO2 flux (abbreviated as CC98 and CW03bi) were chosen because they 
are in common use in the literature (e.g.  (Staehr et al., 2012; Trolle et al., 2012; Morales‐
Pineda et al., 2014). They are also relatively simple univariate models that are based 
solely on wind speed. The limitations of using such models must also be highlighted 
however (Dugan et al., 2016). For example, the chosen models were developed from SF6 
tracer data collected on relatively small (< 0.20 km2) and sheltered lakes in the boreal 
climate zone of North America (Cole & Caraco, 1998; Crusius & Wanninkhof, 2003) and 
as such all three models are optimised for lower wind speeds than those generally 
prevalent on Lough Feeagh.  While a number of direct flux measurements were obtained 
for the present study using floating chambers similar to those described by Bastviken et 
al., (2015), the data were considered insufficient to model k directly and thus calculate a 
CO2 flux for the study period. As observational data were unobtainable, k had to be 
estimated using models. 
Carbon emission estimates from the lake varied considerably depending on the model 
applied.  The CC98 model returned an annual emission estimate of 484.8 t C yr-1, a figure 
that represents approximately 18 % of the estimated carbon fate in the lake. The emission 
estimate using the CC98 model appears to be quite high, relative to the surface water 
export and sedimentation of OC, given the oligotrophic status of the lake and its relatively 
short residence time. By comparison, Lake Ortrasket in Sweden, an oligotrophic, high-
DOC lake a with substantial fluvial source of OC and a short residence time, displayed a 
ratio of approximately 9% mineralisation to OC fate (Jonsson et al., 2001), similar to the 
ratio calculated from the CW03bi model (11 %).  The CW03bi model was considered the 
optimal choice because the annual emission estimate of 282.0 t C yr-1 aligns with other 
elements of the budget, in particular, the autochthonous contribution of OC to the system. 
The RDOC20 mineralisation rate for Lough Feeagh, at 0.00014 d
-1 is quite low, but it is 
comparable to other oligotrophic systems. For example, an RDOC20 of 0.00083 d
-1 was 
reported for Sparkling Lake in northern Wisconsin, USA by Hanson et al., (2014b). 
Ecosystem mineralisation rates reported in the literature vary to a great extent, for 
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example Sobek (2003) estimated OC mineralisation rates in a Swedish lake to be in the 
region of 0.001 to 0.003 d-1. Another study investigating long-term degradation 
experiments have estimated decay rates of 0.0007 d-1 for riverine DOC (Hernes & Benner, 
2003) and a rate of 0.0008 d-1 was estimated for DOC derived from a wetland source 
(Vähätalo & Wetzel, 2008).  
We found that DOC and POC exported from the lake in the Millrace and Salmon Leap 
rivers  together accounted for 61% of the fate of OC in the lake. At 49%, outflowing DOC 
was the dominant fate of OC, accounting for almost half of the departing OC. The mass 
of DOC (1321 t C) in the outflowing rivers was approximately 2% greater than the total 
DOC load imported to the lake within the inflowing rivers. The quantity of exported DOC 
is intimately linked to the hydrology of the lake. The lake water residence time of 172 
days is relatively short and allows little time for processing and mineralisation of DOC, 
resulting in the proportionately large export of DOC when compared with the other fates 
of OC in the lake. Similar observations have been made elsewhere, for example, in a study 
of seven lakes in temperate North America, Hanson et al., (2014a) found that the lakes 
with the shortest residence times had the greatest surface water export rates. Also, in a 
global review of OC decay rates in inland waters, Catalán et al., (2016) found that the rate 
of OC decay is negatively related to water retention time. This suggests a decrease in OC 
reactivity along the inland waters continuum, in other words the OC pool is gradually 
losing its most-reactive components as it travels downstream. 
The calculated mass of SS exiting Lough Feeagh during the study period was estimated 
to be 894.4 t yr-1 equating to 332 t POC yr-1 or 12% of the total OC fate, an amount 
equivalent to just 25% of the imported POC load. While it is true that some POC will 
simply flow through the lake, a portion of the POC in the river outflow will also be of 
autochthonous origin i.e. related to in-lake primary productivity. This substantial 
decrease, together with the data from the sediment traps, suggests that the bulk of POC 
entering the lake contributes to the lake sediments. While the long-term C burial rate has 
not been calculated in this budget, sediment cores from the lake show allochthonous OC 
burial over millennia (Dalton et al., 2018). Over millennial time scales, lakes have been 
shown to be second only to peat in terms of organic carbon storage (Buffam et al., 2011). 
It is reasonable to assume therefore that a proportion of the mobilised catchment OC, 
formerly in long-term storage in peat soils, returns to long-term storage as lacustrine 
sediments in the lake basin.   
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The final, fourth question was to identify the implications of the study in terms of 
catchment scale C processing. The allochthonous OC budget of Lough Feeagh is 
influenced by a number of key geographic factors that determine both the magnitude and 
partitioning of the loads entering the lake and the ultimate fate of OC within the lake. The 
location of Lough Feeagh on Northern Europe’s rainy Atlantic margins establishes the 
catchment’s dynamic and spatey hydrology. The high rainfall levels have also ensured 
that peat soils blanket the catchment and govern the considerable fluxes of DOC and POC 
entering the lake. The catchment’s hydrology and morphology also regulates the lake’s 
low residence time of barely half a year, which allows most of the DOC entering the lake 
to simply flow through the system and out to the ocean. Heavier carbon particulates, 
brought in by the rivers in suspension settle out in the lake and make up to 30% of the 
total OC fate in the lake. Long-term OC storage or burial in the lake sediment was not 
quantified in this study, and burial rates across European lakes vary by up to 3 orders of 
magnitude (Kastowski et al., 2011). The proportion of OC falling as sediment in Lough 
Feeagh (roughly one third) appears to be quite large in comparison to other oligotrophic 
systems (e.g. Jonsson et al., 2001). Similar ratios appear more common in mesotrophic 
and hyper-eutrophic systems (Likens., 1985; Dillon and Molot., 1997). While direct 
comparisons with other lakes are problematical, the high relative proportion of 
sedimentation can be explained by the equally high proportion of peat-derived material 
being carried into the lake. It is presumed that a substantial portion of the outflowing POC 
is predominantly bacteria, phytoplankton and alga of autochthonous origin. The relatively 
low mineralisation rate of DOC in the lake may be explained by a number of factors, 
including the low hydrologic residence time, low lake productivity and a high 





Figure 5.5 Organic Carbon budget of Lough Feeagh. Black arrows pointing toward the 
lake represent allochthonous inputs or loads, and white arrows pointing away from the 
lake represent outputs or fates. Autochthonous C, calculated from Net Ecosystem 
Production (black ellipse) is also shown as a load within the lake. The numbers show 
the total tons of C for the study period (2017). Percentages indicate the average fraction 
of inputs and outputs represented by each of the budget elements. DOC: dissolved 
organic C, POC: particulate organic C, NEP: Net Ecosystem Production. 
 
5.6 Conclusion 
In broad terms our study showed that this oligotrophic humic lake overturned 
approximately 2500 tonnes of C during 2017.  It found that the high hydrological inputs 
of OC dominated the budget and that by far the most important source of OC to the lake 
was DOC, comprising approximately 51% of the incoming C load. More importantly 
much of this dissolved fraction flowed through the lake, as DOC also comprised 
approximately 49% of total exports, thus representing C that would become available in 
downstream aquatic systems. Our budget for Lough Feeagh also underscored the 
substantial fraction of OC that entered the lake as POC and settled out as sediment, 
contributing to long-term C stores in the system. An investigation of long-term carbon 
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burial rates would establish the role of this mechanism for removal from the global carbon 
cycle. While there was some uncertainty in the atmospheric emissions estimate used for 
this study, we also confirmed that emissions were similar to those measured from other 
sites. Overall, the study fills knowledge gaps in our understanding of the fate of C in 
humic temperate systems, especially those in peatland catchments. 
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All life on the planet is in some way dependent on water. It provides habitats, is the 
medium for biochemical reactions, electrochemical transformations, reproduction, 
transport, and many other essential services to biota (Likens, 2009).  The relative extent 
and volume of freshwater lakes and rivers are small — comprising ~3% of the terrestrial 
surface of the Earth — however, their importance and value to humans is immense 
(Wetzel, 2001). Inland waters are used by humans for many functions, including, a source 
of drinking water, transportation, a food source, recreation, and aesthetics (Likens, 2009). 
Historically, inland waters formed the cradle for the earliest civilisations and presently, 
over 50% of the global population lives within 3 km of a freshwater body (Kummu et al., 
2011). However, human proximity to natural inland waters has, in many locations, had a 
detrimental effect, and currently, freshwater ecosystems are much degraded as a result of 
human activities. Activities such as urbanisation, agriculture, and industrial development 
have caused increased impacts of freshwater ecosystem services (Dodds et al., 2013)  
Of even greater concern however is the discovery, in recent decades, of the human-caused 
unbalancing of the global carbon cycle (Curtis & Gough, 2018; Kirschbaum et al., 2019), 
and subsequent global warming.  One major effect of global warming is its disruption to 
the global hydrological cycle (Tapiador et al., 2016; Szilagyi, 2018). A more rapidly 
changing hydrologic cycle is predicted as the planet warms, a warming which is 
generating higher rates of evapotranspiration and increased rainfall across many regions. 
Global climate models (GCMs) suggest that climate warming will lead to a 10 to 40% 
increase in surface runoff by mid-century (Milly et al., 2005; Knutson et al., 2013; Knutti 
& Sedlacek, 2013). These global changes to rainfall and temperature patterns have 
concerning implications for many ecosystems, especially those that depend on delicately 
balanced climatic conditions. Blanket peatlands in temperate maritime climates are an 
excellent example, depending, as they do, on a climate ‘sweetspot’ where precipitation 
exceeds potential evaporation by factor of 3 to 1 (Wieder & Vitt, 2006). Blanket peatlands 
are hotspots of C capture and storage in the landscape, for example, in Ireland, up to 75% 
of soil C storage occurs in peatlands, a large proportion of which are blanket peatlands 
(Holden & Connolly, 2011; Renou-Wilson et al., 2011). It is now well established that 
blanket peatlands are under threat from a range of anthropogenic pressures (Renou-
Wilson et al., 2011), including direct loss of C related to directional climate change 
(Gallego-Sala & Prentice, 2013).  
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By far, the most dominant pathways of C loss from blanket peatlands are via dissolved 
and particulate OC in streams and rivers that drain these terrestrial C stores (Hope et al., 
1997a; Tipping et al., 1997). Over the last 20 years or so, increasing trends in fluvial DOC 
concentrations have been observed in rivers and streams draining many peatland 
catchments (Hongve et al., 2004; Evans et al., 2005; Jennings et al., 2006; Monteith et 
al., 2007; Worrall and Burt, 2007; Erlandsson et al., 2008). While a number of theories 
have been proposed to explain this trend, such as a recovery from acidification (Monteith 
et al., 2007), it has been linked to changes in the climatic drivers of DOC export. These 
drivers include precipitation patterns (Hongve et al., 2004; Erlandsson et al., 2008) 
increasing temperature (Freeman et al., 2001; Preston et al., 2011) and the increasing 
frequency of drought events (Clark et al.,2005; Jennings et al., 2006). Also, the expected 
changes in climate that have been predicted for Ireland include higher ambient air and 
water temperatures throughout the year, higher winter streamflow and an increasing depth 
of the water table during the summer (Dwyer, 2012; Nolan, 2015). This combination of 
effects has been demonstrated to potentially increase fluvial DOC export (Naden et al., 
2010). 
The observation of an increasing trend in DOC concentrations in tandem with the 
potential destabilisation of the terrestrial stores of C, locked up in blanket peatlands, has 
potential negative consequences for downstream aquatic habitats. Changes in the rate of 
DOC input to an aquatic system will simultaneously effect the system’s physical, 
chemical and biological domains in many ways, and the effects may also interlink across 
these domains (Jones, 1998). One important physical change associated with increasing 
DOC concentration is a marked increase in the potential to absorb light energy within the 
water column, resulting in an increase in water temperature (Wetzel, 2001). Chemically, 
an increase in humic substances, a major constituent of DOC derived from peatland 
waters, has the potential to further lower the pH of these aquatic systems (Turner et al., 
2016). Biologically, increasing DOC concentrations have the potential to upset the 
autotrophic / heterotrophic balance of aquatic systems as heterotrophic bacteria exploit 
increasing supplies of dissolved organic matter entering aquatic systems e.g. (Pace et al., 
2004; Cole et al., 2006).  These examples are just a few of the many potential effects of 
increasing aquatic DOC concentrations at an ecosystem-scale.  
There is an increasing awareness of how aquatic systems act as active zones of organic 
matter transformation, CO2 emissions and carbon burial and not, as simple passive ‘pipes’ 
for organic carbon transport (e.g. Cole et al., 2007; Battin et al., 2009; Tranvik et al., 
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2009). For ecosystems such as blanket peatlands, DOC and POC export represent both a 
direct loss of C and, if it is subsequently converted to CO2 or CH4, a pathway for GHG 
emissions. Globally, the equivalent to almost 20% of global anthropogenic fossil fuel 
emissions has been estimated to have been emitted every year from lakes and 
impoundments (DelSontro et al., 2018). Yet despite the high level understanding outlined 
above, the knowledge of OC processing in aquatic systems appears to be weighted 
towards particular regions and water-body types, for example high-latitude boreal lakes 
and large river systems (Evans & Thomas, 2016). It is important therefore, to understand 
more thoroughly the role of specific ecosystems, in this case blanket peatlands, and 
specific climate systems in OC processing. This is relevant in the wider context of 
national and global estimates of GHG emissions and also in the more focused context of 
the effects of changes in OC transport and cycling to aquatic ecosystem function.   
The work described in this thesis, therefore improves the knowledge and understanding 
of aquatic C cycling in a temperate peatland catchment. Each of the main chapters in the 
dissertation, namely chapters 3, 4 and 5, offers a complementary set of studies describing 
a range of processes affecting the cycling and fate of terrigenous-derived OC within the 
aquatic Burrishoole catchment. Chapter 3 explored the intricacies of OC export from a 
peatland catchment and examined the processes that drive the variance in export over a 
range of time scales. Chapter 4 presents an investigation of the temporal variation of pCO2 
in Lough Feeagh’s surface waters during a 10-month study period in 2017. The principal 
environmental drivers of pCO2 in the system were also determined and the magnitude of 
CO2 evasion from the lake was calculated over the study period. In chapter 5, an organic 
carbon budget for Lough Feeagh was expounded. The major terms of the budget, such as 
aquatic inputs and outputs, sedimentation and CO2 evasion were measured directly while 
some minor terms were estimated from relevant literature values. The following sections 
discuss the broader implications of the findings from each of these studies. 
6.2 Summary of findings 
The overarching aim of the research undertaken for this dissertation was to quantify the 
major fluxes of OC being imported, exported and processed within Lough Feeagh, and to 
uncover the main drivers of these fluxes. These studies, collectively intend to   improve 
the knowledge and understanding of the cycling of aquatic OC in a temperate, peatland 
catchment.  It is considered that the three main studies presented in this thesis, taken 
together, have achieved this aim and have added original and relevant knowledge to this 
important environmental topic. The studies have also brought to light aspects of lake and 
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river OC cycling that somewhat differ to processes described in other climate zones and 
ecosystems, due, in no small part, to the unpredictability of the local climate.  
6.2.1 Analysis of the transport of DOC in upland streams 
In Chapter 3, the analysis of aquatic export of DOC from the Burrishoole catchment to 
Lough Feeagh, an average yield of 14.8 t C km2 yr-1 was reported from the catchment. 
This value equates to an average mass of approximately 1180 t C yr-1 entering the lake as 
DOC each year, over the six years of analysis. Regular, strong, annual peaks in stream 
DOC during the late summer / early autumn were found to be an established pattern. One 
result of note in this analysis, which also has implications for the other two studies, is the 
variation in yield  over the six years (2011 to 2016), which ranged from a minimum of 
11.8 t C km2 in 2013 to a maximum of 18.5 t C km2 in 2011. These figures show a standard 
deviation (σ) of 2.29 t C km2 with a variance (σ2) of 5.27 t C km2 in yield which equates 
to a variance of approximately 420 t C over the six years of the study. The 2017 DOC 
import estimate of 1294 t C, reported in the OC budget in Chapter 5, while greater than 
average, falls within the observed year-to-year variance.   
The results of the OC budget presented in Chapter 5 showed that surface-water DOC 
import was the greatest source of allochthonous OC to the lake, amounting to 51% of the 
total OC input during 2017. When POC is included, the total surface-water fluvial OC 
load equalled 92% for that year. While there are a number of other lake OC budgets that 
show high fluvial OC lake inputs (e.g. Jonsson et al., 2001), the dominance of surface-
water fluvial allochthonous OC import to Lough Feeagh is quite striking. The dominance 
of DOC import, within the overall budget, further emphasises the year-to-year variance 
of this OC source to the lake. The possible variation in DOC import of up to 420 t C per 
year shown in Chapter 3 (and potentially a similar, relative, variation in year-to-year POC 
import) has, presumably, a major effect on in-lake OC processing. This includes fuelling 
the lake food web by providing a substrate for heterotrophic production (Hulatt et al., 
2014), affecting the lake’s light regime (Kritzberg et al., 2014), and thermal regime 
(Forsius et al., 2010). These major observed yearly variations in DOC import will also 
influence rates of CO2 emission, carbon sedimentation and fluvial OC export from the 
lake.   
The observed, and noteworthy, year-to-year variation in fluvial DOC import to the lake 
also highlights the importance of understanding the underlying mechanisms driving these 
variations. The results outlined in Chapter 3 showed that the principal drivers of DOC 
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variance in the incoming rivers were soil temperature, SMD (soil moisture deficit) / river 
discharge, and the weekly mean NAO (North Atlantic Oscillation) values. These findings 
emphasise how drivers which operate at both a local and regional spatial scale, and also 
at different temporal scales, influence the amount of OC being transported in the 
Burrishoole catchment. These different drivers, working together, lead directly to 
variability in aquatic DOC concentrations in the catchment rivers that ultimately affect 
the organic carbon budget of downstream Lough Feeagh. One particular finding in 
Chapter 3, the statistical connection between the NAO and variation in river-water DOC 
concentrations, is particularly interesting. This connection copper-fastens the link 
between climate patterns and aquatic carbon transport in peatland catchments and signals 
the potential vulnerability of blanket peatlands to climate change. 
6.2.2 Drivers of pCO2 variability in Lough Feeagh 
In Chapter 4, CO2 evasion from Lough Feeagh to the atmosphere over a 10-month study 
period in 2017 was calculated and the drivers of pCO2 variability in the lake were 
investigated. The total estimated carbon emission over the study period ranged between 
217 t and 370 t C, depending on the gas transfer model applied. The study showed that 
Lough Feeagh was supersaturated with CO2 throughout the study period and was 
therefore a continuous source of CO2 to the atmosphere.  The variance of pCO2 was found 
to be controlled by two principal drivers, namely DOC input to the lake and the Schmidt 
stability of the water column.   
A noteworthy finding of the study was the discovery of a direct link between the regular 
pattern of strong, annual peaks in DOC concentrations in the incoming streams during the 
late summer / early autumn (Chapter 3) and a synchronous annual peak of pCO2 in the 
lake (Chapter 4). This finding highlights the close connection between inputs of 
allochthonous DOC and the biological mineralisation of allochthonous carbon, leading to 
an excess of CO2 in lake waters (e.g. Duarte & Prairie 2005; Lapierre et al., 2013). The 
close connection between the catchment’s hydrology and OC processing in the lake was 
further emphasised during a month-long period of low discharge, when pCO2 in the lake 
dropped to its lowest level.  An intimate connection has therefore been established 
between the catchment’s hydrology and climate, which drives the lateral transport of OC 
to the lake, and in-lake mineralisation of OC. While the study, described in Chapter 4 was 
conducted over a 10-month time period, it is expected that the observed annual variation 




Interestingly, a number of findings in the study highlighted some key differences between 
aquatic OC processing dynamics in temperate maritime climate zones, in comparison to 
boreal and continental temperate zones, which dominate the literature. For example, 
following the peak pCO2 observed in early September, concentrations declined relatively 
quickly and coincided with the breakdown of thermal stratification. In other climate 
zones, the breakdown of thermal stratification has been associated with an increase in 
pCO2 (Morales-Pineda et al., 2014). Also, results from the study showed that the regular 
diel pCO2 oscillation reported from water bodies in other climate zones due to the 
changing day-night balance between production and respiration (e.g. Huotari et al., 2009), 
were generally intermittent and weak in Lough Feeagh over the study period. These key 
differences in lake pCO2 processing observed in Lough Feeagh and those in the literature 
are ascribed to the local temperate maritime climate and very low level of primary 
production. Chlorophyll a in Lough Feeagh rarely exceed 2µg L-1, which indicates that 
photosynthesis in the euphotic zone is unlikely to lead to large diel variation in pCO2.  The 
regular rainfall continuously ‘tops up’ OC levels in the lake’s epilimnion, generally 
ensuring that it is not deprived of allochthonous OC inputs. Also, the often turbulent 
nature of the lake’s water supresses diel pCO2 oscillation that are so apparent at other lake 
systems. 
 6.2.3 The organic carbon budget for Lough Feeagh 
An organic carbon budget of Lough Feeagh was presented in Chapter 5. It was 
constructed using a simple mass balance model and estimated the key OC processing rates 
in the lake. The total calculated OC load to the lake was estimated to be 2544 t C, of 
which 51% and 41% were carried into the lake as DOC and POC in surface water 
respectively, 4% in ground water, 1% in rainwater, and 3% was fixed in the lake as net 
ecosystem production. The total C exported was estimated to be 2689 t C, of which 49% 
and 12% were exported as DOC and POC in the surface water outflow respectively, 28% 
was deposited as sediment and 11% was mineralised and emitted as CO2 to the 
atmosphere. The study was, to the best of the author’s knowledge, the first OC budget 
presented for a peatland lake in a temperate maritime climate.  
The budget contained a number of findings of note.  Surface water imports and exports 
of OC dominated the budget. Organic Carbon in surface waters equated to 92% of the 
total import while outgoing OC in surface waters equalled 62% of the total export. This 
difference (30%) is quite small in comparison to other studies. For example, studies by 
Dillon & Molot (1997), Algesten et al., (2003) and Tranvik et al., (2009) broadly showed 
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OC levels reducing by approximately 50% between import and export, while Sobek et 
al., (2006) reported OC levels reducing by approximately 60%. On the other hand, Einola 
et al., (2011), in three boreal lakes in Finland, reported OC levels reducing by just 10%. 
The relatively low loss of OC from import to export for Lough Feeagh reflects both the 
short residence time (172 days) and the low mineralisation rate observed, highlighting 
both the high hydrological throughputs and oligotrophic status of the lake.  
Of interest also is the finding that 11% of the total OC export was emitted as CO2, an 
amount of 282 t C in absolute terms. While this percentage has been found to be 
comparable to some examples in the literature — Lake Ortrasket in Sweden, an 
oligotrophic, high-DOC lake a with substantial fluvial source of OC and a short residence 
time, displayed approximately 9% mineralisation to OC fate (Jonsson et al., 2001) — it 
is a much smaller percentage than many other reported studies. For example, Sobek et al., 
(2006) and Algesten et al., (2003) reported mineralisation to OC fate percentages of 
approximately 43% and 41% respectively. Tranvik et al., (2009) in their estimated carbon 
budget for all global inland waters, calculated a 48% CO2 evasion rate. The budget also 
revealed that NEP in the lake amounted to 77.2 t C over the study period. This amount, 
approximately 27% of the net CO2 efflux, is the contribution of aerobic in-lake 
metabolism. Both the low ratio of emitted CO2 to OC fate in the lake and low contribution 
of NEP confirm the lake’s unproductive, oligotrophic status.  
The budget also revealed that the fate of approximately one third of the OC was 
sedimentation in the Lough Feeagh basin. While this proportion is quite large in 
comparison to other oligotrophic systems (Jonsson et al., 2001) it is more common in 
mesotrophic and hyper-eutrophic systems (Likens., 1985; Dillon & Molot., 1997). While 
more investigations are warranted, the relatively high proportion of sedimentation may 
be explained by the equally high proportion of peat-derived material being eroded and 
carried into the lake during rain events. The budget underscores the substantial fraction 
of OC that entered the lake as POC and settled out as sediment, contributing to long-term 
C stores in the system. Overall, the study fills a considerable knowledge gap in the 
understanding of OC processing in temperate peatland catchments.  
6.3 Potential future research 
The work presented in this thesis has highlighted a number of data gaps where further 
investigations are warranted. For example, in the organic budget presented in Chapter 5, 
OC in rainwater and aerial inputs of OC (wind-blown debris including pollen and leaf-
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litter) were calculated using values derived from literature. Both of these terms could be 
measured directly and thus contribute to the budget completeness. Also, the considerable 
variation in year-to-year surface water DOC inputs to the lake, that were shown in Chapter 
3, are expected to have major implications for annual variation in each of the OC export 
terms, i.e. OC in surface water outflow, sedimentation and CO2 emissions. Additional OC 
whole-lake budgets are therefore justified, which would capture yearly variance and form 
the basis for OC modelling calibrations, thus assisting and simplifying future budget 
estimates.  
Further investigation of DOC inputs and outputs via groundwater is another possible route 
of investigation. The study of DOC concentrations in three groundwater wells, carried 
out as part of the OC budget, showed that the yearly peak of DOC in surface water is 
mirrored in catchment groundwater. While a more robust calculation of groundwater 
flows into and out of the lake is desirable, it must be balanced by the knowledge that 
groundwater flows are difficult to measure directly, and require a great deal of resources 
and expertise to calculate properly.  
In both the chapters on pCO2 variability and the OC budget of this thesis (Chapters 4 and 
5), calculations of the CO2 emission from the lake were presented. The flux of CO2 from 
Lough Feeagh to the atmosphere were estimated using gas exchange models taken from 
the literature. These models use gas transfer coefficients (k) that were developed on 
relatively sheltered lakes in the boreal climate zone of North America and were chosen 
because they are in common use in the literature (e.g. Staehr et al., 2012; Trolle et al., 
2012; Morales‐Pineda et al., 2014). If, in the future, further investigations of CO2 
emissions were proposed, it would be advantageous to conduct direct flux measurements 
on the lake, using floating chambers. In addition to being able to calculate a ‘bespoke’ k 
value directly for Lough Feeagh, the floating chamber measurements would allow 
insights into the nuances of the spatial variation of CO2 emission over the lake surface.  
While the OC budget presented in this thesis calculated the amounts of carbon in flux in 
and out of the lake, no data on the nature of the carbon was proffered. A study of Emission 
Excitation Matrix scans (EEM’s) of DOC inputs and outputs would allow the 
characterisation of this carbon and provide valuable additional information. For example, 
EEM’s data can reveal the relative concentrations of aquatic humic substances in a 
sample, elucidating, for example, if the carbon is ‘old’ and originating from mature peat, 
or ‘young’ and originating from recently decayed vegetative matter. Across a catchment, 
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temporal changes to DOC composition may be determined such as seasonal, yearly and 
multi-year cycles. Spatial changes to DOC may also be revealed, showing how DOC 
origin has an influence on its rate of decomposition.   
Future carbon budget research in the Burrishoole catchment could also be scaled up to 
include both aquatic and terrestrial ecosystems. There is an increasing interest in resolving 
integrated ecosystem carbon budgets which has resulted in a growing number of studies 
incorporating both aquatic and terrestrial OC budgets (e.g. Stets et al., 2009; Ran et al., 
2015). According to Webb et al., (2018) ‘the overall importance of aquatic pathways to 
ecosystem carbon budgets remains unresolved’ and ‘at present, aquatic carbon fluxes are 
inconsistently evaluated in the context of landscape carbon budgets’. The wider 
Burrishoole catchment could be used therefore to amalgamate both land-based carbon 
budgets, such as plantation forestry or blanket peatland terrestrial OC budgets with lake 
and stream OC budgets.  
The installation of an Eddy Covariance (EC) tower would be required if a catchment-
scale budget were to be attempted. EC towers are commonly used as a tool to study H2O 
budgets and CO2 and CH4 emissions in agricultural, forestry and wetland research. An 
EC tower can directly measure CO2 and CH4 emissions from the lake, at high frequency, 
in all weather conditions. The tower would negate the requirement to measure gas fluxes 
on the lake using floating chambers, a technique that generally requires calm conditions. 
Such conditions are relatively rare on the windswept western coast of Ireland, and the 
turbulent, choppy waters of Lough Feeagh make the use of floating chambers difficult. 
The flux tower could also be moved periodically to capture CO2 and CH4 exchanges on 
the various ecosystems that make up the Burrishoole catchment.  
6.4 Personal Development 
Successful limnological studies depend upon an understanding of the interactions of 
processes in aquatic systems, under a broad range of scientific disciplines, including; 
physics, chemistry, biology, geology, meteorology, and hydrology.  To do limnological 
research well, studies must incorporate a broad range of specialities holistically in order 
to make sense of the function, structure, and temporal change of an aquatic system. 
Limnological investigations draw, quite uniquely, upon a diverse range of skills and also 
foster teamwork, incorporating groups of scientists with diverse interests and expertise. I 
believe that the major drivers of my personal development as an environmental scientist 
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during the course of my study, has been both the diverse and broad range of disciplines 
that were required to be studied and integrated, and the collaborative nature of the work.  
Teamwork was a major element in the successful completion of the three main chapters 
of this thesis. In addition to this main body of work, I also collaborated on four further 
research publications during the course of my studies.  Two of these publications were 
based on data from the Burrishoole catchment and two were based on collaborative 
research from the so-called ‘EuroRun’ and ‘EuroMethane’ projects that allowed me to 
team up with scientists researching similar topics across Europe. The four publications 
are described and presented in the appendices. My attendance at one of the Global Lake 
Ecological Observation Network (GLEON) yearly meetings enabled my introduction to 
scientists that are at the forefront of research developments within lake science. While all 
of these collaborations were a crucial to broadening and deepening my understanding of 
the subject of limnology, they were also vital to improving my critical thinking skills and 
helping to develop my abilities as a scientist.   
7 Concluding Statements 
This thesis amalgamates three separate studies of C processing and cycling in the 
Burrishoole catchment and Lough Feeagh. These studies are important from a number of 
perspectives. Firstly, there is a gap in the literature, where knowledge of C transport and 
processing in humic lakes in temperate maritime climate zones is poorly understood. 
These studies contribute to the literature and improve the dearth of knowledge in this area.   
Secondly, the work has uncovered some unique and interesting findings. For example, in 
the first study (Chapter 3), the statistical linking of the NAO to the multi-annual variation 
of lateral carbon transport, copper-fastens the connection between global climate and C 
dynamics in peatland catchments. These links are further explored in the second study 
(Chapter 4), where the annual, single peak of lake pCO2 – in itself an interesting finding 
– was explained by incoming DOC from the catchment. The sharp drop of pCO2 that 
coincided with a period of drought and reduced DOC input, confirmed the relationship 
and also signalled how the effects of climate change may impact C processing in the 
future.  
Thirdly, the measurement of pCO2 in the lake and subsequent modelling of CO2 emissions 
that were reported in Chapters 4 and 5 showed that Lough Feeagh was supersaturated 
with CO2 and was therefore a continuous source of GHG emission. The calculation of 
this emission as an element in the OC budget of the lake also helps in the accounting of 
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waterborne greenhouse gas emissions from peatland ecosystems at a regional and national 
scale and further informs GHG budgets and policy.   
Finally, the work presented in the third study (Chapter 5) is, to the best of the author’s 
knowledge, the first organic carbon budget of a lake in Ireland. The results of the budget 
highlight the sheer mass of organic C overturned in the lake during a solar cycle and 
provide valuable insights into the redistribution and ultimate fate of OC in the catchment. 
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Characterisation of salmonid food webs in the rivers and lakes of an Irish peatland 
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and statistical data analysis on an array of rain-gauge monitors throughout the 
Burrishoole catchment to elucidate total rainfall volumes within specific time periods 
and catchment areas. He also assisted the principal author with the production of a 
number of figures and graphs within the publication and contributed to a portion of the 







Appendix C contains the following paper, Abundance and biogeography of 
methanogenic and methanotrophic microorganisms across European streams. (2020). 
Nagler, M. Praeg, N. Niedrist, G.H. Attermeyer, K. Catalán, N. Pilotto, F. Gutmann 
Roberts, C. Bors, C. Fenoglio, S. Colls, M. Cauvy-Fraunié, S. Doyle, B. Romero, F. 
Machalett, B. Fuss, T. Bednařík, A. Klaus, M. Gilbert, P.  Lamonica, D.  Nydahl, A.C. 
González-Quijano, C.R. Bistarelli, L.T. Kenderov, L.  Piano, E. Mor, JR. Evtimova, V. 
deEyto, E. Freixa, A. Rulík, M.  Pegg, J. Ortega, S.H.  Steinle, L. Bodmer, P. Journal of 
Biogeography; 00:1-14. For this study, which ranged across 16 European streams from 
northern Spain to northern Sweden and from western Ireland to western Bulgaria, 
community compositions of methanogenic and methanotrophic microorganisms were 
described at large spatial scales. Their abundances were linked to potential sediment 
production and oxidation rates. Brian Doyle chose a suitable location and collected 
stream sediment core samples for one site in the study. He also assisted in the 




Appendix D contains the following manuscript, Attermeyer, K, Casas-Ruiz, JP. Fuss, T. 
Pastor, A. Cauvy-Fraunié, S. Sheath, D. Nydahl, A.C. Doretto, A. Portela, A.P. Doyle, 
B.C. Simov, N. Gutmann Roberts, C. Niedrist, G.H. Timoner, X. Evtimova, V. Barral-
Fraga, L. Bašić, T. Audet, J. Deininger, A. Busst, G, Fenoglio, S. Catalán, N. de Eyto, 
E. Pilotto, F. Mor, JR. Monteiro, J. Fletcher, D. Noss, C. Colls, M. Nagler, M. Liu, L. 
González-Quijano, CR. Romero, F. Pansch, N. Ledesma, J.L.J. Pegg, J. Klaus, M. 
Freixa, A. Herrero Ortega, S. Mendoza-Lera, C. Bednařík, A. Fonvielle, JA. Gilbert, P. 
Kenderov, L.A. Rulík, M. Bodmer, P. Substantial carbon dioxide flux changes from day 
to night across European streams (2021) Nature Communications Earth & Environment 
(In Review). This paper presents the results of a Europe wide collaborative study, also 
known as the EuroRun project, comprising a year-long investigation of day and night-
time CO2 fluxes of running streams. Fluxes were directly measured once per season 
using drifting chambers in 34 streams across 11 European countries. As lead member of 
the Irish team, Brian Doyle attended a workshop at the Erken Laboratory, a facility 
connected to Uppsala University, located at Lake Erken in Norrtälje, Sweden. At the 
workshop, participants were trained to: assemble the floating chambers, measure CO2 
fluxes using the chambers and to analyse the data. Brian Doyle then conducted the CO2 
flux analysis on two streams in the Burrishoole catchment during 2017.   
Regional CO2 fluxes are important for the understanding of the global carbon cycle and 
greenhouse gas balances. The aim of the Eurorun project was to assess seasonal and 
annual CO2 fluxes from running waters at multiple locations across Europe. The project 
was the first coordinated European-wide study to examine fluvial CO2 fluxes. The 
temporal extent of the sampling regime allowed the comparison of seasonal and diurnal 
fluvial CO2 fluxes and the spatial spread of sites allowed the examination of differences 
between northern and southern Europe. The measurements were conducted with floating 
chambers equipped with mini-loggers to continuously measure CO2 in the chamber 
headspace. Initially the project participants attended a workshop where they constructed 
a flux chamber and were trained how to measure and analyse their data correctly. 
Following training, the participants conducted aquatic flux measurements in their home 
country in different running waters within coordinated periods during the day and night. 
A unique dataset was generated that allowed the estimation of CO2 fluxes from a sample 
of European running waters.  
 
 
The principal aims of the Eurorun project was to achieve a better estimation and 
understanding of riverine CO2 fluxes and their underlying mechanisms, as well as 
improving current regional and global carbon budgets. Team members in the Eurorun 
project represented a wide range of European countries including: Ireland, the United 
Kingdom, France, Germany, Sweden, Bulgaria, Spain, Switzerland, Denmark, Italy, 
Austria and The Czech Republic. The project began with a workshop, the focus of which 
was to learn the required knowledge and skills to assemble a proprietary floating chamber 
to measure and analyse CO2 fluxes from aquatic environments. The 3-day workshop 
included practical, hands-on lessons in assembling and building, calibrating and 
deploying carbon dioxide sensors. There were also demonstrations on the use of software 
that is distributed with the sensors. At the end of the workshop, each team member had 
built and tested their own sensor to bring away and use in the field. The workshop also 
gave the participants opportunity to meet and strengthen collaborations among early 
careers limnologists. On return to their own countries, each team then performed 
simultaneous measurements, on four separate occasions between October 2016 and June 
2017.  In each field campaign CO2 emissions from running streams were measured at 
daytime and night time.  
For the Eurorun project, CO2 fluxes are measured on the rivers using floating chambers 
with CO2 sensors (CO2 Engine® ELG, SenseAir AB) installed inside the chambers. The 
sensors are powered by 9V batteries, and log the CO2 concentrations inside the chambers. 
The chambers and sensors were assembled according to instructions set out in Bastviken 
et al (2015).  
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CHARACTERISATION OF SALMONID FOOD 
WEBS IN THE RIVERS AND LAKES OF AN 
IRISH PEATLAND ECOSYSTEM
Elvira de Eyto, Brian Doyle, Niall King, Tommy Kilbane,  
Ross Finlay, Lauren Sibigtroth, Conor Graham, Russell Poole,  
Elizabeth Ryder, Mary Dillane and Eleanor Jennings
ABSTRACT
Peatlands are being degraded by the combined impacts of land use and climate change. Carbon stored 
in peat is a key constituent of aquatic food webs in rivers and lakes of humic catchments, and changes 
in the downstream transport of this allochthonous carbon may have considerable implications for 
the production of Atlantic salmon and brown trout. Understanding the food web of these keystone 
species is therefore crucial to their conservation in a changing world. Here, we use a combination 
of stomach content analysis (SCA) and stable isotope analysis (SIA) to characterise the diet of juve-
nile salmonids in aquatic habitats of a typical Irish peatland catchment (Burrishoole). SCA showed 
that Diptera, Ephemeroptera, Plecoptera and Trichoptera were the main components of the diet 
of juvenile salmonids. Daphnia were the primary prey item in salmon smolt stomachs. The average 
stable isotope signature of salmonids was 9.26 ± 0.87‰ δ 15N and -25.6 ± 1.99‰ δ13C, but differed 
between species, age class and habitat (river vs lake). Salmonids were supported by a wide range of 
carbon energy sources, with δ13C increasing as fish moved downstream out of the headwater rivers 
and into a large downstream lake.
INTRODUCTION
Peatlands occupy approximately 20% or 14,000km2 
of the land area of Ireland (Connolly and Holden 
2009), holding up to 75% of national soil carbon 
stocks (Renou-Wilson et al. 2011). Healthy peat-
lands provide a wide range of ecosystem services, 
including carbon storage, climate regulation, bio-
diversity support, water filtration and supply, and 
hydrological control (Bonn et al. 2009). The waters 
draining peatlands underpin many of these services, 
and the ecological quality of the rivers and lakes in 
peatland catchments are crucial to the functional 
integrity of peatlands as a whole. The rivers and 
streams draining peatlands are important conduits 
linking terrestrial and oceanic ecosystems by trans-
porting soil organic carbon from land to sea (Asmala, 
Carstensen and Räike 2019). It is widely acknowl-
edged that peatlands and their aquatic ecosystems 
are especially sensitive to climate change (Ise et al. 
2008), and that resultant changes in these import-
ant long-term stores are occurring. For example, 
increases in organic carbon (OC) concentrations 
has already been reported in many aquatic peatland 
ecosystems in the Northern Hemisphere (Freeman 
et al. 2001; Jennings et al. 2010; Couture, Houle and 
Gagnon 2012; Asmala et al. 2019).
Salmonids (Atlantic salmon Salmo salar L., 
brown trout Salmo trutta L.) and European eel 
(Anguilla anguilla L.) are keystone native species in 
the aquatic habitats of peatland catchments span-
ning the Atlantic seaboard of western Europe. These 
species exert considerable top down control on all 
aspects of the ecology of rivers and lakes in these 
catchments (O’Gorman, Lantry and Schneider 2004; 
Layer et al. 2011). Terrestrial (allochthonous) support 
of aquatic food webs, such as pulses of organic mat-
ter (both particulate and dissolved) can be signifi-
cant (e.g. Solomon et al. 2011; Bartels et al. 2012; 
Wilkinson et al. 2013), meaning that changes such as 
peatland degradation or increased afforestation can 
have significant implications for the production of 
juvenile fish (Tanentzap et al. 2014).
It is currently unknown how changes in the 
terrestrial carbon cycling in peatlands will affect 
the production of salmon and trout, although 
recent work indicates that it is likely to be a com-
plex response (Finstad et al. 2014). In addition, the 
role that salmonids have on controlling carbon 
cycling through river and lakes has yet to be deter-
mined. Recent research has quantified the role that 
marine fish populations have on the carbon cycle 
of oceanic waters (Trueman et al. 2014), where it 
was estimated that benthopelagic fishes from the 
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likely to increase further as peatlands destabilise with 
climate warming (Jones, Donnelly and Albanito 
2006; Gallego-Sala et al. 2010). However, a current 
gap in our knowledge is the role that fish play in the 
aquatic food web, and to what extent their produc-
tion is determined by carbon sources. A first step in 
filling this gap is to fully characterise the food web 
of the rivers and lakes in Burrishoole, which is the 
aim of this study. Stable isotope analysis (SIA) and 
stomach content analysis (SCA) were carried out on 
the same fish samples, with the aim of cataloguing 
and understanding how the feeding ecology of sal-
monids in Burrishoole varies with species (salmon 
and trout), age class (0+, 1+ and smolt) and habitat 
(river, littoral lake and pelagic lake) over the short 
(days) to medium (months) term. SCA was used to 
provide a snapshot of the diet of fish at a given time 
and inform the SIA. Shifts in diet along the head-
water to sea gradient were also inferred from the 
SIA, along with the trophic position of invertebrates 
and fish. In conducting this study, we wish to pro-
vide a baseline against which future changes can be 
assessed, and background for the design of studies 
with more specific research questions.
MATERIAL AND METHODS
Burrishoole is a small (100km2) upland catchment 
(53° 56’ N, 9° 35’ W) draining into the North-east 
Atlantic through Clew Bay (Fig. 1). Climatically 
influenced by the Atlantic Ocean (Jennings et al., 
2000; Allott, McGinnity and O’Hea, 2005; Blenckner 
et al., 2007), the catchment experiences a temperate, 
oceanic climate with mild winters and relatively cool 
summers. Maximum summer air temperatures rarely 
exceed 20°C, while minimum winter temperatures 
are usually between 2°C and 4°C. The base geology 
on the western side of the catchment is predominantly 
quartzite and schist, leading to acidic runoff with 
poor buffering capacity. By comparison, the geol-
ogy on the eastern side is more complex as quartz-
ite and schist are interspersed with veins of volcanic 
rock, dolomite and wacke, leading to higher buffering 
capacity and aquatic production. Soils in the catch-
ment comprise poorly drained gleys, peaty podzols 
and blanket peats. Lough Feeagh is the largest fresh-
water lake in the catchment (Surface area = 4km2, 
maximum depth = 45m), and is oligotrophic (total 
phosphorous <10 µg l-1), highly coloured (c. 80mg l-1 
PtCo) due to high levels of dissolved organic carbon 
(DOC), and slightly acidic (pH = c. 6.7) with low 
alkalinity (<20mgl-1 CaCO
3
) (de Eyto et al. 2016b).
BIOLOGICAL ANALYSIS
Samples for isotopic determination were collected 
concurrently around Lough Feeagh in 2015 and 
UK-Irish continental slope capture and store a vol-
ume of carbon equivalent to over 1 million tonnes 
of CO2 every year. It is possible that the freshwater 
fish of peatland habitats can exert a similar influ-
ence, but the magnitude of the transfer of carbon to 
fish biomass along the LOAC (land-ocean-aquatic 
continuum) is, as yet, unknown. The Burrishoole 
catchment on the western seaboard of Ireland is an 
internationally important index site for diadromous 
fish monitoring, with long-term records of salmon, 
trout and eel densities and migration (Poole et al., 
2006, 2018; McGinnity et al. 2009; de Eyto et al. 
2016a). Over the last 20 years, considerable prog-
ress has been made on resolving the carbon cycle 
of the aquatic ecosystems in the catchment through 
the use of the long-term environmental monitor-
ing data. It has already been shown that the supply 
of allochthonous carbon to surface waters is largely 
determined by hydrological and meteorological fac-
tors (discharge, air temperature) (Ryder et al. 2014; 
Doyle et al. 2019), which are projected to change as 
climate change accelerates (Fealy et al. 2014). This 
is predicted to result in larger exports of organic 
carbon from peat to rivers and lakes (Jennings et al. 
2010). Palaeolimnological investigations of the two 
largest freshwater lakes in the catchment (Feeagh 
and Bunaveela) have revealed a changing aquatic 
environment, primarily related to land use changes 
in the second half of the twentieth century (Dalton 
et al. 2014). Commercial coniferous forestry was 
established from the 1950s and currently covers 23% 
of the catchment area. In addition, sheep numbers 
in the catchment increased rapidly from about 500 
in the 1970s to a high of ~10,000 by 2000, before 
decreasing as a result of destocking incentives. 
Organic matter (% LOI: loss on ignition) fluctuated 
throughout sediment cores taken from the lakes, but 
increased in the second half of the century, coinci-
dent with increased erosion of upland peats. Increases 
in levels of %C (~10 to 20) and δ15N (<2 to 2.5‰) 
in the sediments of Feeagh coincided with organic 
matter increases and are within the range character-
istic of terrestrial plants, and ratios of C:N greater 
than twenty indicated a predominantly terrestrial 
source for organic matter (Meyers 2003). These land 
use changes manifested as increased erosion of peat, 
increased export of sediment into the lakes and a 
reduction in water clarity (Sparber 2012). Biological 
communities in Lough Feeagh (diatoms and cladoc-
erans) have been impacted by these changes (Dalton 
et al. 2014), and we know that the pelagic com-
munities in Lough Feeagh are currently primarily 
supported by allochthonous carbon at specific times 
in the year (Ryder 2015).
There is, therefore, much evidence to sug-
gest that the aquatic food webs of Burrishoole are 
dependent on, or influenced by, terrestrial alloch-
thonous sources, and that this influence may have 
increased over the last six decades. This influence is 
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to a fine powder in a pestle and mortar, and weighed 
into individual pre-weighed tin cups.
Five samples of peat soils were collected on 
Lettermaghera bog (Fig. 1) in October 2015 using a 
plastic corer. Cores were taken from bare peat only. 
2016 (Fig. 1) according to methods described below 
(and listed in Table 1) and following techniques 
described in Solomon et al. (2011), Karlsson et al. 
(2012) and Tanentzap et al. (2014). All samples were 
dried in an oven for 24 hours at 50°C, then crushed 



















Salmon and Trout (Feeagh)
Salmon and Trout (Lodge)
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Mineral soils were collected at five separate locations 
on the eastern side of Lough Feeagh. The chosen 
soil samples represent a range of mineral soils that 
occur in the lake catchment. The mineral soils sam-
pled were mostly podzols with strongly stratified 
horizons. The mineral soils were sampled at loca-
tions shown in Fig. 1. Surficial lake sediment was 
taken from traps in the north and centre of Lough 
Feeagh, which were in place between 15 June and 
20 October 2015. Sediment from five traps was 
emptied into separate bottles. A subsample of each 
bottle was filtered through GF/F filter paper and the 
filtered solid used for analysis.
Terrestrial primary producers (leaves) were 
sampled in October 2015. Representative bog 
plants were sampled by selecting fresh (growing) 
vegetation from hummocks on Lettermaghera bog 
(Fig. 1). The leaves and young branches of Calluna 
vulgaris (L.) Hull, Molinia caerulea (L.) Moench and 
Sphagnum spp. were cut and put into a zip lock bag. 
Conifer needles were cut directly from a stand of 
Pinus contorta Douglas ex Loudon conifers adjacent 
to the Srahrevagh river. In addition, decomposing 
leaf litter was collected from dead leaves floating 
in the littoral area of Lough Feeagh. Leaves were 
mostly from Fraxinus (L.), Salix (L.), Betula (L.), and 
Quercus (L.) species. All samples were cut into small 
pieces for processing.
Five samples of river periphyton were collected 
from the Black River (Fig. 1) in October 2015. One 
rock submerged in the river channel was chosen 
per sample. Each rock was placed in a white tray, 
scrubbed with a tooth brush and washed with dis-
tilled water. The water from each sample was stored 
in a pre-washed separate bottle. In the laboratory 
each of the five samples was filtered thorough GF/F 
filers and the filtered solid used for analysis. Lake 
periphyton was sampled from tiles were placed in 
Table 1—Samples collected for Stable Isotope Analysis including number of individuals, loca-
tion and date of sampling






Lake Trout (0+) Draft net 10 15 7 Oct 2015
Lake Trout (1+) Draft net 10 15 7 Oct 2015
Lake Salmon (0+) Draft net 10 15 7 Oct 2015
Lake Salmon (1+) Draft net 10 15 7 Oct 2015
River Trout (0+) Electrofishing 5 16 and 17 12 Oct 2016
River Trout (1+) Electrofishing 5 16 and 17 12 Oct 2016
River Salmon (0+) Electrofishing 5 16 and 17 12 Oct 2016
River Salmon (1+) Electrofishing 5 16 and 17 12 Oct 2016
Migrating Salmon (smolts) Lake Outflow Trap 20 14 3-25 May 2016
Source
Terrestrial
Peat Cores 5 12 19 Oct 2015
Lake leaves Hand collection 5 3 19 Oct 2015
Mineral Soils Cores 5 * 19 Jan 2015
Bog plants Hand picked 5 1 19 Oct 2015
Conifer needles Hand picked 5 2 19 Oct 2015
Diptera (adult flies) Hand picked 4 20 31 Oct 2016
Pelagic
Zooplankton (Daphnia sp.) Vertical haul 3 21 19 Oct 2015
Zooplankton (Cyclopoid sp.) Vertical haul 3 21 19 Oct 2015
Benthic
River periphyton Scrapped off rocks 5 13 19 Oct 2015
Lake periphyton Tiles 5 4 19 Oct 2015
Lake invertebrates (Gammarus 
duebenii)
Sweep net 3 5 19 Oct 2015
Lake invertebrates (Heptagenia sp.) Sweep net 5 5 19 Oct 2015
River invertebrates (Mayfly sp.) Sweep net 3 6 27 Oct 2016
Profundal
Surficial sediment Sediment traps 5 18 and 19 19 Oct 2015
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considered as a sample. Five Gammarus individuals 
were considered a sample. River invertebrates (a 
mix of three may fly species, Baetis rhodani (Pictet 
1843), Heptagenia sp. and Rhithrogenia semicolorata 
(Curtis 1834)) were similarly sampled and processed. 
Winged (adult) Diptera were sampled by handpick-
ing them from the lake shore as they were caught 
in spider webs suspended at approximately 1 metre 
height. Five to ten flies were grouped for a sample, 
and four samples were collected.
Littoral lake samples of salmon and trout (+0 
and +1) were caught in a draft net in October 2015 
(Fig. 1). River samples of salmon and trout (+0 and 
+1) were caught by electrofishing in October 2016 
from two upland rivers above Lough Feeagh (the 
Lodge and Srahrevagh river). Salmon smolts (2+) 
were sampled as they migrated downstream through 
fish traps at the seaward end of Lough Feeagh 
during the smolt run of May 2016 and these were 
classified as having come from pelagic lake habitat. 
Fish sample sizes are given in Table 1. As the trout 
population of Burrishoole is primarily resident (i.e. 
non-anadromous), only 0+ and 1+ fish were sam-
pled for this study, both from river and littoral lake 
habitats (Table 2). The fish were immediately stored 
in a freezer (-18 °C) until the time of dissection. The 
fish were later (within 3 months of being caught) 
defrosted and their digestive tracts removed. A sam-
ple of white flesh was removed from each fish and 
care was taken to avoid bone, skin, scales and other 
non-muscle material. The stomach content of each 
fish was dissected, and the occurrence of various 
prey items was counted. Individuals were generally 
identified to order.
the littoral zone of Lough Feeagh in on 5 August 
2015 and removed on 20 October 2015. Each tile 
was scrubbed with a toothbrush and rinsed with dis-
tilled water into a separate pre-washed bottle. In the 
laboratory each sample was filtered through GF/F 
filter paper and oven-dried. Following drying it was 
discovered that the required mass of material could 
not be scraped off the filters for analysis. Instead, sev-
eral cores of each sample were taken from each of the 
filter papers and weighed into a pre-weighed tin cup. 
Cores were also cut from unused, dried filters and an 
average weight was measured (N = 10). The mass of 
each lake periphyton sample were calculated as:
(Mass of sample + core) –  
(Average mass of unused core) = Mass of sample
Zooplankton were sampled in October 2015 
using a vertical haul through the water column from 
20m with a conical zooplankton net (53µm mesh). 
100 individual cyclopoid copepods, calanoid cope-
pods and Daphnia sp. were counted into beakers 
containing filtered lake water and left overnight to 
allow their guts to evacuate. Three samples of each 
group (nine beakers in total) were prepared. Each 
sample was then washed with deionised water and 
placed in porcelain crucibles for processing.
A kick-sample net was used to sample benthic 
invertebrates in the lake littoral region in October 
2015. Individuals of Gammarus duebenii celticus Stock 
and Pinkster 1970 and Heptagenia sp. Walsh, 1863 
were picked out by hand and left in filtered lake 
water overnight for them to expel their gut con-
tents. For Heptagenia (mayfly), ten individuals were 
Table 2—Stomach contents of salmon and trout of differing ages and habitats in the 
Burrishoole catchment. Values are the number of fish stomachs which contained each taxa.
Salmon Trout Total % 
occur-
rence
Age 0+ 1+ 0+ 1+ 2+ (smolt) 0+ 1+ 0+ 1+
Habitat littoral littoral river river pelagic littoral littoral river river
n 7 10 5 5 24 12 10 6 5 84
Diptera 3 10 3 1 16 5 8 5 5 56 67%
Ephemeroptera 5 8 0 0 3 7 6 2 1 32 38%
Plecoptera 3 3 2 4 2 6 7 2 2 31 37%
Trichoptera 0 7 3 2 6 0 3 1 4 26 31%
Coleoptera 0 2 4 2 0 3 5 2 3 21 25%
Daphnia 0 0 0 0 21 0 0 0 0 21 25%
Mollusca 0 7 1 2 0 0 1 0 1 12 14%
Amphipoda 1 0 0 0 0 2 3 0 0 6 7%
Bosmina 0 0 0 0 6 0 0 0 0 6 7%
Cyclopoid 0 0 0 0 5 0 0 0 0 5 6%
Hymenoptera 1 0 0 0 0 0 3 0 0 4 5%
Lepidoptera 1 0 0 0 0 1 1 0 0 3 4%
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All pre-weighed samples were analysed by the 
Colorado State Plateau Stable Isotope Laboratory 
at Northern Arizona University, using a Thermo-
Electron Delta V Advantage IRMS configured 
through a Finnigan CONFLO III for automated 
continuous-flow analysis of δ15N and δ13C, and a 
Carlo Erba NC2100 elemental analyser for combus-
tion and separation of C and N. Stable isotope ratios 
were expressed in δ notations as parts per thousand 






The standard for carbon was the Vienna Pee 
Dee belemnite (VPDB) and atmospheric nitrogen 
(AIR) for nitrogen. NIST 1547 (peach leaves) was 
used as the internal laboratory working standard to 
check on measurement reproducibility throughout 
each run. The isotope correction standards used 
were IAEA CH6 and CH7 for δ13C, and IAEA N1 
and N2 δ15N. The precision for this analysis run (cal-
culated from the standard deviations for the NIST 
peach leaves) was ±0.09‰ for δ13C and ± 0.08‰ 
for δ15N.
DATA ANALYSIS
The stomach contents of groups of fish were visu-
alised using nMDS (following double square root 
transformation and calculation of Bray-Curtis dis-
similarities) with the R package vegan (Oksanen 
et al. 2015) and analysed for differences between 
groups using the adonis function (analysis of variance 
using distance matrices) (McArdle and Anderson 
2001). The input data for this analysis was the num-
ber of individuals of each taxon that were found in 
each fish stomach (Supplemental information II)
Following the recommendation of Post et al. 
(2007), animal samples with a C:N ratio >3.5 were 






-3.3 + 0.99 * C:N
Trophic position (TP) was estimated within 
each sampled habitat (river and lake) using either 









where 3.23 ‰ is the trophic-enrichment factor 
taken from the literature, δ15N baseline is the mean 
δ15N value of the baseline resource of the system, 
and λ is the trophic position of the baseline resource 
(1 for periphyton, 2 for primary consumer) (Vander 
Zanden and Rasmussen 2001; Manetta, Benedito-
Cecilio and Martinelli 2003; Dekar et al. 2011; 
Wieczorek et al. 2018).
We used mixing models with the SIAR package 
in R to determine the most likely dietary sources 
for river and lake fish and hence evaluate the pro-
duction base supporting juvenile salmonids in both 
habitats. SIAR is a Bayesian mixed model that uses 
Markov Chain Monte Carlo simulations to deter-
mine the probable contribution to diet of different 
prey sources (Parnell et al., 2008). We used con-
sumer-based dual- isotope models (δ13C and δ15N) 
for fish from each habitat, with the end members 
being the signatures of aquatic macroinvertebrates, 
adult flies and pelagic zooplankton. All sampled food 
sources were included in the lake model (both river 
and lake invertebrates) as theoretically, lake fish may 
only have been in the lake for a very short period 
of time and may still maintain a ‘riverine’ dietary 
signal. In contrast, we assume that fish caught in the 
rivers had never spent time in the lake, and so the 
end members for the river model were only those 
invertebrates sampled in the river (mayfly) and adult 
flies. We used trophic enrichment values of 0.91 ‰ 




We carried out stomach analysis on 84 fish as part 
of this study, and 12 different taxa were represented 
across all fish (Table 2). One individual each of 
Hymenoptera (ants) and Lepidoptera (moths and 
butterflies) were found in the stomachs of the river 
salmon – these were excluded from analysis owing 
to their rarity. Diptera (flies) were the most com-
mon food item found in the stomachs, with a mix 
of both terrestrial and aquatic life stages. 67% of fish 
had Diptera in their stomachs at the time of sam-
pling, followed by Ephemeroptera (mayflies: 38%), 
Plecoptera (stoneflies: 37%) and Trichoptera (caddis-
flies: 31%). When all 84 fish were analysed together, 
there were significant differences in the stom-
ach contents of the various groups of fish (adonis, 
p=0.001, F=6.13, n=84), the most notable differ-
ence being the diet of 2+ salmon (smolts migrating 
from the pelagic zone of Lough Feeagh) when com-
pared with all other groups (Fig. 2). For fish sampled 
in the Lodge and Srahrevagh rivers, species was a 
significant source of variation in observed stom-
ach contents (adonis, p=0.03, F=3.27, n=21), with 
trout stomachs containing relatively more Diptera, 
while salmon were eating more Plecoptera (Fig. i, 
Supplemental Information). Age class was not a sig-
nificant source of variation in the diets of river fish, 
with large overlap between the food items of 0+ and 
1+ fish. In contrast, in the littoral region of Lough 
Feeagh, the age of the fish (0+ vs 1+) was a more 
important discriminant of diet (adonis, p=0.009, 
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sampled in the rivers, although they were very com-
mon in the lake fish. While the diet of 0+ and 1+ 
river salmon overlap considerably, there was quite 
a divergence between 0+ and 1+ diets in the lake 
fish, with Trichoptera and Mollusca being absent 
from 0+ stomachs, but occurring in 70% of the 1+ 
stomachs.
Although there was more overlap in the stom-
ach contents of trout than those of salmon described 
above, there were still some significant differences in 
the taxa found in the stomachs of lake trout com-
pared to those of river trout (adonis, p<0.01, F=2.14, 
n=33) (Fig. 4). In particular, Amphipoda (Gammarus 
duebenii) were found in several lake trout, but not 
at all in river trout, while lake trout also had higher 
occurrences of Plecoptera and Ephemeroptera 
(Table 2). When amphipods were found in trout 
stomachs, it was in large numbers (17, 53 and 101 
individuals in three fish)
STABLE ISOTOPE ANALYSIS
All the invertebrate samples (but not the fish) had 
a C:N ratio of >3.5, and so were lipid normalised. 
The δ13C of samples ranged between -19.70‰ 
(lake periphyton) and -31.92‰ (conifer needles), 
and the δ15N ranged between -3.26‰ (bog plants) 
F=3.02, n=39) than the species (salmon vs trout), 
with the 0+ feeding more on Ephemeroptera and 
Plecoptera, and 1+ fish of both species feeding more 
on Trichoptera and Diptera (Fig. ii, S.I.).
In order to examine the changes in diet as 
fish aged, salmon and trout were also analysed sep-
arately. There was a difference between the stom-
ach contents of the pelagic salmon smolts (2+) and 
the 0+ and 1+ salmon from river and lake littoral 
habitats (adonis, p<0.001, F=14.77, n=49) (Fig. iii, 
S.I.). The smolts were eating mainly zooplankton, 
predominantly Daphnia sp., with an average num-
ber of 200 individual Daphnia per smolt stomach. 
21 out of 23 salmon smolts examined had large 
numbers of Daphnia in their stomachs. Two other 
zooplankton taxa, Bosmina sp. and cyclopoid cope-
pods, were also found in the salmon smolt stom-
achs, along with Diptera and small numbers of EPT 
(Ephemeroptera, Plecoptera and Trichoptera). When 
analysed separately from the salmon smolts, there 
was some separation between the stomach contents 
of salmon sampled in rivers and those sampled in the 
lake littoral region (Fig. 3) (adonis, p<0.001, F=7.17, 
n=27). Coleoptera and Plecoptera were found more 
frequently in the river salmon, while the lake salmon 
had higher occurrences of molluscs. Ephemeroptera 
were not found in the stomachs of any salmon 
Figure 2—nMDS ordination of the stomach contents of salmon and trout sampled in the 
Burrishoole catchment from river and littoral lake habitats. Ellipses are plotted as the standard 
error of the (weighted) average of scores, and the grey lines indicate segments connecting each 
























This content downloaded from 
              86.41.18.39 on Thu, 23 Apr 2020 09:17:30 UTC               
All use subject to https://about.jstor.org/terms
Biology And EnvironmEnt
8
and 10.02‰ (Salmon 1+ lake) (Table 3). While the 
δ13C of the lake periphyton seems to be an out-
lier in comparison to all other samples, it is within 
the range of other measurements in freshwater 
ecosystems (Jardine et al. 2003) and so we have 
included it in further analysis. The δ13C measured 
in the fish ranged between -31.32 and -21.54, with 
fish becoming less depleted in δ13C as they moved 
down the catchment from headwaters towards the 
sea. The dual isotope plots clearly show the trophic 
structure of the river and lake aquatic ecosystems 
in the catchment, with at least three trophic levels 
being characterised. Terrestrial primary producers 
(plants) are clearly separated at the base of the food 
web, with δ15N values less than 0‰, while fish are 
grouped together at the top, with δ15N between 8‰ 
and 10‰. In the middle of these two extremes are 
invertebrate consumers and a mix of periphyton, 
soils and sediments perhaps colonised with complex 
microbial assemblages (Fig. 5). The trophic position 
Figure 3—nMDS ordination of the stomach contents of salmon sampled in the Burrishoole 
catchment from river and littoral lake habitats (i.e. excluding smolts). Ellipses are plotted as the 
standard error of the (weighted) average of scores, and the grey lines indicate segments 
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Figure 4—nMDS ordination of the stomach contents of trout sampled in the Burrishoole 
catchment from river and littoral lake habitats. Ellipses are plotted as the standard error of the 
(weighted) average of scores, and the grey lines indicate segments connecting each sample to 
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Table 3—Average stable isotope results from samples taken around the Burrishoole catchment 
in 2015/2016.
Sample n d13C ‰ d13Cnorm‰ d15N ‰ %C %N C:N
Basal resources
Peat Soil 5 -28.17 -0.07 59.50 2.45 24.37
Mineral soil 5 -27.77 3.51 12.15 0.50 22.50
Surficial Sediment 5 -28.59 3.55 13.18 0.82 16.29
Bog plants 5 -29.38 -3.26 49.72 1.16 42.92
Conifer Needles 5 -31.92 -1.84 49.04 1.16 42.18
Lake leaves 5 -31.76 -0.82 44.87 1.52 29.48
River Periphyton 5 -27.73 2.77 7.04 0.51 16.16
Lake Periphyton 4 -19.70 4.52 10.10 1.36 7.59
Invertebrates
Adult DIptera 4 -31.50 -30.40 4.08 46.80 10.53 4.47
Mayflies (River) 3 -27.46 -24.58 4.82 51.54 8.27 6.27
Gammarids (lake) 3 -23.77 -22.69 7.02 35.75 8.06 4.44
Mayfly (lake) 5 -27.33 -26.64 8.38 48.66 12.03 4.05
Daphnia 3 -30.17 -27.50 7.34 33.29 5.79 6.05
Cyclopoid 3 -28.08 -26.22 9.64 46.35 8.84 5.23
Fish
Trout 0+ (river) 6 -27.07 8.29 41.83 13.12 3.19
Salmon 1+ (river) 5 -27.65 8.50 42.31 13.06 3.24
Trout 0+ (lake) 17 -25.52 8.67 43.54 13.31 3.34
Salmon 0+ (river) 5 -28.96 8.76 40.98 12.68 3.23
Salmon 0+ (lake) 10 -26.18 8.92 42.78 12.78 3.35
Trout 1+ (river) 5 -27.08 9.03 40.00 12.47 3.21
Trout 1+ (lake) 10 -26.33 9.44 46.04 14.30 3.22
Salmon 2+ (smolt) 24 -24.62 9.67 42.58 13.61 3.14
Salmon 1+ (lake) 20 -24.15 10.02 44.82 13.72 3.27
Figure 5—Dual isotope plot (c13C and c15N) for basal resources, invertebrates (labelled) and fish 
(unlabelled – see Fig. 6) sampled in the Burrishoole catchment. Grey dashed lines indicate 
arbitrary ranges for trophic groups (c15N ) from Jardine et al. (Jardine et al., 2003) and are for 
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of lake primary producers, primary consumers 
and predators appears to be elevated in compari-
son to the same groups in rivers, indicating a more 
complex food web downstream in the catchment 
(Fig. 5). The δ15N of river periphyton was 2.77‰, 
compared to 4.51‰ for lake periphyton. River 
mayflies (primary consumers) had a δ15N of 4.82‰, 
while Gammarus in the littoral regions of Lough 
Feeagh had a δ15N of 7.02‰. Interestingly, mayfly 
in Lough Feeagh appear to be feeding at more than 
one trophic position higher than the same family in 
river, with a δ15N of 8.38‰, which was within the 
range of δ15N measured in fish (Fig. 6). Similarly, 
cyclopoid copepods in Feeagh, which are generally 
considered to be primary consumers had an average 
δ15N of 9.57‰, which was considerably higher than 
the other pelagic consumer, Daphnia, which had an 
average δ15N value of 7.33‰.
If periphyton is used as the baseline for the 
aquatic food webs in Burrishoole’s rivers and lakes, 
salmon and trout occupy a trophic position between 
2 and 3, with a considerable range, particularly in 
lake fish (Fig. xi, S.I.). When a primary consumer 
is used as the baseline, with a trophic position of 2, 
there is a slight shift upwards in the trophic position 
of fish inhabiting the lake, but still occupying a range 
between 2 and 3. Lake mayfly appear to be feeding 
at the same trophic position as the 0+ trout and 
salmon. As we did not sample the true phytoplank-
ton baseline that we would expect zooplankton to 
be feeding on, the trophic position of Daphnia and 
Cyclopoid copepods in Figure 7 should be treated 
with caution, but we note that cyclopoids do seem 
to be feeding at a slightly higher trophic level than 
their pelagic co-inhabitants Daphnia. In the river 
food web, using a primary consumer (a mix of may-
fly species) as a baseline leads to estimated trophic 
positions of greater than three for all four fish groups 
(0+ and 1+ salmon and trout) (Fig. xi, S.I.).
A total of nine fish groups were sampled for 
stable isotope analysis (Table 3) and there was a 
large amount of overlap in the isotope signatures 
of these groups. The most enriched δ15N was found 
in 1+ salmon sampled from the littoral area of 
Lough Feeagh, while 0+ river trout had the least. 
Interestingly, both cyclopoids and mayflies sampled 
in Lough Feeagh had SI ratios in the same range as 
those of fish. Although there is a lot of overlap in the 
SI signatures of the groups of fish, significant dif-
ferences do appear between species, habitat and age 
class. δ15N was less enriched in river fish when com-
pared to lake fish (ANOVA, p < 0.01, F= 21.5), trout 
had significantly lower δ15N than salmon (ANOVA, 
p < 0.01, F = 14.0) and fish became more enriched 
Figure 6—Dual isotope plot (c13C and c15N) for invertebrates and fish (Salmon – S; Trout – T; 
0+ and 1+ and s – 2+ smolt) sampled in the Burrishoole catchment. Grey dashed lines indicate 
arbitrary ranges for trophic groups (c15N ) from Jardine et al. (Jardine et al., 2003) and are for 
indicative purposes only. Green circles are river fish (Rv), red are lake fish (Lk) and black are 
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The diet of 0+ lake trout was roughly similar 
to that of 0+ salmon, with riverine mayflies and 
adult flies making up approximately one third each 
of their diet. Finally, adult flies make up the biggest 
proportion of the diet of 1+ trout in Lough Feeagh, 
followed by riverine mayflies and Daphnia. The diet 
of 1+ trout is the only place where Daphnia appears 
to be somewhat important, indicating that perhaps 
these fish spend some time in the pelagic zone (S.I.).
The biplot of the river dwelling salmonids with 
their prey items indicates that we may have missed 
some important prey items when conducting our 
field sampling, as there were no prey items bounding 
the upper limit of the δ15N range (Fig. 8). However, 
based on this initial analysis, the data indicate that 
mayflies and adult flies can contribute significant 
energy to salmonids in the rivers leading into Lough 
Feeagh. In particular, adult flies may constitute about 
80% of the diet of 0+ salmon in the Srahrevagh and 
Lodge rivers (S.I.).
DISCUSSION
The food items found in the stomachs of salmon 
and trout in Burrishoole were generally as we 
would expect from literature. Salmonids in Ireland 
are known to feed primarily on both the larval and 
adult life stages of EPT taxa and Diptera (Frost 1938; 
in δ15N as they grew from 0+ to 1+ (ANOVA, 
p < 0.01, F = 11.2). Although salmon smolts (2+) 
had higher δ15N than 0+ salmon, it was actually 
lower than the δ15N signature of 1+ lake salmon. 
δ13C did not vary as much as δ15N amongst groups, 
with the only significant difference being between 
habitat (ANOVA, p < 0.01, F = 39) where river fish 
were significantly depleted in δ13C in comparison to 
lake fish. δ13C did not vary with species or age class.
We used the R package SIAR to ascertain the 
likely food sources of groups of fish. In the isoto-
pic δ15N - δ13C biplot, all lake fish fell within the 
area bounded by their prey items, all of which had 
been found during stomach content analysis (Fig 7). 
The results from the Bayesian model indicated vary-
ing prey items were important for each group of 
fish. Riverine mayflies and adult flies were the most 
important prey items for 0+ salmon sampled from 
the littoral region of the lake (S.I.). Riverine may-
flies were also important in the diet of 1+ salmon in 
the lake, but adult flies were not. Instead, Gammarus 
made up approximately one third of the diet of these 
fish. Both riverine mayflies and Gammarus were also 
important components of smolt diets. It is of note 
that Daphnia did not appear, from the SIA, to be an 
important part of the diet of smolts migrating out 
of the lake, even though stomach content analysis 
of the same fish showed that Daphnia were the most 
numerous prey items at the time of capture, with the 
stomachs containing an average of 200 individuals.
Figure 7—Raw isotope data for sources and consumers (lake fish) as a bi-plot. Trophic 
enrichment factors have been applied to the sources. Group 1 = Salmon 0+, group 2 = salmon 
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Stinson 1957; Lehane et al. 2001) and our results 
support this. While some studies report a consid-
erable amount of molluscs and crustaceans in trout 
diets (Dauod, Bolger and Bracken 1986; Byrne, 
Poole and McGinnity 2000), we did not find this to 
be the case, with the exception of some Gammarus 
in five out of 33 trout sampled, all from the lake. 
This is probably a reflection of the acidic nature of 
the Burrishoole catchment and its underlying geol-
ogy, which has low alkalinity, and low concentra-
tions of base cations such as calcium. Occurrences 
of invertebrate taxa that require lots of calcium are 
therefore rare, apart from small pockets in Lough 
Feeagh and some of the rivers draining the east 
side of the catchment where there are veins of well 
buffered rocks. Previous studies have concluded 
that the importance of terrestrial insects becomes 
greater with increasing age of fish (Kelly-Quinn and 
Bracken 1990; Dineen, Harrison and Giller 2007), 
and this may account for some of the differences in 
stomach contents with age class in both salmon and 
trout in this study. However, the largest difference in 
diet, according to SCA, was associated with habitat. 
The stomach contents of lake and river dwelling fish 
of both species were significantly different, likely 
reflecting the differing availability of prey items in 
lentic and lotic habitats.
One surprising feature of the SCA was the pre-
dominance of Daphnia in the stomachs of salmon 
migrating through Lough Feeagh. Salmon can 
successfully feed and grow on a diet of Cladocera 
(Holm and Møller 1984), and some previous studies 
have reported Daphnia in the stomach contents of 
juvenile lake dwelling salmonids (Morrison 1983). 
However, we were unable to find much literature 
describing the binge-feeding that we observed in 
this study. According to the SIA results, both riverine 
mayflies and Gammarus were important components 
of the diet of salmon smolts, which seems counter-
intuitive when compared with the SCA data which 
implied a predominantly pelagic lake diet. It may be 
that the smolts we sampled had come straight out of 
the upstream rivers into the lake, without spending 
enough time in the lake to accumulate a ‘lake’ diet 
signal. We note that it could take up to three months 
for the isotopic composition of new prey items to 
be detectable in consumers (Persson and Hansson 
1999; Davis et al. 2018) and is more useful in assess-
ing diets over weeks to months. Our combined SCA 
and SIA results indicate that even though smolts 
were feeding almost exclusively on Daphnia as they 
migrated through the lake, it was over a relatively 
short period of time, and most of their energy was 
previously derived from benthic invertebrates. It is 
currently unknown what proportion of Burrishoole 
smolts have spent the whole previous year in the 
lake (i.e. when they migrate permanently out of the 
upstream rivers into Lough Feeagh).  However, these 
results imply that their migration time through the 
lake might only be a couple of days or weeks, rather 
than months. As we sampled the smolts over the 
whole migration period, we assume we sampled the 
variation in lake dwelling that occurs in Burrishoole 
salmon, and we conclude that salmon in this system 
generally use the lake habitat for only a very short 
period of time, immediately prior to their migration 
Figure 8—Raw isotope data for sources and consumers (river fish) as a bi-plot. Trophic 
enrichment factors have been applied to the sources. Group 1 = Salmon 0+, group 2 = salmon 
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similar trophic levels in both studies. However, the 
δ15N in trout reported in Dineen (2005) was slightly 
higher, indicting an additional trophic level in that 
study, possibly encompassing 2+ fish, or higher lev-
els of nitrogen in the system. All the trout in our 
study were relatively small 0+ and 1+ fish and their 
δ15N reflects this. Some of the larger values of δ15N 
found across Ireland and Scotland (Table 4) can 
be partially attributed to the size of the fish (e.g. 
Keaveney, Reimer and Foy 2015), as trout become 
progressively more 15N-enriched with fish length, 
particularly as they move to a more piscivorous diet 
(Grey 2001). When comparing δ15N amongst fish 
from different systems however, it is important to 
note that one of the primary determinants of δ15N 
will be the nutrient status of the aquatic habitat, and 
so any comparisons will be more informative when 
the baseline conditions are taken into account.
The range of δ13C measured across Ireland is 
large, particularly for salmon, indicating large vari-
ation in the food sources of salmonids across the 
country. Even data from the most comparable study 
(Dineen 2005) indicated a slightly more enriched 
carbon signature than that recorded in this study, 
with values of -22‰ recorded in some rivers (in 
comparison to our highest value of -24.2‰). This 
may be owing to the inclusion of fish from more 
productive rivers in north Mayo, where significant 
biofilms can provide a source of nutrition. It may 
also be owing to the fact that sampling occurred 
slightly earlier in the year than in the present study, 
and we know that SI signatures can vary significantly 
with time (Syväranta, Hämäläinen and Jones 2006; 
Ryder 2015). Some of the very low values in δ13C 
(e.g. salmon in the river Outeragh) can be attributed 
to sea. Sampling these smolts at a later stage may elu-
cidate the contribution of this binging on Daphnia 
to their overall lifetime success. In general, Daphnia 
are present in Lough Feeagh around the same time 
as the smolt run (late spring into early summer), 
raising the question of what would happen in years 
where there is a mismatch between the smolt run 
and Daphnia bloom. One serious shortcoming of 
our study is that the SIA of Daphnia reported here 
was carried out on samples which were obtained 
several months prior to the smolt sampling (October 
2015 vs May 2016), and it is quite likely that the SI 
signature of Daphnia in May is different from that 
obtained in October of the previous year. Previous 
analysis of the SI signature of Daphnia in Lough 
Feeagh displayed some seasonal variation, with δ13C 
varying between -25.2‰ in October 2011 and 
-27.3‰ in May 2012, and δ15N increasing from 
6.7‰ to 7.8‰ (Ryder 2015). The results from this 
study measured -27.5‰ and 7.34‰, which were 
actually nearer to the values recorded in May 2012 
than those of October 2011. We therefore conclude 
that the Daphnia signal used in our SIAR analysis 
gives a fair indication of the occurrence of Daphnia 
in smolt diet.
While SIA is not a new technique, studies of the 
stable isotope signatures of Irish salmon and trout 
are rather rare. We found reference to five other Irish 
studies (Table 4), some unpublished. Dineen (2005) 
measured δ13C and δ15N in salmon and trout from 
various rivers in North Mayo, including several in the 
Burrishoole catchment. δ15N values in salmon were 
comparable to those reported here, ranging between 
7.8‰ and 11.8‰. Our salmon results ranged 
between 8.5‰ and 10.0‰, indicting fish feeding at 
Table 4—Average stable isotope signatures of juvenile salmon and trout in Irish and Scottish 
waterbodies.
Country Species d13C ‰ d15N ‰ Source
This study Ireland Salmon -28.9 to -24.2 8.5 to 10.0
Mayo rivers Ireland Salmon -29.8 to -22.0 7.8 to 11.8 (Dineen 2005)
Outeragh River Ireland Salmon -39.2 to -35.3 9.4 to 10.7 (Graham et al. 2013)
Lough Neagh Ireland Salmon -30.2 to -28.7 10.8 to 15.7 (Harrod unpublished)
River Inny Ireland Salmon -33.4 to -27.7 11.8 to 15.0 (Maguire et al. 2011)
Upper Lough Corrib Ireland Salmon -28.5 to -26.6 12.5 to 14.0 (Maguire et al. 2011)
This study Ireland Trout -27.1 to -25.5 8.3 to 9.4
Mayo rivers Ireland Trout -29.3 to -22.4 8.4 to 11.0 (Dineen 2005)
River Awbeg Ireland Trout -29.4 to -26.4 10.5 to 12.4 (Graham et al. 2013)
Lough Neagh Ireland Trout -28.8 to -20.0 12.3 to 16.8 (Harrod unpublished)
River Inny Ireland Trout -32.6 to -26.7 11.1 to 17.8 (Maguire et al. 2011)
Upper Lough Corrib Ireland Trout -31.2 to -24.8 8.4 to 15.6 (Maguire et al. 2011)
Lough Erne Ireland Trout -32.6 to -28.8 14.1 to 19.4 (Keaveney et al. 2015)
Lough Lomond Scotland Trout -27.7 to -17.8 8.4 to 14.4 (Etheridge et al. 2008)
River Enrick Scotland Trout -26.0 to -22.5 7.5 to 9.9 (Grey 2001)
Loch Ness Scotland Trout -27.9 to -21.1 8.0 to 14.2 (Grey 2001)
This content downloaded from 
              86.41.18.39 on Thu, 23 Apr 2020 09:17:30 UTC               
All use subject to https://about.jstor.org/terms
Biology And EnvironmEnt
14
to the calcareous nature of the system, with possible 
fixation of methane by primary producers leading 
to depleted carbon isotope ratios (Graham, Harrison 
and Harrod, 2013).
The results from this study show that salmo-
nids in Burrishoole are supported by a wide range 
of carbon energy sources, with the main split along 
the allochthony / autochthony gradient occurring 
as fish move downstream out of the headwater rivers 
and into Lough Feeagh. The shift in δ13C between 
river and downstream lake habitats is consistent 
with the stream continuum concept whereby con-
sumers are highly dependent on allochthonous car-
bon sources in headwaters, and that this dependence 
shifts more to autochthonous sources in down-
stream habitats (Doucett et al. 1996). This is not to 
say that allochthonous sources of energy in down-
stream lakes (e.g. lake litter) are not important, but 
rather that in-lake processing of organic matter and 
the addition of aquatic primary production (lake 
phytoplankton and phytobenthos) may lessen this 
importance. Determining the exact contribution 
of allochthonous and autochthonous sources to the 
diet of salmonids in Burrishoole was not possible 
with the data collected during this study, although 
the results presented here provide a very informative 
first step in designing a follow-up study with more 
targeted fieldwork. This might include trying to 
physically isolate phytoplankton and phytobenthic 
samples and hence accurately measure the baseline 
autochthonous isotopic signature required in mod-
els detecting the carbon source utilized in food web 
studies (Wilkinson et al. 2013; Keaveney et al. 2015).
The inclusion of allochthonous sources, and 
microbial processing of organic matter is likely to be 
the main reason for the range of trophic levels that we 
observed in the salmonid food web of Burrishoole. 
Primary producers (plants) are clearly separated at 
the base of the food web, with δ 15N values less than 
0‰, while fish are grouped together at the top, with 
δ 15N between 8 and 10‰. In the middle of these 
two extremes are invertebrate consumers and a mix 
of periphyton, soils and sediments perhaps colonised 
with complex microbial assemblages. Using both 
periphyton and primary consumers as baselines for 
trophic position calculation placed salmonids some-
where between 2 and 3.5. Determination of trophic 
position is heavily influenced by the baseline δ 15N 
that is used (Anderson and Cabana, 2007), and it 
may be that either the periphyton or the primary 
consumers which we used as our baselines in both 
river and lake habitats were not the true baselines. In 
upstream rivers, we found a large gap in the trophic 
position between our baseline consumer (mayflies) 
and the fish, and it is likely that we missed some sec-
ondary consumers in this food chain. Lake periph-
yton may not truly represent the first trophic level 
of the lake food chain, as it may already have been 
colonised by a wide range of microinvertebrates and 
microbes. For example, had we used decomposing 
leaf litter as our baseline, salmonids would have been 
assigned to a trophic position greater than three. The 
wide range of observed trophic positions assigned 
to juvenile salmon and trout in Burrishoole is likely 
to be a consequence of omnivory, but differences 
in fractionation of nitrogen from one trophic level 
may also play a part (Jones and Waldron 2003). It 
also hints at food web complexity in both Lough 
Feeagh and the upstream rivers. Fish are functionally 
multi-chain omnivores, deriving energy from both 
periphyton- and phytoplankton-based food chains 
(Vadeboncoeur et al. 2005), as demonstrated by the 
wide range of δ 13C values recorded amongst fish 
cohorts (min=-31.3‰, max = -21.5‰), indicating 
wide utilisation of allochthonous and autochtho-
nous sources.
The combination of stomach content analysis 
(SCA) and stable isotope analysis (SIA) is infor-
mative at several levels. For salmon, SCA indicated 
clear separation between the diets of fish from the 
three habitats: river, lake littoral and lake pelagic, and 
also a separation between the diet of 0+ and 1+ 
salmon in the lake littoral region. This distinction by 
habitat and/or age corresponded with a significant 
difference in δ13C amongst salmon occupying the 
two habitats, and also manifested as a difference in 
δ15N amongst groups. This change in δ15N is consis-
tent with fish changing their trophic position with 
habitat and age, perhaps as they grow larger, and are 
able to eat larger prey items. Although separation 
was less obvious in the trout samples examined for 
SCA, there was some differentiation between the 
diets of river and lake fish, but not between trout of 
different ages.
According to the SIA, 1+ trout are the only 
cohort apart from the salmon smolts where Daphnia 
appears to be somewhat important, indicating that 
perhaps these fish spend some time in the pelagic 
zone. The suggestion from this analysis is that riv-
erine mayflies are a more likely source of energy 
to lake fish than mayfly living in the lake. This is 
rather surprising, but perhaps understandable when 
we look at the position of these lake mayflies in the 
isotope biplots (Fig. 6), where they are situated very 
close to the 0+ lake fish. It is possible that these 
lake mayflies are too big for juvenile salmonids to 
eat (they were all large Heptagenia sp. individuals), 
and we may have missed characterising smaller may-
fly for this analysis. In contrast, the riverine mayfly 
samples comprise a mix of three species, includ-
ing the smaller Baetis rhodani, which is probably a 
more palatable prey item for these small fish. Had 
we known the results from the stomach content 
analysis before we carried out the fieldwork, we 
would have paid more attention to characterising 
the prey items found in the river fish. For example, 
we decided to collect mayfly in the rivers as a signal 
of aquatic invertebrates, but these were not actually 
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us more accurate end-members for the Bayesian 
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fact that riverine mayflies appear to be important 
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where smaller mayflies (with a riverine signal) were 
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The impacts of changes in climate are often most readily observed through the effects of
extremes in local weather, effects that often propagate through multiple ecosystem levels.
Precise effects of any extreme weather event depend not only on the type of event and its
timing, but also on the ecosystem affected. Here the cascade of effects following the arrival
of an atmospheric river (directed by record-breaking Storm Desmond) across terrestrial,
freshwater and coastal zones is quantified, using the Burrishoole system on the Atlantic
coast of Ireland as a natural observatory. We used a network of high-frequency in-situ sen-
sors to capture in detail the effects of an unprecedented period of rainfall, high wind speeds
and above-average winter air temperatures on catchment and estuarine dynamics. In the
main freshwater lake, water clarity decreased and acidity increased during Storm Desmond.
Surface heat input, due to a warm and moist above-lake air mass, was rapidly distributed
throughout the water column. River discharge into the downstream coastal basin was esti-
mated to be the highest on record (since 1976), increasing the buoyancy flux by an order of
magnitude and doubling the water column stratification stability. Entrainment of salt into the
outflowing freshwater plume exported resident salt from the inner estuarine basin, resulting
in net salt loss. Here, the increased stratification markedly reinforced isolation of the bottom
waters, promoting deoxygenation. Measurements of current between the inner estuarine
basin and the adjacent coastal waters indicated a 20-fold increase in the volume of seaward
flowing low-salinity water, as a result of storm rainfall over the watershed. Storm impacts
spanned the full catchment-to-coast continuum and these results provide a glimpse into a
potential future for hydrological systems where these severe hydroclimatic events are
expected to occur more frequently.
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Introduction
The attribution of individual extreme weather events to directional climate change is highly
complex, given natural climatic variability and the overall rarity of such events [1,2]. However
the magnitude and frequency of extreme weather events are projected to increase given
anthropogenically-influenced changes in atmospheric conditions [3]. Changes in long-term
mean temperatures, for example, are also likely to be associated with changes in heat extremes
(e.g. more severe heatwaves) [2,4]. For precipitation, an increase in the intensity and frequency
of heavy rainfall and flood events is consistent with expectations given increasing atmospheric
water vapour [5,6]. Relationships between observed trends in storm and cyclone activity and
climate forcing are more nuanced and uncertain [5]. Evidence does suggest, however, that
increased storm magnitude over the past number of decades is linked to warmer tropical sea
surface temperatures [7] and model projections indicate that more hurricane-force storms
may be experienced in western Europe due to rising sea surface temperatures in the Atlantic
[8]. Therefore, while not singularly attributing such events to climate change, occurrences of
extreme weather represent the most tangible way in which the public perceive and recognise
climate change. These events thus represent important opportunities to motivate public con-
cern for climate action and policy to mitigate continued carbon dioxide emissions [9,10]. Fur-
thermore, quantifying the impacts of episodic weather events across ecosystems can provide a
valuable insight into how these systems respond and can serve as a tool for predicting which
specific geographical areas and ecosystems may be most vulnerable to increased frequency or
intensity of different types of extreme weather events. However due to their short-lived and
unpredictable nature, knowledge of the consequences of extreme events for physical, chemical
or biological regimes is scarce and often very difficult to capture [11,12].
Freshwater systems (lakes and their surrounding catchments) represent ideal candidate sys-
tems for observing the effects of climate and extreme weather events and have developed a rep-
utation as ‘sentinels’ of climate change [13,14]. This is due to their intrinsic relationship with
the overlying atmosphere and surrounding landscape, with lakes integrating changes in mete-
orological (e.g. air temperature, wind dynamics, solar radiation, precipitation) and terrestrial
(e.g. catchment run-off) conditions. Large magnitude, short-lived changes in any of these vari-
ables have the capacity to affect biotic and abiotic conditions in lakes, although the precise
changes depend on the category and timing (season) of the event as well as lake-type (e.g. oli-
gotrophic versus eutrophic, shallow versus deep, mixed versus stratified etc) [12]. For example,
in thermally stratified lakes storm events may modify the thermal structure by destabilising the
water column and deepening the biologically-productive surface layer [15–17]. Such changes
may reduce water clarity (e.g. [11]) or cause exchange between epilimnetic and nutrient-rich,
oxygen-poor hypolimnetic waters [18]. In contrast, in mixed lakes without significant vertical
thermal gradients such events may have less of an impact on whole-lake mixing and thus eco-
logical regimes. Heavy rainfall, by increasing rates of catchment run-off, can deliver particulate
and dissolved organic matter from the surrounding catchment, which can increase rates of pri-
mary-producer respiration [19] and reduce light penetration [20]. The extent to which lake
ecosystems can recover (resiliency) depends on the type of surrounding catchment area as well
as current nutrient status of the lake, with clear-water, oligotrophic lakes perhaps likely to
undergo more significant changes than eutrophic or humic lakes [11,17,19].
Estuarine environments also tend to respond rapidly to extreme weather events also,
although in addition to being influenced by atmospheric and terrestrial conditions, estuaries
integrate changes in the adjacent marine environment, making them one of the most sensitive
habitats to extreme weather events and climate change in general [21]. How estuarine systems
respond to extreme climate events varies between individual sites, with classification based on
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geomorphology (depth, width), salinity structure (well-mixed through to stratified) and tidal
range [22]. As with lakes, generalisation of the effects of extreme weather events on estuaries
can also be difficult–here we consider the effects of storms and floods which subject estuarine
systems to wind-forcing and large volumes of freshwater input.
Heavy rainfall events may influence salinity structure, with river runoff potentially pushing
the salinity intrusion limit down-estuary, exporting nutrients and salt in the process [23,24]
and generating stratification in shallow well-mixed estuaries [25]. In deeper, semi-enclosed
lagoonal and fjordic estuaries, which are subject to relatively weaker tidal forcing, high river
flow following precipitation could reinforce stratification, increasing renewal time of deep-
water masses and prompting concern over deoxygenation [26]. If the same floods lead to an
influx of organic matter and nutrients from runoff, heightened respiration may compound the
risk of bottom water oxygen depletion and coastal water quality in general is likely to decline
[27,28]. The way in which estuarine stratification dynamics, such as the baroclinic flow fields,
adjust to large quantities of freshwater input is of fundamental importance to estuarine physics
and salt balance regulation [29–31]. An added complexity to the stabilising effects of freshwa-
ter input is that strong winds are often associated with storm events and serve to destabilise the
water column potentially mixing saltwater and freshwater layers. In estuaries with deoxygen-
ated deep-water, such storms could enhance upwelling of suboxic waters to shallower zones
inhabited by aerobic organisms [32].
The frequency and severity of storm category weather events during winter 2015/16 in Ire-
land and the Britain was considered exceptional, peaking with the extratropical cyclone Storm
Desmond during 4–6 December [33]. Rainfall during Desmond broke the 24- and 48-hour
British rainfall records and multiple rivers throughout Ireland and Britain recorded highest
ever peak discharge [34]. Desmond was caused by enhanced horizontal water vapour transport
from the Atlantic Ocean, with the plume of moist air generating an ‘atmospheric river’ and
causing extreme precipitation following orographic lifting along mountainous western Irish
and British coastlines [35]. The increased heat content of the North Atlantic has led to long-
term increases in atmospheric humidity, which could cause more extreme precipitation events
like Desmond to occur over Ireland, Britain and western Europe [35,36]. In this study, we
used in-situ high frequency sensor equipment to investigate the impacts of this remarkable
succession of winter storms and floods on the contiguous habitats of a catchment-lake-estua-
rine system. We also analysed the extent to which these episodic events modified the physical
and biogeochemical regimes in the system and which ecosystems were most affected by this
extreme winter flood. Our study site, the Burrishoole catchment, is representative of many
upland peat catchments that occur throughout Ireland and the United Kingdom, particularly
along western seaboards. Thus we envisage that the results from this analysis could be general-




The Burrishoole catchment (~100 km2) is a predominantly upland blanket peat, oligotrophic
catchment located within the Nephin Beg mountain range on the west Atlantic coast of Ireland
(Fig 1). Rivers and streams are generally acidic or neutral and water chemistry depends on
local and regional climate as well as surrounding soil composition in each of the sub-catch-
ments [37]. Given its coastal proximity, the catchment generally experiences a temperate cli-
mate with mild winters (mean December-February 2005–18 air temperature of 6.0˚ C) and
summers (mean June-August 2005–18 air temperature of 14.3˚ C) and a diurnal sea breeze
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with mean wind speeds of ~5 m s-1 [38]. Burrishoole’s primary lake basin is Lough Feeagh,
with a surface area of 3.95 km2, max depth of 46 m, mean depth of 14.5 m and volume of 5.9 x
107 m3. The water of Feeagh is oligotrophic and humic, with a mean secchi disk depth of 1.7
m, pH of 6.6 and annual mean total nitrogen and phosphorus of 430 μg l-1 and 6.1 μg l-1
respectively [39]. Feeagh is located at the base of the Burrishoole catchment, draining a ~84
km2 watershed into Lough Furnace through two short outflows, the Salmon Leap and (man-
made) Mill Race rivers. Furnace is a deep lagoonal estuary (M2 semi-diurnal tide dominant)
with a surface area of 1.5 km2, max depth of 21 m and mean depth of 7.9 m. The system com-
prises a main inner basin (volume of 6.75 x 106 m3) connected to the open coastal waters of
Clew Bay by a 1-km-long shallow and narrow channel. Tidal currents transporting coastal
water must traverse this channel and two narrow topographic constrictions before reaching
the inner basin [38]. The inner Furnace basin is notable for its strong saline stratification and
deep anoxia, resembling a meromictic saline lake, although ventilation of the bottom water by
dense tidal inflows occurs irregularly [38]. A research station operated by the Marine Institute
is situated on the northern shore of Furnace and has served primarily as an international index
site for migratory fish populations (Atlantic salmon (Salmo salar L.), trout (Salmo trutta L).
and European eel (Anguilla Anguilla L.)) in the North Atlantic for half a century [40,41]. The
upper parts of the catchment have Special Area of Conservation (SAC) status for the conserva-
tion of Atlantic salmon and otter (Lutra lutra), two species listed in Annex II of the EU Habi-
tats Directive. Lough Furnace is part of the Clew Bay Complex Special Area of Conservation
(SAC site code 001482).
Data collection and processing
This study relied on data sources routinely collected as part of the Marine Institute’s long-term
environmental monitoring programme in Burrishoole. Spatial extent of rainfall over the entire
Burrishoole catchment was recorded by 13 tipping bucket rain gauges (Davis Instruments
Corp, Hayward, CA, USA) located throughout the catchment and lake and lagoon levels were
monitored by pressure sensors (OTT, Kempton, Germany) recording every 15 minutes (Fig
1). Automatic water quality monitoring stations (AWQMS) were located on Feeagh and Fur-
nace (Fig 1). Each AWQMS was instrumented with on-lake meteorological arrays recording
wind speed and direction, air temperature, shortwave radiation and surface pressure at 2-min-
ute intervals. A multi-parameter sonde (Hydrolab DS5, OTT, Kempton, Germany) was sus-
pended from each AWQMS; on Feeagh this sonde was kept at 0.9 m below the surface
recording every 2 minutes whilst on Furnace the sonde was attached to an undulating winch
profiler, recording 4 full water column profiles daily (at 00:00, 06:00, 12:00 and 18:00 hours).
Parameters measured on each sonde included temperature, conductivity, pH and dissolved
oxygen. The Feeagh AWQMS also contained a surface nephelometer (Chelsea Technologies
Group Ltd, Surrey, UK) and thermistors (Labfacility Ltd., Bognor Regis, UK) that spanned the
full water column at depth intervals of 2.5, 5, 8, 11, 14, 16, 18, 20, 22, 27, 32, 42 m, recording
every 2 minutes. An additional automatic weather station (AWS) maintained by Met Éireann
since 2005 was situated on the shoreline between both loughs, which recorded relative humid-
ity and rainfall in addition to the same over-water meteorological variables recorded at each
AWQMS (Fig 1).
Fig 1. Spatial distribution of rainfall over Burrishoole catchment during storm Desmond. Measured by 13 rain gauges (RG) (note that RG 11, 12 and
13 are situated in the vicinity of the Automatic Weather Station (AWS)). Also shown are the locations of the Automatic Water Quality Monitoring
Stations (AWQMS) on Lough Feeagh and Lough Furnace and the additional instrumented moorings MR01 and MR02 on Furnace, described in the text.
Shapefiles used for lakes and rivers shown here are available at: http://gis.epa.ie/GetData/Download.
https://doi.org/10.1371/journal.pone.0235963.g001
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On Furnace two additional instrumented moorings were located at the entrance channel
into the main inner basin (Fig 1). MR01 (S1 Fig) contained a bottom-mounted, upward look-
ing 1-MHz Nortek Aquadopp three-beam current profiler (ADCP) (Nortek AS, Rud, Nor-
way). The ADCP sensor head, with a 25˚ beam angle to the vertical, was mounted at 0.2 m
above the bed. The ADCP recorded in 0.5 m bin intervals, with a 0.4 m blanking distance and
a velocity measure averaged over a 60 second ping interval. Two temperature and conductivity
sensors (T/C) were attached to the same mooring (SBE-37 MicroCATs (Sea-Bird Scientific,
Bellevue, Washington, USA)). One T/C sensor was mounted on the bottom ADCP frame and
the second positioned ~1 m below the surface on an L-shaped mooring. An additional T/C,
also recording pressure, was located further downstream (MR02, Fig 1). All of these instru-
ments had synchronised internal clocks and logged measurements every 30 minutes from
13:30:00 November 26th 2015 until 11:30:00 January 21st 2016.
CTD downcasts from the Furnace AWQMS were extrapolated onto a standard depth grid
spanning the water column from 0.6 m– 12.9 m in 0.15 m depth increments. Practical salinity
(derived from actual conductivity and temperature) and water density (derived from salinity
and temperature) were computed according to the UNESCO algorithm [42] for all sensors
recording temperature and conductivity.
ADCP velocity vectors were low-pass filtered with a 6 hour cut-off frequency to remove
higher frequency tidal harmonics. Low-passed horizontal velocity vectors were then rotated
into along- (v) and across-channel (u) components using principal components analysis
(PCA) [43]. Whilst the standard ADCP bin sizes spanned 0.5 m in the vertical, the lowest bin
was weighted to account for the bottom 1.1 m of the channel (i.e. 0.5 m bin size + 0.4 m blank-
ing distance + 0.2 m frame height above the bed). For each individual ADCP profile, the
uppermost usable bin was defined as the shallowest bin below the computed depth of sidelobe
interference with contaminated shallower measurements discarded. In order to account for
this portion of the upper water column not measured (~10–15%), each current profile was
extrapolated to the surface level using a constant velocity from the uppermost usable bin.
Data analysis
Precipitation recorded by each of the 13 rain gauges throughout the catchment were summed
to 24 hour totals. To estimate the total rainfall volume that fell in the catchment within a spe-
cific time period, the raster calculator routine in the ‘Spatial Analyst’ toolbox in the GIS Soft-
ware ArcMap 10 [44] was used. The raster calculator routine allows mathematical calculations
to be conducted on existing raster data sets, in this case a raster map of the topography of the
catchment. The topographic raster data comprised a 10 by 10 metre grid of the catchment with
an altitude above sea level value at the centre of each grid square. To estimate rainfall volumes
during Storm Desmond, an altitude-rainfall regression equation was calculated for the time
period 4–6 December 2015. The rainfall volumes for each grid square were summed to get the
total rainfall volume. However, the altitude-rainfall volume relationship during storm Des-
mond (R2 = 0.32) was not strong when compared to a 14-year study period, 2004–2017 (R2 =
0.82). Analysis of rainfall volumes during the storm showed that lower volumes of rainfall
were recorded in the rain gauges at higher altitudes in the catchment than would otherwise be
expected. Presumably the breakdown of the altitude-rainfall volume relationship at higher ele-
vations in the catchment is a result of high wind speeds causing ‘under-catch’ of rainwater dur-
ing the storm. Under-catch is a common phenomenon affecting the accuracy of rain gauges,
where high wind speeds during storms cause wind flow deflections and turbulence patterns
around the gauge funnel which in turn cause some of the raindrops to be ejected from the fun-
nel system [45].
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To correct for this, the rainfall volumes for the three rain gauges at the greatest altitudes
were revised. Using the AWS rain gauge (Fig 1A) as an index site, the rainfall volume mea-
sured at this site during Storm Desmond was used to estimate the rain volumes at the three
highest altitude sites. Coefficients between the index site and each of the high altitude sites
were calculated over the 14 year period for which rain gauge data was available. The rainfall
volume at AWS was multiplied by each of the rainfall volume coefficients for the three highest
altitude sites to adjust for under-catch. Following adjustment, the altitude-rainfall volume rela-
tionship during the specific Storm Desmond timeframe improved to give an R2 value of 0.73
and a revised total rainfall during Storm Desmond was estimated using this method.
Storm effects on dynamical transfer processes of heat and momentum across the air-water
interface on both Feeagh and Furnace were assessed by calculating the net surface heat flux
and energy input due to wind stress. The surface heat flux (Qshf, W m-2) over the month of
December 2015 was calculated following [46]:
Qshf ¼ Qswin þ Qlwin þ Qlwout þ Qh þ Qe ð1Þ
where Qswin (W m-2) is the net incoming shortwave solar radiation (accounting for reflected
shortwave due to surface albedo) and Qlwin and Qlwout are the incoming and outgoing thermal
radiation (W m-2). Qh (W m-2) is the sensible heat flux, Qh = ρaCPaCHWz(Ts−Tz), and Qe (W
m-2) is latent heat flux, Qe = ρaLvCEWz(qs−qz), where ρa is the density of air at the air-sea inter-
face (kg m-3), CPa is the specific heat of air (J kg-1˚C-1), CH the turbulent transfer coefficient for
heat,Wz the wind speed at height Z above the water (m s-1), Ts the surface water temperature
(˚C), Tz the air temperature at height Z above the water surface (˚C), Lv the latent heat of
vaporization (J kg-1), CE is the turbulent transfer coefficient for humidity, qs the saturated spe-
cific humidity (kg kg-1) at Ts and qz the specific humidity of unsaturated air (kg kg-1) at height
Z above the water surface. One caveat relating to the heat flux calculations presented herein is
that the humidity measurements were only available from the shoreline meteorological station
and not directly above either Feeagh or Furnace water surface. Positive values of each variable
in Eq (1) indicate downward flux of heat; negative values indicate loss of heat to the
atmosphere.
Mechanical energy transfer from the wind to the water was parameterised as the rate of





where CD is the surface drag coefficient. Turbulent transfer coefficients for heat (CH), momen-
tum (CD) and humidity (CE) were scaled to 10m above the water surface by correcting for
atmospheric stability [46,48].
An informative measure for saline Furnace was to estimate a buoyancy flux associated with
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where g is gravity (m s-2), ρ0 is surface water density (kg m-3), CP the specific heat capacity of
water (J kg-1 K-1), α and β are the thermal expansion (α = ρ0−1@ρ/@T)) and haline contraction
(β = ρ0−1@ρ/@S) coefficients, S0 is surface salinity and freshwater flux (m3 s-1) is given by river
discharge (Qf) plus direct precipitation (P) minus evaporation (E) over the surface area of the
lough (As, m2). Positive BF indicates buoyancy gained at the water surface.
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How storm events influenced full water column stability in each water body was assessed by
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where �z is the depth (m) at which mean density occurs, ρ(z) is density at depth z, �r is volume
weighted mean density and A(z) is basin area at depth z. Ss estimates the amount energy
needed to fully mix the water column, providing a good quantitative measure of stratification
and destratification processes.
In Feeagh, which is destratified by December, the total lake heat content (Htot, J m
-2) was
identified as a potentially more informative measure of internal lake response to atmospheric







In Furnace, storm winds would be anticipated to destabilise the stratified water column yet
the large volumes of freshwater discharge would be anticipated to reinforce vertical stratifica-
tion through a positive buoyancy input. An appropriate parameterisation of the wind-driven
response of the semi-enclosed (i.e. finite-dimension), 2-layered Furnace basin during the





where Ri is the surface-layer Richardson number Ri ¼ g 0h=u2�, with g
0 the reduced acceleration
of gravity across the pycnocline (g0 = g(Δρ/ρ0)), h the depth of the surface layer (m) and u� the






. Wind speeds were low-pass
filtered with a cut-off frequency of ¼ the fundamental mode internal wave period [32]. l0/h is
the aspect ratio of the basin, with the effective length scale l0 defined here as the length of the
unbroken pycnocline along the NE-SW axis, the direction of wind stress during Desmond.
In general, largeWb values (> 10) imply a sharp, flat interface is maintained; smaller values
(1<Wb< 10) indicate partial upwelling of the pycnocline at the upwind basin end and subse-
quent internal seiching following wind cessation;Wb�1 implies full pycnocline upwelling
whilst still smaller values (e.g. < 0.5) indicate full surfacing of sub-pycnocline waters with for-
mation of longitudinal density gradients and ultimately basin-scale overturns [51–53].
Estuarine exchange flow through the connecting channel between Furnace and Clew Bay
controls transport dynamics in and out of the main inner Furnace basin and links the Bur-
rishoole watershed to the coastal ocean. Modification of salt content of dense bottom inflows
due to mixing with lower salinity surface outflows regulates the residence time of saline water
masses in the inner basin and thus the oxygen content of deep waters [38]. The impact of the
storms on diapycnal mixing in this region was investigated using ADCP profiles (MR01 Fig 1),










where z is depth in the channel. As only two measures of density were available at the surface
and bottom near the ADCP, we computed a full water column ‘bulk’ buoyancy frequency N
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It was envisaged that Rig would provide a simple diagnosis of the dynamic stability of flow
through this important section of the system, integrating the effects of wind, river flow and
tidal currents on shear and stratification. Rig> 0.25 is one criterion for the occurrence of flow
instabilities [54].
To compute volume and salt fluxes in and out of the inner Lough Furnace basin, the full
entrance cross-section at MR01 was divided into subsections in order to overcome the limited
spatial coverage of the sensors (S1 Fig). An echosounder transect provided accurate bathyme-
try. Firstly, the entranceway was divided laterally into a deeper trough section and shallower
section to the east. The deeper channel region was divided vertically in 3 sections, with section
averaged salinity in the uppermost and lowermost sections set equal to the values recorded by
the T/C sensors; an interpolated salinity value was used for the intermediate section. A corre-
sponding set of along-channel, area-averaged velocity vectors were computed from the ADCP
profiles. To account for the unmonitored shallower (~2m) east section we used a simplistic
approach and extrapolated across the salinity and velocity from the uppermost section in the
deep channel, with the caveat that the resulting volume and salt flux values represented a first-
order estimate.
Thus, within each subsection i, a timeseries of area Ai, along-channel velocity vi and salinity
Si were derived. The net salt flux (Sf) was computed as the sum of flow rate and salinity through




Ai for the top section in the deep channel and for the shallow side section increased or
decreased with changing water level as measured by the ADCP pressure sensor. Angled brack-
ets indicate averaging over a completeM2 tidal cycle. Positive values indicate fluxes into the
inner Furnace basin and negative values indicate fluxes out (seaward). Volume fluxes were
estimated by omitting the salinity term in Eq (10).
Results
Using the standard and revised rainfall-altitude relationships for the catchment rain gauges
described in the Methods section, the total estimated rainfall volume over the Burrishoole
watershed during Storm Desmond was in the range 12x106 - 14x106 m3 (Fig 1). In terms of
these rainfall volumes, Storm Desmond was a true record-breaker. Six out of thirteen rain-
gauges recorded their historical maximum cumulative daily rainfall total during one day of the
storm (5th December); the greatest daily rainfall total (135.9 mm d-1) of any of these rain
gauges was recorded at RG7 (Fig 1). For context, the mean daily rainfall total at RG7 during
December 2004–2017 was 7.5 mm d-1 and the historical maximum daily total (excluding
December 2015) was 59.4 mm d-1.
On Lough Feeagh the two single highest mean daily lake levels recorded since records
began in 1976 occurred in November and December 2015, just 3 weeks apart (1.65 m on 15th
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November and 2.07 m on 6th December (Fig 2)). It should be noted that during Desmond, the
Lough Feeagh basin filled beyond carrying capacity and spilled over-land into downstream
Furnace. This flood caused extensive structural damage to the Marine Institute’s aquaculture
research and migratory fish trapping facilities [55]. In addition to intense precipitation, a com-
parison of the mean December air temperature and wind speeds recorded at AWS (Fig 1) to
monthly December averages over the period 2005–2018 revealed that mean air temperature
(8.2˚C 2015; 6.5˚C 2005–2018) and wind speed (7.1 m s-1 2015; 5.6 m s-1 2005–2018) were
both the higher than average. Following Desmond, two additional storm category weather
events occurred on the 23rd (‘Eva’) and 29th (‘Frank’) December.
Persistent heavy rainfall throughout November ensured that catchment soils would have
already been saturated when Desmond occurred; with very little storage capacity the rainfall
over the 4–6 December would have followed overland routes, resulting in the drastic rise in
water levels (Fig 2 and Fig 3A). Turbidity increased and pH decreased at the surface of Feeagh
in the immediate aftermath of Desmond on 6th December (Fig 3B). In addition, total lake heat
content increased by ~30 MJ m-2, despite the overall seasonal decrease in water temperatures
Fig 2. Surface water levels (m) on Lough Feeagh. Solid black line is daily mean November-January 2015/16; dashed black line is daily mean November-January 1976/
77-2018/19 (grey shading is standard deviation around the mean). Red shaded area is historic max daily mean 1976–2018 and blue shaded area is historic min daily
mean 1976–2018.
https://doi.org/10.1371/journal.pone.0235963.g002
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from November onward (Fig 3C, black line). Ss values were very low during this winter period,
as the Feeagh water column is generally isothermal and fully-mixed.
Analysis of air-water transfer processes on Feeagh confirmed that a net positive transfer of
heat (typically ~100–200 W m-2) occurred during Desmond and other high wind events in
December (Fig 4). Heat input from solar radiation was very slight and short-lived given the
cloudy sky conditions and short day length during this time of year (Fig 4A). More important
drivers of heat flux into the water appeared to be a slight net positive heating by thermal radia-
tion (Fig 4B), an increase in sensitive heat flux due to increased over-lake air temperature (Fig
4C) and an increase in latent heat flux due to condensation of atmospheric water vapour at the
surface of Feeagh (Fig 4E).
On Furnace the effects of large volumes of rainfall in the winter of 2015 were apparent as
early as November, with a notable deepening of the halocline (red line, Fig 5A). Between 01
November and 06 December, the halocline had deepened by ~6 m (over 25% of the total water
depth). Crucially, this haline stratification influenced the vertical distribution of temperature
and dissolved oxygen (Fig 5B and 5C). The warm, anoxic sub-halocline basin water was
completely isolated from the upper freshwater layer following Desmond, due to increased
sharpness of oxygen and (inverse) thermal gradients. The strength of the stratification stability,
Fig 3. 30 minute timeseries showing storm impacts on Lough Feeagh. (A) rainfall (mm) recorded at AWS (grey bars) and Feeagh surface lake level (m) (B) surface pH
(dashed line) and turbidity (mV) on Feeagh, (C) total heat content (MJ m-2) of full Feeagh water column. Dashed vertical lines denote Storm Desmond.
https://doi.org/10.1371/journal.pone.0235963.g003
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as indicated by Ss values, more than doubled over the course of the winter floods (~800 J m
-2
to ~2000 J m-2) (Fig 5D).
The large quantities of rainfall leading up to and including Desmond culminated in a buoy-
ant surface plume that increased the buoyancy flux into Furnace by an order of magnitude
(Fig 6A). The stabilising effect of this buoyancy input increased the baroclinic restoring force
and despite large wind stress values being reached during and after Desmond (Fig 6B), only
partial upwelling occurred as indicated by non-critical (i.e.> 1) values of the inverseWb num-
ber (Fig 6C). The upper and lower dashed lines in Fig 6C represent a range of values over
which partial upwelling is expected (equivalent to standardWb values in the range 3–6). On
only one occasion didWb indicate significant upwelling of the pycnocline toward the surface
(in the midst of Desmond) and on several occasions during particularly strong winds smaller
upwelling events occurred. InverseWb values falling in this range are indicative of subsequent
internal seiche activity [53].
Timeseries of the instruments moored at MR01 and MR02 provided valuable insight into
how the storm-related floods modified estuarine hydrodynamics at the entranceway to Fur-
nace inner basin (Fig 7). Firstly, along-channel currents showed atypical dynamics during Des-
mond with strong seaward flow (negative values, denoted by blue) occupying the full extent of
Fig 4. 30 minute timeseries of atmosphere-water interaction on Feeagh during winter storms 2015. (A) solar radiation (W m-2), (B) thermal radiation (W m-2), (C)
energy input from wind stress (W m-2), (D) latent (grey line) and sensible (black line) heat flux (W m-2), (E) total surface heat flux (W m-2). Positive values denote
downward flux into the lake. Dashed vertical lines denote Storm Desmond.
https://doi.org/10.1371/journal.pone.0235963.g004
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the channel depth (Fig 7A). It should be noted that Desmond occurred during neap tides,
meaning that only weak inflows (positive values, denoted by red) to Furnace would typically
occur at this time. (Spring-neap tidal phase is indicated by the water level (black line, Fig 7A)
as well as the salinity timeseries at MR02 (black line, Fig 7B)). Water level in the channel rose
in the immediate aftermath of Desmond and fell again quickly, as the initial pulse of freshwater
exited the system (Fig 7A). Surface (blue line), bottom (red line) and even lower estuary (black
line) water was essentially comprised of freshwater from the end of November until spring
tides on the 11th December, when saltwater inflows were observed along the channel bottom
(Fig 7A and 7B). Curiously, a slight increase in surface and bottom salinity was detectable in
the midst of Desmond (Fig 7B). Salinity at the surface remained almost at 0 for the remainder
of the month and into January 2016, whilst bottom salinities rose gradually on each successive
spring tidal phase causing restratification to occur. Aside from clear bottom inflow during
spring tides, current profiles revealed that the flow direction in the upper water column (< 2
m from the surface) was dominated by along-channel wind direction (Fig 7A and 7C). The
predominant wind direction during December was up-estuary, which opposed the outflowing
flood water direction, causing surface flow reversals. Up-estuary winds forced outflow at inter-
mediate depths and when this occurred during spring tides, a 3-layered exchange flow was
Fig 5. Water column profiles (taken every 6 hours) on Lough Furnace pre- and post-Storm Desmond. (A) salinity, (B) temperature (˚C), (C) dissolved oxygen (mg l-1),
(D) Schmidt stability (J m-2). Note that the automated profiler malfunctioned during Storm Desmond (white gap, 4–6 December 2015).
https://doi.org/10.1371/journal.pone.0235963.g005
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observed with bottom and surface inflow and intermediate outflow (e.g. December 11–18;
December 25-January 01).
Intense shear was observed near the surface during strong wind events throughout Decem-
ber and January (Fig 7D). However in the lead up to and immediate aftermath of Desmond,
only very weak and sporadic shear was observed further down in the water column. It was not
until the restratification associated with the subsidence of the Desmond flood waters and the
onset of spring tides (Fig 7E) that occasions of intense shear were supported near the channel
bottom (e.g. ~December 18th, ~Jan 5th, Fig 7D). Analysis of S2 and bulk water column N2 (Fig
7E) and Rig (Fig 7F) provided insight into relative contributions to flow stability during and
after the floods. During the flood, stratification was absent and flow was completely turbulent
through the entranceway, which had not been observed previously in this section [77]. How-
ever during the subsequent restratification, flow went through phases of stability and instabil-
ity denoted by Rig falling below 0.25 (dashed horizontal line). Instability was generally related
to strong winds and tidal currents and was most critical just prior to 25th December, when
stratification had weakened during neap tides. As the stratification continued to increase post-
flood with successive spring tides, flow became increasingly stable and in January, despite
occasions of wind- and tidally-driven shear, Rig values remained above 0.25.
Fig 6. 30 minute timeseries showing rain and wind impacts on Furnace. (A) surface buoyancy flux (m2 s-3) (positive values indicate buoyancy input at surface), (B)
energy input from wind stress (W m-2), (C) inverse Wedderburn number (horizontal dashed lines denote partial and full upwelling limits). Dashed vertical lines denote
Storm Desmond.
https://doi.org/10.1371/journal.pone.0235963.g006
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Averaged over a complete tidal cycle, volume fluxes highlighted that net transport was pre-
dominantly seaward during the deployment period (negative values represent outward volume
fluxes, Fig 8A). A mean net volume flux of -15.8 m3 s-1 was estimated during December, with
volume fluxes of up to -80 m3 s-1 estimated during Desmond. For comparison, a volume flux
estimate made using an ADCP over summer 2010 had a mean value of—3 m3 s-1 [38]. Positive
volume fluxes (into Furnace) were largely attenuated during early December with inward vol-
ume transport occurring during spring tides and up-estuary winds later in the month (Fig 8B).
However larger outflow volumes for the remainder of December and January ensured that vol-
ume transport was predominantly seaward with only occasional, short-lived periods of net
positive fluxes (Fig 8A and 8B).
The tidally-averaged total salt flux was generally negative (seaward) for most of early
December with no net positive influx until spring tides just prior to 18th December (black line,
Fig 8C). Following this point, the salt flux showed a pronounced spring-neap oscillation with
net influx during springs and outflux during neaps, which was most apparent when the salt
flux was low-passed to remove oscillations with periods smaller than 5 days (red line, Fig 8C).
Fig 7. 30 minute timeseries showing storm impacts on estuarine hydrodynamics. (A) along-channel (350˚T) current velocities (m s-1) at MR01 (black line is water
surface; positive values indicate flow into Furnace inner basin, negative values indicate seaward flow), (B) surface (blue) and bottom (red) salinities at MR01, bottom
salinity (black) at MR02, (C) along-channel winds (positive values indicate winds blowing toward Furnace inner basin), (D) squared shear (s-2), (E) mean squared shear (s-
2) (red) and squared buoyancy frequency (s-2) (blue) and (F) gradient Richardson number at MR01. (A) and (D) are plotted with respect to height above the bottom and
velocity vectors are 6-hour low-passed. Dashed vertical lines denote Storm Desmond.
https://doi.org/10.1371/journal.pone.0235963.g007
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Of particular importance then was that at peak flooding (4–6 December), salt export increased
despite only small quantities of residual salt in the bottom of the channel from the prior spring
tides (Fig 7B); this implies that the steady-state salt balance was modified and there was a net
loss of salt from the inner Furnace basin during the flood period.
Discussion
A number of recent reports suggest that the intensity of extreme rainfall and storm events is
expected to increase in response to increases in atmospheric heat and moisture [5,6,56]. Thus,
documenting how different aquatic ecosystems react to the varying magnitude and timing of
episodic events is crucial, as biogeochemical processes and ecological communities may be
perturbed. This study has quantified the cascading impacts from successive heavy rainfall
events during a single winter on a catchment, its freshwater lake and its downstream estuarine
waters, with an emphasis on one exceptional event, the extratropical North Atlantic cyclone
Storm Desmond. Most importantly, it has shown how synchronicity between storm-specific
forcing factors (precipitation intensity, wind speeds and onshore wind direction) and anteced-
ent local conditions (pre-saturated catchment ground and high water levels from prior rainfall)
can amplify environmental impacts. Of particular note was how the magnitude of storm
Fig 8. Tidally-averaged volume and salt fluxes in/out of Lough Furnace. (A) net volume flux (m3 s-1) in/out of Furnace inner basin through MR01 (positive values
indicate flux into Furnace; negative values outward flux), (B) partitioned volume fluxes into positive (dashed line) and negative (solid line) components, (C) salt flux (kg
s-1) in (positive) and out (negative) (red line is 5-day low-passed). Dashed vertical lines denote Storm Desmond.
https://doi.org/10.1371/journal.pone.0235963.g008
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impacts varied between the linked aquatic ecosystems, despite their spatial proximity. Results
highlight the relative contribution of conditions associated with large-scale atmospheric vari-
ability (e.g. a high-moisture winter storm originating in the North Atlantic) and local factors
(e.g. isothermal, winter-mixed freshwater lake versus saline stratified estuarine system) to the
nature of the environmental or ecosystem disturbance experienced.
Storm impacts on catchment and freshwater lake habitats
Analysis of the rain gauge data during Storm Desmond showed that the rainfall was extremely
heavy, continuous and spatially distributed throughout the catchment. This was in contrast to
an extreme precipitation event documented in this catchment previously, when a much
shorter and intensive rainfall event exhibited a notable asymmetry and led to particularly
destructive flooding on the eastern side of the catchment [17]. In Lough Feeagh, the most nota-
ble shift was the sudden increase in surface water acidity following Desmond. This was likely a
consequence of the mobilisation of organic matter from the predominantly peatland catch-
ment area [37] with a potential contribution from the direct rainfall over the lake surface.
Whilst Feeagh is normally slightly acidic, post-flood values were noticeably lower than the
annual mean pH (6.1 compared to 6.6). River plumes resulting from major flood events have
been shown to cause decreases in lake pH relative to non-plume waters, with this effect related
primarily to the soil-type surrounding the river [57,58]. These results are applicable to lake sys-
tems situated in other upland peat catchments around Ireland and the United Kingdom, that
are likely to experience more of these high intensity rainfall events which are projected for
these regions [35,36,59]. Significant increases in post-flood turbidity and decreased water clar-
ity have been documented for other lakes [11,20]. Biological consequences of increased river-
ine input may include increased respiration [17,19,60] whilst decreased water clarity following
storms may substantially decrease lake primary productivity [61]. However, as the event
described here occurred in winter, when primary productivity was low, and changes in water
clarity, inputs of organic material and even loss of plankton communities to bulk advection by
flood waters are less likely to cause major ecological change [12,17]. Monthly measurements of
water colour, total nitrogen and total phosphorus in our study did not deviate noticeably from
usual winter values.
Apart from biogeochemical changes, Feeagh also underwent net warming during the storm
due to positive (downward) heat fluxes (Figs 3D and 4). Our results represent a rare quantifica-
tion of the direct transfer of properties from an ‘atmospheric river’ [35] directly to surface and
interior lake waters. The magnitude of warming was small however and heat was rapidly redis-
tributed throughout the water column. Thus, the winter setting was again important in terms
of how effectively air-water energy transfer was circulated to interior waters, as Feeagh is fully
mixed and isothermal by December. In contrast, an extreme flood event during summer 2009
when Feeagh was stratified had more drastic impacts on water column hydrodynamics, caus-
ing a decrease in stratification stability and deepening the epilimnion [17].
Storm impacts on estuarine and coastal habitats
The largest storm impacts occurred on the downstream Lough Furnace. Here, storm event
timing had less impact hydrodynamically, as this system is stratified year-round [38]. Prior to
Desmond, heavy rainfall throughout November had caused river discharge to increase the
thickness of the freshwater surface layer, resulting in a large salinity (viz. density) gradient
with depth and a doubling in stratification strength. The major consequence of a deepening
halocline is that it reinforces stagnant, anoxic conditions in the bottom basin water. Whilst
Furnace does not overturn vertically, occasional lateral inflows of dense, oxygenated coastal
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water can ventilate the bottom anoxic water [38]. Similar deep-water ventilation processes are
documented for stratified coastal basins such as fjords and sea-lochs [62] and play a funda-
mental role in oxygen dynamics (e.g. [63]), microbial activity (e.g. [64]) and primary produc-
tion (e.g. [65]). In Furnace, deep-water ventilation has been observed to occur only following
prolonged dry periods with little river flow, allowing tidal inflows of coastal water to reach the
bottom of the inner basin. The large freshwater plume that occurred during winter 2015
blocked communication between the deep basin water and external coastal water, the only
potential supplier of oxygenated replacement water. Initially the surface freshwater layer occu-
pied the full depth extent of the connecting channel inhibiting any landward inflows.
Consequently, this absence of stratification in the connecting channel leading up to and
during Storm Desmond minimised shear, particularly below the wind-influenced surface layer
(Fig 7D). Subsidence of the initial flood and onset of spring tides gave rise to an evolving and
highly dynamic flow environment. Tidal currents and strong winds generated intense shear
near the surface and bottom, supported by the restratification, with indication of turbulent
mixing in the entrance channel (Fig 7F). However the large amount of residual freshwater and
successive spring tides meant that increasingly strong stratification ultimately suppressed
large-scale turbulence and gave way to a stratified exchange flow regime. Flow structure and
turbulence in this section is noteworthy, as it sets the composition of fluid entering and leaving
Furnace. This has implications for exchange of resident interior water [38] and influxes of
nutrients or planktonic seed populations [66] and also establishes the initial density of the estu-
arine outflow, which can influence far field plume dynamics in the coastal ocean [67]. The
development of stratified flow resulted in the dilution of incoming tidal water as it met largely
unmixed low salinity surface outflow in the shallow area between MR01 and MR02 (Figs 1 and
7B); this resulted in only intermediate depth water replacement in the main Furnace basin in
the months following the flood event.
More broadly, modified freshwater runoff climatology has been implicated in exacerbating
dissolved oxygen depletion in estuarine and coastal systems globally [68]. This is largely due to
the mechanism explored here: intensified vertical stratification and isolation of deeper waters
from lateral inflows. Additionally, rivers may cause nutrient enrichment which stimulates pri-
mary productivity or directly transport organic matter to coastal zones, which both heighten
respiration rates and increase oxygen demand [26]. At the largest scale, bottom oxygen
dynamics in the Baltic Sea are generally controlled by deep water inflows from the contiguous
North Sea; changes in precipitation intensity over North-West Europe in recent decades has
been implicated in a reduction in ventilation frequency due to large freshwater outflows atten-
uating dense inflows [69]. In semi-enclosed coastal systems similar to Furnace with restricted
connections to adjacent coastal areas, large seaward river flows can inhibit ventilation of deep
waters (e.g. [70,71]). Thus, a very likely consequence of changing patterns of precipitation
intensity, especially the kind of extreme flood events recounted here, could significantly rein-
force stagnant bottom water conditions in deep estuarine basins, promoting anoxia.
In several studies of stratified basins during storms, upwelling of sub-pycnocline water in
nearshore areas was documented [15,18,72] and in general upwelling plays a pivotal role in
generating turbulent flux pathways around lateral boundaries [73,74]. Partial upwellings
occurred in Furnace during individual storm events throughout December, with the stable
stratification preventing complete surfacing of lower layer water (Fig 6C). Pycnocline destabili-
sation results in energy transfer to the internal wave field, with the ratio of h/H and range of
inverse Wb in Furnace during December implying that most of the resulting standing waves
were linearly damped [53]. In systems with deep anoxia, internal seiche-related upwelling can
have added significance, exposing nearshore areas to drastically fluctuating oxygen levels
[32,53,75].
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Catchment-to-coast volume fluxes
A ratings curve developed for the Mill Race and Salmon Leap rivers (Fig 1) provided a useful
reference for the anticipated freshwater outflow volumes from the Burrishoole catchment dur-
ing December (although it should be noted that the ratings curve relationship almost certainly
breaks down for the extreme flows that occurred during Desmond). The mean river discharge
into Furnace during the month of December was 13.7 m3 s-1. This compared reasonably well
to the mean volume flux estimated from the ADCP of—15.8 m3 s-1, which also would have
integrated volumetric fluxes from direct precipitation over Furnace as well as additional sur-
face and groundwater inflows from the surrounding land area. Thus, using the ADCP esti-
mates, the mean volumetric flux leaving the Burrishoole system during Storm Desmond (4–6
December) was (O)43 m3 s-1, with instantaneous fluxes potentially as high as (O)88 m3 s-1 at
peak flooding. Based on the Feeagh lake level records, this was most likely the highest volume
of water leaving Burrishoole since 1976 when records began (Fig 2). Mean annual discharge
from Feeagh into Furnace is only 3–5 m3 s-1 [38]. Furthermore, the total volume of rainfall
estimated from analysis of the catchment rain gauges over the 72 hour period (4–6 December)
gave a volumetric rainfall flux of 46–54 m3 s-1, which again compares reasonably well to the
ADCP estimate. The mismatch may be attributed to measurement error and calculation
uncertainty attributed to each method and also that not all of the rainfall would have instan-
taneously exited the system (for example Feeagh lake level took ~10 days to fall back to typical
mean December levels after the 6th December (Fig 2)).
Using the average volume flux of 43 m3 s-1 as a representative transport of water through
the catchment during Desmond, the renewal time of the Feeagh lake basin (TR = Vol/Q) was
reduced to 15.8 days. The average renewal time of Feeagh is ~170 days; a previous extreme
flood event during summer 2009 indicated that the renewal time of Feeagh also reduced to (O)
15 days [17]. However a major difference was that peak flow rates used to estimate this reduced
renewal time during the summer flood lasted only ~3 hours, whereas our estimate for the Des-
mond volume flux is representative of a 3 day period, meaning that at least 20% of the volume
of fully-mixed Feeagh was displaced over the 4–6 December, if a 100% exchange efficiency is
assumed.
These values provide a first order estimate of the quantity of freshwater that ultimately
reached Clew Bay and the coastal ocean from one single watershed in the aftermath of Des-
mond. Considering additional sources of river discharge around Clew Bay, it is likely that such
elevated freshwater discharge would have affected stratification dynamics in the short term
and may have delivered large quantities of terrestrial-source water properties over a very short
time span (e.g. [27,28]). Numerical modelling of the impact of such extreme rainfall and flood
events on the oceanography and biogeochemistry of Clew Bay could offer insight into how
large coastal embayments respond to such climate-related extreme events.
Storm impacts on estuarine salt balance
In estuarine basins, the salinity budget is maintained by the competing influences of seaward
and landward salt transport and depends on tidal, wind and freshwater flow [76]. In stratified
estuaries such as Furnace, spring-neap oscillations in salt transport are often the dominant fac-
tor in determining the longer-term salt balance (e.g. [29]). For example, in the inner basin of
Furnace, steady-state conditions in relation to salt and volume are on average achieved over a
complete spring-neap cycle [77]. However large pulses of freshwater may disrupt the longer-
term salt balance, especially in lagoonal estuaries with restricted horizontal connection to oce-
anic water. The Furnace salt balance was modified during Desmond with net export of salt
which was not replenished immediately by spring tides. Perhaps most importantly, this salt
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flux did not appear to be imported salt from the prior spring tides, as the surface and bottom
salinities at MR01 were almost zero prior to Desmond yet both increased slightly during the
middle of Desmond (Fig 7B). To assess whether this exported salt came from sub-halocline
water in the deep inner basin, we invoked some practical assumptions about the mean volu-
metric flux during Desmond (Qmean�43 m3 s-1), the salinity of the water above the halocline at
the mouth of the basin (S1�0, recorded at MR01) and salinity below the halocline (S2�16; Fig
5A), and estimated an entrainment flux (QWe, m-3 s-1) of sub-halocline water by the outflowing
plume as QWe = Qmean(S1/S2−S1). This provided a mean estimate of QWe during the flood of
2.8 m3 s-1. Using the approximate basin area at the depth of the halocline gives a mean entrain-
ment velocity of 5 x 10−6 m s-1. Thus for S2�16, a simplistic estimate of mean upward salt flux
across the halocline gives 45 kg s-1; over the 4–6 December the mean salt flux through the
entranceway based on Eq 10 was– 42 kg s-1 (although the large range of values in the salt flux
timeseries must be acknowledged, with max values of– 90 kg s-1 at peak flow (Fig 8C)). Thus
we tentatively conclude that salt loss from Furnace during the peak of the freshwater flood was
from older resident salt reserves located beneath the halocline and below sill depth. This is an
important dynamic, as in topographically constrained estuaries like Furnace, the deep basin
water below sill depth is normally detached from the wind, estuarine and tidal circulation that
takes place above the sill (e.g. [62]). Large flood events may be capable of freshening semi-
enclosed coastal basins such as Furnace not only by limiting salt import during flood tides but
also by exporting resident salt through entrainment.
Conclusions
Here we have quantified the impacts from a succession of heavy rainfall events that spanned a
catchment-lake-estuarine system and shown that, in large part due to the timing (winter) and
event conditions (rain and wind), the coastal estuarine system underwent the most significant
changes. The timing of such events over the annual cycle is less important for estuarine sys-
tems in temperate climates and in some respects winter floods may have larger impacts, as
extreme rainfall is superposed on higher seasonal freshwater input. A logical next phase to the
results presented here would be to quantify how additional biogeochemical and biological
parameters not monitored during the flood would respond, as well as tracking plume impacts
further offshore. One potential approach toward this would be forcing coupled physical-bio-
geochemical models using volume and air-sea fluxes quantified here as boundary conditions.
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S1 Fig. Cross-sectional profile of entranceway into Furnace inner basin at MR01. Shown is
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perature-conductivity sensor (bottom triangle); temperature-conductivity sensor (surface tri-
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21. Robins PE, Skov MW, Lewis MJ, Giménez L, Davies AG, Malham SK, et al. Impact of climate change
on UK estuaries: A review of past trends and potential projections. Estuar Coast Shelf Sci. 2016 Feb 5;
169:119–35.
22. Dyer KR. Estuaries: a physical introduction. 2nd ed. New Jersey: John Wiley. 1997.
23. Yang Z, Wang T, Voisin N, Copping A. Estuarine response to river flow and sea-level rise under future
climate change and human development. Estuar Coast Shelf Sci. 2015 Apr 5; 156:19–30.
24. Robins PE, Lewis MJ, Simpson JH, Howlett ER, Malham SK. Future variability of solute transport in a
macrotidal estuary. Estuar Coast Shelf Sci. 2014 Dec 5; 151:88–99.
25. Lee SB, Birch GF. Utilising monitoring and modelling of estuarine environments to investigate catch-
ment conditions responsible for stratification events in a typically well-mixed urbanised estuary. Estuar
Coast Shelf Sci. 2012 Oct 1; 111:1–16.
26. Rabalais NN, Dı́az RJ, Levin LA, Turner RE, Gilbert D, Zhang J. Dynamics and distribution of natural
and human-caused hypoxia. Biogeosciences. 2010 Feb 12; 7(2):585–619.
27. Voynova YG, Brix H, Petersen W, Weigelt-Krenz S, Scharfe M. Extreme flood impact on estuarine and
coastal biogeochemistry: the 2013 Elbe flood. Biogeosciences. 2017 Feb 6; 14(3):541–57.
28. Wetz MS, Yoskowitz DW. An ‘extreme’ future for estuaries? Effects of extreme climatic events on estua-
rine water quality and ecology. Mar Pollut Bull. 2013 Apr 15; 69(1):7–18.
29. Bowen MM, Geyer WR. Salt transport and the time-dependent salt balance of a partially stratified estu-
ary. J Geophys Res Oceans. 2003; 108(C5).
30. Monismith SG, Kimmerer W, Burau JR, Stacey MT. Structure and Flow-Induced Variability of the Subti-
dal Salinity Field in Northern San Francisco Bay. J Phys Oceanogr. 2002 Nov 1; 32(11):3003–19.
31. MacCready P. Estuarine Adjustment to Changes in River Flow and Tidal Mixing. J Phys Oceanogr.
1999 Apr 1; 29(4):708–26.
32. Kelly S, Eyto E de, Poole R, White M. Ecological consequences of internal seiches in a semi-enclosed,
anoxic coastal basin. Mar Ecol Prog Ser. 2018a Sep 17; 603:265–72.
33. McCarthy M, Spillane S, Walsh S, Kendon M. The meteorology of the exceptional winter of 2015/2016
across the UK and Ireland. Weather. 2016 Dec 1; 71(12):305–13.
34. Barker L, Hannaford J, Muchan K, Turner S, Parry S. The winter 2015/2016 floods in the UK: a hydro-
logical appraisal. Weather. 2016; 71(12):324–33.
35. Matthews T, Murphy C, McCarthy G, Broderick C, Wilby RL. Super Storm Desmond: a process-based
assessment. Environ Res Lett. 2018 Jan; 13(1):014024.
36. Lavers DA, Allan RP, Villarini G, Lloyd-Hughes B, Brayshaw DJ, Wade AJ. Future changes in atmo-
spheric rivers and their implications for winter flooding in Britain. Environ Res Lett. 2013 Jul; 8
(3):034010.
37. Doyle BC, de Eyto E, Dillane M, Poole R, McCarthy V, Ryder E, et al. Synchrony in catchment stream
colour levels is driven by both local and regional climate. Biogeosciences. 2019 Mar 15; 16(5):1053–71.
38. Kelly S, Eyto E de, Dillane M, Poole R, Brett G, White M. Hydrographic maintenance of deep anoxia in a
tidally influenced saline lagoon. Mar Freshwater Res. 2018b Mar 21; 69(3):432–45.
39. Marine Institute. Newport Research Facility Annual Report, No. 62, 2018. Marine Institute, Newport,
Mayo, 2019.
40. Poole WR, Diserud OH, Thorstad EB, Durif CM, Dolan C, Sandlund OT, et al. Long-term variation in
numbers and biomass of silver eels being produced in two European river systems. ICES J Mar Sci.
2018 Oct 1; 75(5):1627–37.
PLOS ONE Storm impacts along catchment-to-coast continuum
PLOS ONE | https://doi.org/10.1371/journal.pone.0235963 July 28, 2020 22 / 24
41. de Eyto E., Dalton C., Dillane M., Jennings E., McGinnity P., O’Dwyer, et al. The response of North
Atlantic diadromous fish to multiple stressors, including land use change: a multidecadal study, Can. J.
Fish. Aquat. Sci., 73, 1759–1769. https://doi.org/10.1139/cjfas-2015-0450, 2016b.
42. Fofonoff NP, Millard RC. Algorithms for Computation of Fundamental Properties of Seawater. Endorsed
by Unesco/SCOR/ICES/IAPSO Joint Panel on Oceanographic Tables and Standards and SCOR Work-
ing Group 51. Unesco Technical Papers in Marine Science, No. 44. 1983
43. Emery WJ, Thomson RE. Data analysis methods in physical oceanography. 2nd ed. New York: Else-
vier. 2001.
44. ArcGIS Desktop: Release 10, Environmental Systems Research Institute, CA, USA, 2011.
45. Sieck LC, Burges SJ, Steiner M. Challenges in obtaining reliable measurements of point rainfall. Water
Resour Res. 2007; 43(1). https://doi.org/10.1029/2005wr004773 PMID: 20300476
46. Woolway RI, Jones ID, Hamilton DP, Maberly SC, Muroaka K, Read JS, et al. Automated calculation of
surface energy fluxes with high-frequency lake buoy data. Environ Modell Softw. 2015; 70:191198.
47. Kullenberg GEB. On vertical mixing and the energy transfer from the wind to the water. Tellus. 1976 Jan
1; 28(2):159–65.
48. Zeng X, Zhao M, Dickinson RE. Intercomparison of Bulk Aerodynamic Algorithms for the Computation
of Sea Surface Fluxes Using TOGA COARE and TAO Data. J Climate. 1998 Oct 1; 11(10):2628–44.
49. Gill A.E. Atmosphere-ocean dynamics. International geophysics series. New York: Academic Press.
1982.
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69. Schinke H, Matthäus W. On the causes of major Baltic inflows—an analysis of long time series. Cont
Shelf Res. 1998 Apr 24; 18(1):67–97.
70. Allen GL, Simpson JH. Deep Water Inflows to Upper Loch Linnhe. Estuar Coast Shelf Sci. 1998 Oct 1;
47(4):487–98.
71. Gillibrand PA, Turrell WR, Elliott AJ. Deep-Water Renewal in the Upper Basin of Loch Sunart, a Scottish
Fjord. J Phys Oceanogr. 1995 Jun 1; 25(6):1488–503.
72. Laval BE, Morrison J, Potts DJ, Carmack EC, Vagle S, James C, et al. Wind-driven Summertime
Upwelling in a Fjord-type Lake and its Impact on Downstream River Conditions: Quesnel Lake and
River, British Columbia, Canada. J Great Lakes Res. 2008 Jan 1; 34(1):189–203.
73. Cossu R, Wells MG. The Interaction of Large Amplitude Internal Seiches with a Shallow Sloping
Lakebed: Observations of Benthic Turbulence in Lake Simcoe, Ontario, Canada. PLoS One. 2013; 8
(3).
74. Lorke A, Umlauf L, Mohrholz V. Stratification and mixing on sloping boundaries. Geophys Res Lett.
2008; 35(14).
75. Chikita K. Dynamic behaviours of anoxic saline water in Lake Abashiri, Hokkaido, Japan. Hydrol Pro-
cess. 2000; 14(3):557–74.
76. Vaz N, Silva JDL e, Dias JM. Salt Fluxes in a Complex River Mouth System of Portugal. PLOS ONE.
2012 Oct 10; 7(10):e47349. https://doi.org/10.1371/journal.pone.0047349 PMID: 23071793
77. Kelly, S. Marine and freshwater influences on the hydrography, oxygen dynamics and ecology of an
anoxic lagoonal estuary, Lough Furnace, Mayo, Ireland, Ph.D. thesis, National University of Ireland Gal-
way, Ireland. 2019.
PLOS ONE Storm impacts along catchment-to-coast continuum
PLOS ONE | https://doi.org/10.1371/journal.pone.0235963 July 28, 2020 24 / 24
Journal of Biogeography. 2020;00:1–14. wileyonlinelibrary.com/journal/jbi   |  1© 2020 John Wiley & Sons Ltd
 
Received: 7 September 2020  |  Revised: 18 November 2020  |  Accepted: 24 November 2020
DOI: 10.1111/jbi.14052  
R E S E A R C H  A R T I C L E
Abundance and biogeography of methanogenic and 
methanotrophic microorganisms across European streams
Magdalena Nagler1  |   Nadine Praeg1 |   Georg H. Niedrist2 |   Katrin Attermeyer3,4 |   
Núria Catalán5,6 |   Francesca Pilotto7,8 |   Catherine Gutmann Roberts9 |   
Christoph Bors10 |   Stefano Fenoglio11,12 |   Miriam Colls5,6 |   Sophie Cauvy-Fraunié13 |   
Brian Doyle14 |   Ferran Romero5,6 |   Björn Machalett15,16 |   Thomas Fuss17 |   
Adam Bednařík18 |   Marcus Klaus19 |   Peter Gilbert20 |   Dominique Lamonica13 |    
Anna C. Nydahl3 |   Clara Romero González-Quijano17 |   Lukas Thuile Bistarelli17 |   
Lyubomir Kenderov21 |   Elena Piano11 |   Jordi-René Mor5,6 |   Vesela Evtimova22 |   
Elvira deEyto23 |   Anna Freixa5,6 |   Martin Rulík18 |   Josephine Pegg24,9 |    
Sonia Herrero Ortega17 |   Lea Steinle25 |   Pascal Bodmer10,26
1Department of Microbiology, Universität Innsbruck, Innsbruck, Austria
2Department of Ecology, Universität Innsbruck, Innsbruck, Austria
3Limnology/Department of Ecology and Genetics, Uppsala University, Uppsala, Sweden
4WasserCluster Lunz, Lunz am See, Austria
5Catalan Institute for Water Research (ICRA), Girona, Spain
6Universitat de Girona (UdG), Girona, Spain
7Senckenberg Research Institute and Natural History Museum Frankfurt, Gelnhausen, Germany
8Umeå University, Historical, Philosophical and Religious studies, Umeå, Sweden
9Bournemouth University, Bournemouth, United Kingdom
10University of Koblenz-Landau, Landau in der Pfalz, Germany
11DBIOS - Università degli Studi di Torino Via Accademia Albertina, 13, 10123 Torino
12ALPSTREAM, Italy
13Riverly Lab, Irstea Centre de Lyon-Villeurbanne, Saint Martin d'Heres, France
14Dundalk Institute of Technology, Centre for Freshwater and Environmental Studies (CFES), Dundalk, Ireland
15Humboldt-Universität zu Berlin, Institute of Geography, Climatology Group, Berlin, Germany
16Department of Geosciences, University of Massachusetts Amherst, Amherst, MA, USA
17Leibniz-Institute of Freshwater Ecology and Inland Fisheries (IGB), Berlin, Germany
18Department of Ecology and Environmental Sciences, Palacký University, Olomouc, Czechia
19Department of Ecology and Environmental Science, Umeå University, Umeå, Sweden
20University of Highlands and Islands, Thurso, UK
21Faculty of Biology, Sofia University “St. Kliment Ohridski”, Sofia, Bulgaria
22Bulgarian Academy of Sciences, Institute of Biodiversity and Ecosystem Research, Sofia, Bulgaria
23The Marine Institute, Newport, Ireland
24South African Institute for Aquatic Biodiversity, Makhanda, South Africa
25University of Basel, Basel, Switzerland
26Département des Sciences Biologiques, Groupe de Recherche Interuniversitaire en Limnologie, Université du Québec à Montréal, Montreal, Canada
2  |     NAGLER Et AL.
Correspondence
Magdalena Nagler, Universität Innsbruck, 




German Research Foundation, Grant/Award 
Number: BO 5050/ and 1-1
Handling Editor: Jani Heino
Abstract
Aim: Although running waters are getting recognized as important methane sources, 
large-scale geographical patterns of microorganisms controlling the net methane bal-
ance of streams are still unknown. Here we aim at describing community composi-
tions of methanogenic and methanotrophic microorganisms at large spatial scales 
and at linking their abundances to potential sediment methane production (PMP) and 
oxidation rates (PMO).
Location: The study spans across 16 European streams from northern Spain to north-
ern Sweden and from western Ireland to western Bulgaria.
Taxon: Methanogenic archaea and methane-oxidizing microorganisms.
Methods: To provide a geographical overview of both groups in a single approach, 
microbial communities and abundances were investigated via 16S rRNA gene se-
quencing, extracting relevant OTUs based on literature; both groups were quantified 
via quantitative PCR targeting mcrA and pmoA genes and studied in relation to envi-
ronmental parameters, sediment PMP and PMO, and land use.
Results: Diversity of methanogenic archaea was higher in warmer streams and of 
methanotrophic communities in southern sampling sites and in larger streams. 
Anthropogenically altered, warm and oxygen-poor streams were dominated by 
the highly efficient methanogenic families Methanospirillaceae, Methanosarcinaceae 
and Methanobacteriaceae, but did not harbour any specific methanotrophic organ-
isms. Contrastingly, sediment communities in colder, oxygen-rich waters with lit-
tle anthropogenic impact were characterized by methanogenic Methanosaetaceae, 
Methanocellaceae and Methanoflorentaceae and methanotrophic Methylococcaceae 
and Cd. Methanoperedens. Representatives of the methanotrophic Crenotrichaceae 
and Methylococcaceae as well as the methanogenic Methanoregulaceae were char-
acteristic for environments with larger catchment area and higher discharge. PMP 
increased with increasing abundance of methanogenic archaea, while PMO rates did 
not show correlations with abundances of methane-oxidizing bacteria.
Main conclusions: Methanogenic and methanotrophic communities grouping into 
three habitat types suggest that future climate- and land use changes may influence 
the prevailing microbes involved in the large-scale stream-related methane cycle, fa-
vouring the growth of highly efficient hydrogenotrophic methane producers. Based 
on these results, we expect global change effect on PMP rates to especially impact 
rivers adjacent to anthropogenically disturbed land uses.
K E Y W O R D S
inland waters, methane-oxidizing bacteria, methanogenic archaea, potential methane 
oxidation, potential methane production, stream sediments
1  | INTRODUC TION
Methane (CH4) has a global warming potential 34 times higher than 
carbon dioxide (CO2) (Ciais et al., 2013) due to its efficiency in ab-
sorbing infrared radiation (Etminan et al., 2016). While sources of 
CH4 are manifold and may be natural or anthropogenic, current esti-
mates suggest that 35%–50% of global CH4 emissions originate from 
natural sources (Ciais et al., 2013). Among these sources, natural 
wetlands are the largest, followed by geological sources and fresh-
waters (running waters and lakes), with running waters contributing 
3% of the global release or 15%–40% of the efflux from wetlands 
and lakes (Stanley et al., 2016).
Biogenic CH4 is almost exclusively produced by methanogenic 
archaea (MA) during the final step of anaerobic degradation of or-
ganic matter. MA mainly produce CH4 either from H2 and CO2 (hy-
drogenotrophic pathway) or from acetate cleavage (acetoclastic 
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pathway) (Nazaries et al., 2013). Lotic waters represent important 
components of the global carbon cycle through carbon mineral-
ization into CO2 and CH4 (Stanley et al., 2016) and first studies on 
river sediments revealed the dominance of Methanosarcinales and 
Methanomicrobiales (Chaudhary et al., 2017).
Environments facilitating the occurrence of communities pro-
ducing CH4 are also typical habitats for methane-oxidizing micro-
organisms (MOX) (Kalyuzhnaya et al., 2019), which consume the 
newly synthesized CH4 as a carbon and energy source. Some MOX 
belong to archaea, perform anaerobic methane oxidation (ANME) 
and involve three distinct methanotrophic groups. Of these groups 
(ANME-1 to ANME-3), ANME-2 is further divided into four sub-
groups ANME-2 a, b, c, and Candidatus (Cd.) Methanoperedens 
(Boetius et al., 2000). Furthermore, anaerobic CH4 oxidation can 
be performed by several bacterial species belonging to the phylum 
NC10 (Ettwig et al., 2010). Aerobic CH4 oxidation, however, is car-
ried out by a heterogeneous group of obligate or facultative meth-
anotrophic bacteria (MOB) usually divided into three main types: 
Gammaproteobacteria (type I or type X), Alphaproteobacteria (type 
II) and Verrucomicrobia (type III), all with different pathways of uti-
lizing CH4 (Kalyuzhnaya et al., 2019). Aerobic MOX, often inhabiting 
anoxic–oxic interfaces such as the upper sediment layers, are known 
to support a high potential for CH4 oxidation in riverbeds (Trimmer 
et al., 2015). Furthermore, a large-scale study on methanotrophic 
communities in boreal inland waters in Canada highlighted a clear 
niche differentiation between type I and type II methanotrophs in 
water and river sediments (Crevecoeur et al., 2019). Besides these 
works on specific groups, however, the taxonomic composition/dis-
tribution of both, methanogens and methanotrophs and the respec-
tive predominant key players in different streams across ecoregions 
have not yet been examined.
While molecular approaches are helpful in analysing community 
compositions and abundances of MA and MOX, studying the net 
CH4 balance of an ecosystem also requires the quantification and 
investigation of CH4 production and oxidation processes. Studies 
measuring potential methane production (PMP) in streams, rivers 
(Bednařík et al., 2017) or river impoundments (Wilkinson et al., 2019) 
are scarce and do not necessarily link PMP rates with MA abun-
dances. However, some recent studies on PMP in stream sediments 
(Chaudhary et al., 2017; Mach et al., 2015) reported two depth- 
related PMP maxima along sediment profiles dominated by hydrog-
enotrophic methanogenesis. While these studies could not prove 
a relationship between MA abundance and PMP, others (Crawford 
et al., 2017) observed highest PMP rates in sediments enriched in 
the methane-producing mcrA-gene. Data on potential CH4 oxida-
tion (PMO) in freshwater ecosystems are also scarce (e.g. Oswald 
et al., 2015), but it was shown that PMO from river sediments in-
creased with decreasing gravel size (Bodmer et al., 2020). Additional 
drivers of such distributions and rates in stream sediments have not 
been identified so far.
To our knowledge, an in-depth investigation of taxonomic dis-
tributions and abundances of both microbial groups involved in the 
CH4 cycle and of underlying environmental conditions has not been 
carried out on large continental (European) scale. Thus, the pres-
ent study aims to (a) describe the biogeography of MA and MOX 
in stream sediments, (b) identify the dominant species within each 
functional group, (c) examine the links between environmental con-
ditions and the distribution of both MA and MOX and (d) compare 
the absolute abundances of MA and MOX with their potential meta-
bolic activities across 16 European streams.
2  | MATERIAL S AND METHOD
2.1 | Sampling design
We sampled sediments from 16 streams across 10 European coun-
tries (Table S1, Appendix S2), using the EuroRun network (Bodmer 
et al., 2019; Bravo et al., 2018). Within a representative 50 m sec-
tion of the investigated stream three patches were sampled based 
on their sediment grain size: (a) coarse (gravel, >0.2 cm to 2 cm), 
(b) medium (sand/mud, >6 μm to 2 mm), and (c) fine (silt/loam/clay, 
<6 μm; Figure 1). If not applicable, sediment patches with the widest 
range of sediment grain size were selected (coarse, medium and fine 
sediment). Particle size distributions were additionally measured in 
the laboratory to assure for a comparability of the categories across 
the streams. In most cases, the categories did not completely match 
with the measured grain sizes and, therefore, the three areas were 
considered as replicates of the same stream. Sediment surface area 
(measured) was used as parameter describing the within-stream 
sediment heterogeneity (see chapter 2.2.)
From each of the three stream replicates (patches), 10 sediment 
cores were sampled with cut-off 100 mL syringes (diameter: 3.6 cm), 
avoiding sediment vertical profile disturbance or compression. To 
F I G U R E  1   Conceptual figure of 
the sampling design at European, 
stream reach and site-specific scale. 
PMP = samples retrieved for potential 
methane production measurements, 
PMO = samples retrieved for potential 
methane oxidation measurements, 
DNA = samples retrieved for qPCR and 
sequencing. Map in Lambert Conformal 
Conic projection
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gain insight into microbial spatial preferences resulting from ox-
ygen availability, cores were split into two samples from different 
depths (0–3 cm and 6–9 cm below the surface water interface), 
and transferred to 30 mL glass vials. Samples were stored at 4°C 
and shipped to the respective laboratories (University of Koblenz-
Landau, Germany: PMP, sediment nitrogen and organic carbon con-
tent; University of Basel, Switzerland: PMO; University Innsbruck, 
Austria: molecular work) the following day. Three parallel samples 
of each sediment layer per patch were combined to form one com-
posite sample of each depth, and an aliquot was taken for DNA 
extraction (n = 96; stored at −20°C; processed 7–21 days after sam-
pling; Figure 1). Furthermore, three 0-3cm sediment samples per 
sediment patch were used for PMO measurements (n = 144; stored 
at 3°C; processed 5–8 days after sampling), and both sediment layers 
of four sediment samples per patch were used for PMP measure-
ments (n = 384; stored at 4°C; processed 3–10 days after sampling; 
Figure 1).
2.2 | Physical and chemical parameters
The upstream catchment area, elevation (metres above sea level), 
Strahler stream order (Strahler, 1952), and land use within the catch-
ment were taken from Bravo et al. (2018), which covered the same 
sites (Table S1, Appendix S2). Land use within the catchment was 
further simplified after inspection via principal component analysis 
(PCA; see section 2.7) by unifying the classes 'urban' and 'agriculture' 
as well as 'forest' and 'others' into 'anthropogenically altered' and 
'natural' respectively. As those two variables represented co-corre-
lating values, only 'natural' was used for those analyses influencea-
ble by correlating descriptor variables (i.e. redundancy analysis; RDA 
and generalized linear mixed models; GLMMs). Besides these land-
scape variables, hydromorphological features were measured with 
standard methods (see Method S1, Appendix S3), including wetted 
stream width (m), cross-sectional area (m2), water depth (m), stream 
area (m2), discharge (m3 s−1), mean flow velocity (ms−1) and channel 
slope (%).
Physical and chemical parameters (pH, surface water oxygen 
concentration [mg/L], conductivity [µScm−1] and temperature [°C]) 
were measured with standard methods during daytime in the middle 
of the stream (Table S2, Appendix S2 for devices used at individual 
sites).
Particle size distribution was measured from a subsample of 
each PMP sample at the Thuringian Particle Size Laboratory using a 
Beckman-Coulter LS 13,320 PIDS following (Machalett et al. 2008; 
Method S2, Appendix S3). To estimate the area potentially coloniz-
able by microorganisms, sediment surface area (cm2 cm−3) was calcu-
lated using the mean size of each particle class assuming a spherical 
particle shape.
Sediment nitrogen and organic carbon content (expressed as 
weight percent of dry sediment) was measured from PMP samples 
after the incubation period by dry combustion (Vario MICRO Cube, 
Elementar Analysensysteme GmbH), assuming the consumption 
under anoxic conditions in this period of time to be negligible 
(Method S3, Appendix S3).
2.3 | Potential methane production and potential 
methane oxidation
PMP was measured according to Wilkinson et al. (2019) and PMO 
according to Steinle et al. (2016) and Su et al. (2019). In brief, for 
PMP, the sediment was incubated for 5 weeks in an air-tight vial at 
16°C in the dark. Headspace gas samples were analysed weekly with 
an ultraportable greenhouse gas analyser and PMP was calculated 
from the linear increase in CH4 partial pressure over time (g CH4 m
−3 
fresh sediment d−1).
For PMO, fresh sediment samples were amended with trace 
amounts of 14C-labelled aqueous CH4 and incubated in the dark for 
~3 days at room temperature. Incubations were stopped with 20 mL 
2.5% sodium hydroxide and PMO (%CH4 d
−1) was assessed by 14CH4 
combustion and 14CO2 acidification. Further details are given in the 
supplement (Method S4, Appendix S3).
2.4 | DNA extraction
DNA was extracted from approx. 500 mg fresh composite sediment 
sample for each depth using the Nucleo Spin® Soil Kit (Macherey-
Nagel). DNA quality was checked on 1% (w/v) agarose gels using 
GelGreen™ staining (Biotium Inc.,) and quantity was measured using 
a Quantus™Fluorometer and the QuantiFluor® Dye System for dou-
ble-stranded DNA (dsDNA; Promega).
2.5 | qPCR
Quantitative PCR (qPCR) was conducted using the SensiFastTM 
SYBR No-Rox Kit (Bioline, UK) on a Corbett Life Science Rotor-
GeneTMQ system (Qiagen). Total mcrA-genes of MA were deter-
mined using the primer set mlas/mcrA-rev (469bp) (Steinberg and 
Regan, 2009) and the abundance of pmoA gene of type Ia and type 
II methane-oxidizing bacteria with the primer pairs A189f/Mb601r 
(432bp) and II223f/II646r (444bp) (Kolb et al., 2003; Cai et al., 2016; 
Praeg et al., 2020; see Table S3, Appendix S2 for cycling condi-
tions). Detailed qPCR-related information is given in the supplement 
(Method S5, Appendix S3). In contrast to the sequencing, the qPCR 
approach does not include ANME and the quantified group tar-
geted with the pmoA is thus abbreviated as MOB (without archaea). 
Thereby, the separate investigation of type I and type II MOB pro-
vides (more) detailed information on methanotrophic physiology 
(Trimmer et al., 2015) and total methanotrophs can be quantified to 
a large extend by the aforementioned primer pairs (Cai et al., 2016; 
Kolb et al., 2003; Praeg et al., 2020). Thus, gene copies of type Ia 
and type II MOB were summed to represent an approximation to the 
total MOB gene copy number.
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2.6 | 16S rRNA gene sequencing and bioinformatics
For this first study investigating the biogeography and diversity of 
all microorganisms driving the CH4 cycle within stream sediments 
across Europe, we sequenced the 16S rRNA gene as a target, 
providing a broad overview of all present microbial taxa includ-
ing MA and MOX in equal measure. The gained rarefaction curves 
(Figure S1, Appendix S1) exhibited a high depth of 16S rRNA 
gene sequencing suitable for in-depth interpretation. Although 
targeting of functional marker genes might yield more informa-
tive sequence reads, the used primer set makes the results highly 
comparable to existing 16S rRNA-based studies and a careful in-
terpretation of the results offers noticeable first insights on the 
diversity of methanogens and methanotrophs across European 
stream sediments.
A total of 96 DNA extracts resulting from (composite) 
triplicates of 16 streams and two depths was subjected to 
high-throughput amplicon sequencing on an Illumina MiSeq 
platform (v2) performing a 300 bp paired-end run and simulta-
neously targeting bacteria and archaea via the V4 region of the 
16S SSU rRNA gene (StarSEQ) using the 515f/806r primer system 
(Caporaso et al., 2011).
Sequence data were processed applying the CoMA pipeline, 
a pipeline for amplicon sequencing data analysis based on var-
ious applications such as Qiime, Mothur and others (Hupfauf 
et al., 2020). In brief, merging of paired-end reads and trimming 
of barcodes and primers were done using the recommended 
settings. High-quality reads were selected to show <5% devi-
ation from the mode sequence length and at least 99.7% base 
call accuracy (phred score ≥25). Sequences were aligned apply-
ing a 97% similarity level and assigned taxonomically using the 
blast algorithm against SILVA SSU (release 132) and Greengenes 
(release 13_5) as primary and backup databases respectively. 
Operational taxonomic units (OTUs) represented by only one 
read within all samples were excluded and samples were subsam-
pled to 73'249 reads after rarefaction analysis, thereby dropping 
two samples (FRA1_1_2_B and FRA1_1_2_C) with considerably 
lower read numbers (37'630 and 34'099 reads, respectively). 
After even-sampling, OTUs assigned to MA and methane-oxi-
dizing microorganisms (containing both, archaea and bacteria 
and therefore abbreviated as MOX) as listed in recent literature 
(Kalyuzhnaya et al., 2019; Nazaries et al., 2013) were extracted 
and used for subsequent analyses.
2.7 | Data analysis
2.7.1 | Environmental data
To reduce the dimensions of the multivariate dataset and explore the 
environmental conditions of the streams, a PCA was performed using 
the FactoMineR and factoextra packages (Kassambra & Mundt, 2017; 
Lê et al., 2008; R Core Team, 2018).
2.7.2 | Community data
Differences among the community structure of all sequenced 
OTUs from different sediment depths (0–3 cm, 6–9 cm) and varia-
tion in community composition as a function of stream and depth 
were tested with one-way and two-way PERMANOVA (using 
Adonis function) with 9,999 permutations, based on Bray–Curtis 
dissimilarity matrix of both MA and MOX communities using the 
vegan package (Oksanen et al., 2019). As sampling depth had no 
significant influence on the community composition of MA or 
MOX, subsequent analyses were performed on sequencing data 
of both sampling depths combined (n = 96); α-diversity was in-
spected calculating Shannon index and OTU richness (Chao-index) 
using the Mothur software pipeline v.1.39.0 (Schloss et al., 2009) 
and averaging their distribution on family-level in each stream 
(i.e. combining the three composite samples per sediment depth 
of the three sampled patches). The top 5 families in each stream 
were determined by calculating mean ranks of all families, and 
 β-diversities were studied performing an NMDS with Bray–Curtis 
dissimilarities on OTU-level of MA and MOX including both sedi-
ment layers.
Univariate relationships between log-transformed relative read 
numbers of MA and MOX families with each other and with envi-
ronmental variables were examined with Pearson correlation ta-
bles using the corrplot package and a significance level of 1% (Wei 
et al., 2017). Correlation between environmental variables and MA 
and MOX communities were determined via redundancy analyses 
(RDA) with 499 unrestricted permutations on log-transformed read 
numbers using the default interactive forward selection mode in 
Canoco5 (Šmilauer & Lepš, 2014), considering only one representa-
tive of each co-correlating group of environmental variables (identi-
fied in the PCA, see above).
2.7.3 | Gene abundance data
Relationships between abundance of MA and MOB, between PMP 
and MA, and between PMO and MOB were explored using general-
ized linear models (GLMs) on log-transformed data. Differences in 
gene copy numbers at different depths were tested using pairwise 
comparisons (paired student's t test) in all technical replicate sam-
ples with the package ggpubr (Kassambra, 2018). Since the depth 
effect was negligible (small significant effect for MOX only, see re-
sults section 3.5), both depth levels were combined for subsequent 
analyses. Differences of gene copy numbers between individual 
streams were evaluated using Kruskal–Wallis rank sum test and 
best correlating stream-scale variables were identified with GLMs 
on the data aggregated by stream (n = 16) with forward selection 
based on Bayesian information criterion, using a log link function 
and considering multicollinearity between predictors. Generalized 
linear mixed models (GLMMs) were used to disentangle the site-
specific environmental drivers of MA and MOB gene copy numbers, 
while considering stream-scale differences (n = 96). Hence, stream 
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identity was considered as a random effect and the following site-
specific variables were included as fixed effects: sediment nitrogen 
and organic carbon content, sediment surface area, and sediment 
C:N ratio. Various models with different combinations of fixed ef-
fects were constructed using the packages lme4 (Bates et al., 2015) 
and r2glmm (Jaeger, 2017), while avoiding multicollinearity (checked 
using the package corrplot; Wei et al., 2017). The final GLMM for the 
two dependent microbial communities (MA and MOB) was selected 
based on the GLMMs fit by examining both the mixed effect mod-
els conditional R2 (Nakagawa & Schielzeth, 2012) and the prediction 
quality of gene copy numbers (correlation between observed and 
predicted gene copies). The importance of each environmental vari-
able was evaluated using the percentage of explained variation.
3  | RESULTS
3.1 | Environmental data
The PCA (Figure 2; Tables S1, S4 in Appendix S2) revealed the in-
fluence of hydromorphological stream characteristics and physico-
chemical water properties on the first axis (Figure 2). The second 
axis discriminated the samples based on grain size distributions and 
sediment organic carbon content. Axis 1 ordered samples according 
to site and latitude and axis 2 separated different sediment types 
within streams (i.e. coarse, medium and fine sediment patches).
3.2 | Alpha- and beta-diversity of MA and MOX 
communities in streams across Europe
Total 16S rRNA read numbers ranged from 73'249 to 140'000 per 
sample. Of all reads, a mean of 728 (1.0%) belonged to MA and 
799 (1.1%) to MOX. There were no significant differences in over-
all microbiome composition of all sequenced operational taxo-
nomic units (OTUs; including all bacteria and archaea) between 
samples from 0–3 cm and 6–9 cm sediment depths, as tested with 
PERMANOVA.
MA reads were assigned to 11 families, with Methanoregulaceae, 
Methanosaetaceae, Methanosarcinaceae and Methanobacteriaceae 
being relatively most abundant (Figure 3a,c), based on the num-
ber of reads. MA diversity ranged from 10 to 33 OTUs and over a 
Shannon index from 1.6 to 2.9 (Figure 3a; Table S5 in Appendix S2). 
MA species richness and diversity were positively correlated with 
water temperature (Pearson`s r = 0.45, p < 0.01) and catchment 
area (Pearson`s r = 0.48, p < 0.01), respectively, while they were 
negatively correlated with increasing natural land cover percent-
ages within the catchment (r = −0.48 and r = −0.5, resp., p < 0.01; 
Figure S2 in Appendix S1).
For MOX, OTUs were assigned to eight different families, 
with bacterial Methylococcaceae, unclassified Methylococcales, 
Methylocystaceae, Cd. Methylomirabilis and the archaeal clade Cd. 
Methanoperedens being most abundant (Figure 3b,d; Table S5, 
Appendix S2). Within MOX, significant differences in read numbers 
between both sampling depths (0–3 versus. 6–9 cm) were found for 
Cd. Methanoperedens as well as Cd. Methylomirabilis, yielding higher 
relative abundances in deeper sediment samples (Mann–Whitney 
U, p < 0.01, Table S5, Appendix S2). For other families including 
Methylocystaceae, CABC2E06, Crenotrichaceae and plW-20, differ-
ences were less pronounced (p = 0.014, p = 0.017, p = 0.034 and 
p = 0.023, respectively), but all families displayed lower read num-
bers in the deeper sediment layer. Similarly, read numbers of anaer-
obic methane oxidizers (i.e. the sum of Cd. Methanoperedens + Cd. 
Methylomirabilis reads) were significantly higher within the deeper 
sediment layer (Mann–Whitney U, p < 0.01), while read numbers of 
aerobic methane oxidizers did not differ significantly between both 
sampling depths. MOX OTU numbers ranged from 12 to 64 and di-
versities from 0.5 to 2.7, with diversity being significantly correlated 
with geographical latitude (Pearson`s r = −0.51, p < 0.01), stream 
area (Pearson`s r = 0.51, p < 0.01), wetted stream width (Pearson`s 
r = 0.49, p < 0.01) and channel slope (Pearson`s r = 0.46, p < 0.01, 
Figure S2, Appendix S1).
F I G U R E  2   Principal component 
analysis plot of the first two dimensions 
based on all combined environmental 
data collected at two depths (0–3 and 
6–9 cm depth) of three patches in 
each stream. Sample sites are coloured 
according to geographical latitude with 
SWE1_1 representing the northernmost 
and ESP2_3 the southernmost sampling 
points. Further information about units is 
listed in Tables S1 and S4 in Appendix S2. 
Proportions of explained variance of both 
dimensions are given in brackets
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F I G U R E  3   Mean biogeography of (a,c) methanogenic archaea (MA) and (b,d) methane-oxidizing bacteria and archaea (MOX) based 
on combined data from 0 to 3 and from 6 to 9 cm sediment depth in streams across Europe. a) and b) show relative α-diversities at family 
level with sampling sites ordered by geographical latitude. The line represents the Shannon Index. (c and d) show the top 5 families across 
European streams selected by mean rank of each family among all sites. Pie charts show percentages of reads belonging to MA or MOX. 
Map in Lambert Conformal Conic projection
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3.3 | Correlations among taxonomic groups and 
with environmental variables
The separation of communities via NMDS illustrated a more ho-
mogeneous composition of MA compared to MOX. The latter 
formed clusters that are more distinct among sampling sites and 
roughly grouped according to their geographical latitude (Figure S3, 
Appendix S1), but both groups exhibited a wide range of within-
stream variability, which is linked to both the sampling depth and 
patch-specific environmental constraints. According to the two-way 
PERMANOVA, the affiliation to a certain stream had a significant 
effect on both, MA and MOX (PERMANOVA, p < 0.01), while the 
sampling depth was found to be marginally influential only for MOX 
(PERMANOVA, p = 0.032) and no significant interaction effect was 
found.
The best (and significant) subset of the environmental variables to 
summarize the variation in species composition (identified via inter-
active forward selection in RDA) accounted for an adjusted explained 
variation of 39.5% (MA) and 55.4% (MOX; Figure 4a,b). MA com-
munities in more anthropogenically altered and warm environments 
with increased pH were represented by various Methanospirillum 
spp., by members of the family Methanosarcinaceae and by a variety 
of taxa belonging to Methanobacteriaceae (Figure 4a), while no rep-
resentative MOX community was established within comparable en-
vironments (Figure 4b).
Communities in well-oxygenated streams in natural land 
cover dominated catchments were characterized by MA groups 
Methanosaeta spp., Methanocellaceae and Methanoflorentaceae, 
and by many MOX of the family Methylococcaceae, of unassigned 
Methylococcales and, interestingly, by various Cd. Methanoperedens 
(Figure 4a,b).
For both, MA and MOX, another well-separated community 
was also found in streams draining larger catchments with high 
discharge (mainly sampling site DEU1_1) featuring MA representa-
tives Methanosaeta spp., Methanolinea spp. and Mehanoregula spp. 
and MOX representatives Methylocaldum spp. and Crenothrix spp. 
(Figure 4a,b).
Generally, relative read numbers of MA were mostly influenced 
by environmental parameters reflecting climatic conditions such as 
latitude and water temperature, while MOX read numbers correlated 
with surface water oxygen saturation and stream area (Figure S2a, 
Appendix S1). Moreover, identified positive and negative relation-
ships within and between MA and MOX families are reflecting the 
grouping in the RDA (Figure S3, Appendix S1).
F I G U R E  4   Triplots of redundancy analysis (RDA) of MA (top) and MOX (bottom) sequences from stream sediments in 0–3 and in 6–9 cm 
depth. Significant environmental parameters selected by forward selection are depicted and are grouping operational taxonomic units (OTU) 
as well as samples (sediment patch and depth) towards their predominant environmental characteristics and preferred habitats respectively. 
Explained variations of each axis are given as percentage of all eigenvalues. The stream-ID colour code refers to circles and the OTU colour 
code to labels
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3.4 | Methane production and oxidation potentials
PMP rates ranged from 9.7 × 10−5 g CH4 m
−3d−1 (IRL1_1) to 9.46 g 
CH4 m
−3d−1 (CZE1_2) and PMO rates from 1.7 × 10−4% CH4 d
−1 
(SWE1_1) to 0.32% CH4 d
−1 (IRL1_1; Table S5, Appendix S2). PMP 
rates did not differ significantly between both sediment depths, with 




Abundance of mcrA-gene ranged from 3.1 × 101 to 3.2 × 107 gene cop-
ies g fresh weight−1, type Ia MOB gene abundances from 2.82 × 102 
to 2.55 × 107 and type II MOB from 5.98 × 102 to 6.8 × 107 gene 
copies g fresh weight−1 (Table S5, Appendix S2). While mean copy 
numbers of all genes were lower in the deeper sediment samples 
(mcrA: 2.6 × 106 versus. 2.5 × 106 type Ia: 3.3 × 106 versus. 2.1 × 106 
type II: 4.3 × 106 versus. 2.1 × 106), the effect of sampling depth was 
not significant.
Gene copy numbers of mcrA-genes were correlated with both 
single MOB-deriving gene abundances (R2 = 0.670, p < 0.001 
for type Ia; R2 = 0.348, p < 0.001 for type II; Figure 5a,b) and to 
the cumulative MOB gene copy numbers (R2 = 0.594, p < 0.001 
Figure 5c), forming a LOG–LOG relationship. Similarly, mcrA-gene 
copy numbers showed a positive LOG–LOG correlation with PMP 
rates (R2 = 0.394, p < 0.001, Figure 5d). A correlation between PMO 
rates and both MOB-related gene abundances was not detected 
(Figure 5e,f).
Cumulative MOB gene copy numbers were significantly higher 
in upper sediment layers of each sample (paired Student's t test, 
p < 0.01, Figure S5, Appendix S1), although the difference was only 
marginal.
Gene abundances of MA and cumulative MOB differed among 
sampled streams (Kruskal–Wallis χ2 = 59 and 46, p < 0.05), with 
higher numbers in streams draining larger catchment areas (linear 
model, p < 0.05; Table S6, Appendix S2). Discharge correlated posi-
tively with catchment area and was therefore not considered as po-
tential predictor. Within streams, the number of MA gene copies was 
positively related to sediment organic carbon content and sediment 
surface area, while MOB gene copies were positively related with 
sediment organic carbon content (Table S6, Appendix S2). Overall, 
the increasing explanatory power of GLMMs due to the inclusion 
of site-scale variables (increasing R2, from 0.55 to 0.65 for MA and 
F I G U R E  5   Correlations of log-transformed mcrA-gene abundances of methanogenic archaea and type Ia MOB (a), type II MOB (b), 
cumulative MOB (c) and potential methane production rates (PMP) (d). Relation of type Ia (e) and type II MOB (f) and potential methane 
oxidation rates (PMO). MOB = methane-oxidizing bacteria. MA = methanogenic archaea. Colours refer to sampled streams described in 
Figure 2, circles to sediments sampled at 0–3 cm depth and squares to sediments sampled at 6–9 cm depth. Slope and intercept of the fitted 
lines are only reported for significant (p < 0.05) relationships
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from 0.44 to 0.54 for MOB; Table S6, Appendix S2) indicated pos-
itive correlations between gene copies and organic carbon content 
and/or surface area within streams, while the overall gene copy 
number differed among streams. No other parameter showed sig-
nificant relationships with response measures, but nitrogen content 
was significantly correlated with organic carbon content and was 
therefore excluded from the model.
4  | DISCUSSION
4.1 | Environmental constraints
A major interest in microbial ecology is the identification of biogeog-
raphy, shaped by processes such as habitat filtering, dispersal, drift 
and mutation. In that context, we demonstrate a biogeographic pat-
tern of methanotrophic and methanogenic communities associated 
with geographic dispersal and environmental influences, identify 
dominant taxa within each functional group, and compare the abso-
lute abundance of MA and MOX with their potential activities within 
16 stream sediments across a latitudinal and longitudinal distance 
of 2'700 km. Streams were separated in two groups based on envi-
ronmental conditions (first PCA component, Figure 2). 'Environment 
1' represents warm streams with large stream areas, high conduc-
tivity and low surface water oxygen concentrations, draining catch-
ments with high proportions of agricultural and urban land cover . 
In contrast, 'Environment 2' is cold, medium- to small-sized streams 
with low conductivity and pH, high surface water oxygen concentra-
tions and less agricultural and urban land use within their catchment 
(Figure S4, Appendix S1). These two most diverging environments 
should be kept in mind for the following discussion, which evaluates 
if these encountered habitat diversities are mirrored in MA and MOX 
biogeography.
4.2 | MA and MOX biogeography and diversity
4.2.1 | Methanogenic archaea
The four dominating MA families were comparable to those 
found in other sediment-related studies (Mach et al., 2015): 
Methanoregulaceae are ubiquitous and abundant in many habitats 
(Yang et al., 2017). They perform hydrogenotrophic methanogenesis 
similar to Methanobacteriaceae, the dominant archaeal group within 
lake ecosystems (Fan & Xing, 2016). Across the studied streams, rela-
tive abundances of Methanosarcinaceae and Methanosaetaceae were 
negatively correlated, probably due to their shared capacity to per-
form acetoclastic methanogenesis and the resulting competition for 
the same niche. Of these, relative abundance of Methanosarcinaceae 
was higher in southern sampling sites, probably due to their versatile 
metabolic capabilities that allow them to adapt to the presence of 
other substrates besides acetate (Nazaries et al., 2013). Furthermore, 
they likely experience growth advantages over Methanosaetaceae, as 
acetate has been shown to be a major precursor of CH4 particularly 
under low-temperature conditions (Nozhevnikova et al., 2007).
The higher MA diversity and richness (Figure S2a, Appendix S1) 
at higher temperatures and larger catchment areas are probably due 
to a higher variability in nutrient sources and niches to be exploited. 
Similarly, lower anthropogenic influence generally limits the nutri-
ent input into streams (Withers & Lord, 2002), explaining the overall 
lower diversity and richness of MA in streams with higher natural 
catchment proportions.
4.2.2 | Methane-oxidizing microorganisms
In accordance with previous studies, the predominant family of MOX 
across European streams was represented by Methylococcaceae 
(Costello et al., 2002), whereas a considerable number of OTUs (30) 
was unassigned Methylococcales (Figure 3). The order and the family 
are both type I MOB, while Methylobacteriaceae, the second most 
abundant family, is a representative of type II MOB, each type in-
habiting a different niche. The general predominance of type I over 
type II MOB in freshwater sediments is consistent with previous 
findings (Costello et al., 2002). In contrast, the increased relative 
abundances of type II over type I MOB applied to all Spanish and 
Austrian samples (and GBR_1_1) was also reflected in the MOX com-
munity since the aforementioned streams clustered separately in the 
NMDS (Figure S3b, Appendix S1). For Spanish sites within mostly 
agricultural catchments, this might be explained by a potential eu-
trophication favouring type II MOB (Yang et al., 2019). Next to the 
aerobic type I and type II MOB, anaerobic CH4-oxidizing archaeal 
Cd. Methanoperedens occupied anaerobic niches as corroborated 
by their higher abundance in deeper sediment layers. Deeper lay-
ers are typically supplied with less oxygen than the layers at the 
sediment-water interface, which also explains the higher abundance 
of the second anaerobic MOX representative, Cd. Methylomirabilis. 
Accordingly, Cd. Methanoperedens seems to benefit from higher 
surface areas (i.e. smaller particle sizes), leading to more anaerobic 
niches within those sites.
The diversity of MOX was mainly correlated with variables de-
scribing stream size (e.g. wetted stream width, stream area) and geo-
graphical latitude, with larger, southern streams exhibiting a higher 
diversity, probably due to a higher spatiotemporal variability in nu-
trients inputs of such streams draining larger catchments (Wilhelm 
et al., 2015).
4.3 | Climate and land use drive methanogenic and 
methanotrophic community compositions
4.3.1 | Methanogenic archaea
Compared to MOX, MA showed a more homogeneous distribu-
tion across European streams, although PERMANOVA confirmed 
that there were significant differences among sampled streams. On 
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the one hand, 'environment 1' streams showed MA communities 
mostly harbouring hydrogenotrophic members (Methanospirillaceae 
and Methanobacteriaceae) and the metabolically and physiologi-
cally versatile Methanosarcinaceae, which were negatively corre-
lated with geographical latitude. On the other hand, acetoclastic 
Methanosaetaceae and hydrogenotrophic Methanocellaceae oc-
curred in 'environment 2' streams (Figure S4, Appendix S1). The oc-
currence of methanogens in partly oxygenated soils and sediment 
has been acknowledged in upland soils (Angel et al., 2011), wetland 
sediments (Angle et al., 2017; Steinle et al., 2017) and lakes (Grossart 
et al., 2011) and in many cases they are dominated by the order 
Methanocella, due to its ability to detoxify reactive oxygen species 
(Angel et al., 2011).
Land use and land cover changes generally increased over the past 
decades and are mainly attributed to conversion of natural ecosystems 
to agricultural or urban areas (Hurtt et al., 2011). In that context, our 
results suggest that an ongoing increase of anthropogenic catchment 
alteration might result in altered MA communities with increased abun-
dances of species characteristic for the defined 'environment 1'. Due 
to their diverse metabolic capacities and since their metabolic activity 
depends on the type and quantity of present substrates, altered CH4-
production rates are difficult to estimate. Our results suggest, how-
ever, that increasing stream temperatures lead to higher abundances 
of methanogens that use CO2 and H2 as substrates, a highly efficient 
CH4-production pathway (Lackner et al., 2018). On the other hand, rel-
ative abundances of Methanocellaceae and Cd. Methanoflorentaceae, 
the latter being a hydrogenotrophic group dominating partially thawed 
and cold environments (Mondav et al., 2014), typically decrease with 
increasing stream temperatures, and might, thus, be negatively im-
pacted by climate change.
Irrespective of water temperature and human impact, sediments 
of high-discharge streams featuring large catchments ('environment 3'; 
Figure S4, Appendix S1) harboured a high proportion of the methano-
genic family Methanoregulaceae, dominated by the genera Methanolinea 
and Methanoregula. The large catchment areas may provide more di-
verse nutrients, promoting the aforementioned genera. In addition, the 
family Methanoregulaceae is used as a proxy for freshwater influence in 
the marine realm (Yang et al., 2017). Since the occurrences of this family 
were higher in high-discharge streams, Methanoregulaceae might be an 
indicator family of fresh water supply also in streams.
4.3.2 | Methane-oxidizing microorganisms
As the major biological sink for CH4, MOX attenuate the rivers' 
CH4 production within the water column and the sediment (Shelley 
et al., 2015). In this study, MOX communities were more distinct 
among streams than MA communities (Figure S3, Appendix S1). In ad-
dition, the sampling depth influenced the species composition, most 
probably due to the changed oxygen supply. Indeed, redundancy 
analysis identified oxygen as important environmental parameter 
shaping the MOX community composition. Typical representatives 
of oxygen-rich 'environment 2' streams were Methyloglobulus spp. 
and other representatives of the family Methylococcaceae (Figure 4), 
all belonging to type I MOB, performing the ribulose monophos-
phate pathway for carbon assimilation and requiring oxygen for 
CH4 activation (Kits et al., 2015). Oshkin et al. (2014) showed that 
type I MOB dominate cold floodplains of Siberian rivers and feature 
a large proportion of psychrotolerant methanotrophs, which fits to 
their higher abundance in the 'environment 2'. MOX utilize CH4 as 
their sole carbon and energy source at the sediment-water interface 
when oxygen from bottom waters is available as electron acceptor. 
In case of oxygen depletion and the presence of alternative electron 
acceptors, methane oxidation can be performed by anaerobically 
(ANME). The redox state, driven significantly by oxygen concentra-
tion, is a major environmental factor influencing microbial activity 
and diversity. ANME is mostly coupled to the reduction of iron, man-
ganese, sulphate and nitrate (Boetius et al., 2000). Interestingly, Cd. 
Methanoperedens was also a typical representative of oxygen-rich 
environments in this study, although it is an ANME methanotroph 
mediating nitrate-dependent anaerobic CH4 oxidation. It featured, 
however, higher abundances in the deeper sediment layer. This 
genus can counteract oxidative damage and adapt to regular oxygen 
exposure (Guerrero-Cruz et al., 2018).
Referring to the generally ongoing land use changes, increasing 
the agricultural and urban land cover in many European stream catch-
ments (Hurtt et al., 2011), together with the accelerated warming of 
stream water, the here presented MOX community of 'environment 
1' may gain importance in the future. This finding is supported by a 
recent study postulating that climate controls microbial functional 
gene diversity in streams at large spatial scales (Picazo et al., 2020). 
However, 'environment 1' did not harbour any conspicuous MOX 
except a few representatives of Cd. Methylomirabilis and of the 
genus Methylogobulus (Methylococcaceae), probably reflecting the 
importance of other drivers that we did not measure. Rather, MOX 
communities formed an additional cluster including high-order and 
high discharge streams draining large catchments ('environment 3'; 
Figure S4, Appendix S1). This environment is preferentially inhabited 
by Methylocaldum spp., a genus able to fix CO2 in addition to CH4 
(Group X), and Crenothrix spp., an important type I MOB described 
in Swiss lakes (Oswald et al., 2017).
4.4 | Gene abundances and their relation to 
PMO and PMP
The logarithmic relationship between MA and MOB gene copies sug-
gests a close dependency of CH4-oxidizing bacteria with the occur-
rence of methane-producing archaea (Figure 5). However, type I MOB 
showed a higher dependency on the occurrence of MA than type II 
MOB. One possible explanation is that some representatives of type 
II MOB (e.g. Methylocystis and all Methylobacteriaceae) are faculta-
tive methanotrophs and capable of growing on carbon sources other 
than CH4 (Dedysh & Dunfield, 2011), while sufficient CH4 availabil-
ity is a prerequisite for the proliferation of type I MOB. Further, the 
'low- affinity' CH4 oxidation kinetics of type I methanotrophs, enabling 
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high oxidation of CH4 at concentrations well above atmospheric levels 
might additionally explain this different relationship. In contrast, type 
II MOB has their niche in resource limited habitats (Cai et al., 2016).
According to the GLMM, organic carbon supply and thus nu-
trient availability within streams is positively related to the abun-
dance of both, MA and MOB, while MA abundance additionally 
depends on sediment surface area. The latter dependency may 
reflect the general affinity of MA to anaerobic microhabitats 
formed to a higher degree in fine sediments (Higashino, 2013). 
The significant positive relationship between gene abundance 
and catchment area indicates that streams draining larger catch-
ments receive more diverse nutrient species and provide higher 
nutrient availability and number of present niches for a wider 
range of organisms (Kosek et al., 2019).
Across European stream sediments, gene abundances of MA 
showed a significant positive correlation with PMP rates (Figure 5d), 
clearly linking the microbial abundances to its function by forming a 
LOG–LOG relationship. However, a slope of <1 suggests that with 
more methanogenic gene copies, the PMP is slightly lower as compared 
to smaller gene copy numbers. Thus, increased gene copy numbers 
within the investigated environmental DNA are not linearly correlated 
with activity. This is most probably due to extracellular DNA being pro-
duced with increasing activity, and/or due to changing counts of mcrA-
gene copies in the genome of different MA species (Nagler et al., 2018). 
Similarly, Mach et al. (2015) were not able to link PMP and mcrA-gene 
copy numbers in river sediments due to a regulation of PMP on the MA 
RNA or activity level rather than their absolute abundance.
In contrast to these findings, no significant relationship was 
found between PMO rates and MOB gene abundances. This find-
ing, however, must be interpreted with care as not all MOX have 
been targeted with the qPCR and type Ib MOB (mostly represented 
by Methylocaldum spp. and Cd. Methanoperedens) have not been 
quantified although they might represent an important share of all 
MOB according to the sequencing results. Besides this, there are 
several possible explanations for a lack of a clear relationship be-
tween PMO and MOB: (a) RNA or activity level of MOB might be a 
better indicator than absolute abundance (Mach et al., 2015), (b) al-
ternative pathways might be carried out to gain energy since many 
MOB are non-obligatory CH4 oxidizers, (c) current methods are 
unable to distinguish aerobic from anaerobic PMO, while the sed-
iment composition might lead to a higher proportion of either aer-
obic or anaerobic PMO through differences in oxygen availability 
(Higashino, 2013). Hence, the different pathways and efficiencies 
of aerobic and anaerobic PMO might not allow a simple relationship 
between abundance and PMO.
4.5 | Conclusions
Our results demonstrate that the methanogenic and methanotrophic 
communities of the investigated European streams mainly group 
into three habitat types characterized by different abiotic condi-
tions and catchment characteristics. Such distinguishable microbial 
communities suggest, that future climate- and land use changes may 
influence the prevailing microbes involved in the large-scale stream-
related CH4 cycle. Increasing water temperatures as consequence of 
climate change in combination with agricultural intensification and 
urban land use might thereby lead to higher abundances of highly 
efficient hydrogenotrophic CH4 producers (i.e. Methanospirillaceae, 
Methanobacteriaceae and Methanosarcinaceae), while the expected 
changes for CH4 consumers are less clear and seem to be more de-
pendent on site specificities. In that context, this study gives a first 
overview of MA and MOX biogeographical patterns in stream sedi-
ments. However, additional in-depth studies are needed to further 
affirm our findings. The links between sediment organic carbon con-
tent and MA/MOB abundance, and between MA abundances and 
PMP rates emphasize the importance of nutrient input for the CH4 
cycle in streams, with potential consequences for the overall CH4 
emissions from running waters. While many previous studies high-
lighted the general importance of nutrient effects on CH4 cycling 
(reviewed by Stanley et al., 2016), our results suggest, that these 
effects are mediated by changes within the microbial communities, 
whose composition and activity regulate this cycle.
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Globally, inland waters emit over 2 Pg of carbon (C) per year as carbon dioxide (CO2), of which 79 
90% originates from streams and rivers. Despite the global significance of fluvial CO2 emissions, 80 
little is known about their diel dynamics. Here, we present the first large-scale, year-round 81 
assessment of day- and night-time CO2 fluxes at the water-air interface. Fluxes were directly 82 
measured once per season using drifting chambers in 34 streams across 11 European countries. 83 
Median CO2 fluxes amounted to 1.4 mmol m
-2 h-1 at midday and 2.1 mmol m-2 h-1 at midnight with 84 
night fluxes exceeding those during day by 39% across all seasons. Diel CO2 flux variability 85 
matched the diel amplitude of water partial pressure of CO2 (pCO2), suggesting biogeochemical 86 
sources and sinks of CO2 are more important than turbulence to explain CO2 flux variability. Our 87 
results highlight substantial fluvial CO2 flux changes from day to night, which need to be 88 
considered to more accurately assess global fluvial CO2 emissions. 89 
 90 
Main text 91 
Inland waters are important sources of atmospheric CO2 partially offsetting the terrestrial carbon sink 
1,2. 92 
Streams and rivers therein represent major CO2 emitters, contributing 90% of the total flux from inland 93 
waters 3. Fluvial CO2 fluxes are primarily controlled by the gas exchange velocity at the water-air 94 
interface (k) and the gradient between the water and atmospheric partial pressures of CO2 (pCO2) 
4. Both 95 
parameters are highly variable in space and time 5,6, causing uncertainty in the magnitude of regional and 96 
global fluvial CO2 emissions 
2. 97 
The high spatiotemporal variability of k and water pCO2 can be attributed to a complex interplay of 98 
underlying controls. While k in streams is mostly driven by water turbulence created by variations in flow 99 
and stream morphology 7, the water pCO2 is influenced by the degree of hydrological connectivity 100 
between the stream and the adjacent riparian soils 8 as well as by in-stream processes (e.g., stream 101 
metabolism). The supply of CO2 from external sources, such as soil water or groundwater, into streams 102 
varies with reach and season 5,9. Furthermore, seasonal and diel changes in stream pCO2 are attributed to 103 
stream metabolism driven by temperature and solar radiation 10–13. Ecosystem respiration, a source of CO2 104 
into the stream, takes place throughout the whole day, and gross primary production, a sink of CO2, 105 
occurs only during daylight. Temperature and solar radiation also directly influence water pCO2, the 106 
former by changing the solubility of the gas and the latter due to photomineralization 14. However, the 107 
magnitude and relative drivers of seasonal and diel fluctuations of CO2 fluxes in streams remain open 108 
questions. 109 
Presently, most fluvial CO2 emission values are derived from k estimates based on water velocity and 110 
stream channel slope and on water pCO2 values indirectly calculated from alkalinity, pH, and temperature 111 
3. This approach fails to capture the high spatiotemporal variability observed for k and pCO2 and therefore 112 
incorrectly estimates CO2 fluxes 
15,16. Direct field observations provide the means to improve estimates 113 
and understanding of the drivers behind spatiotemporal variability, and thus the dynamics of CO2 114 
outgassing from running waters. However, beside some local studies that indirectly infer CO2 fluxes from 115 
pCO2 concentrations and k 
11,12,17,18, no direct measurements exist that compare day- and night-time CO2 116 
fluxes from streams on a larger spatial scale across seasons. 117 
The aim of this study was to assess the magnitude and drivers of stream CO2 flux variations between day 118 
and night across European streams and across seasons. We hypothesized that CO2 fluxes differ between 119 
day and night likely due to diel variations in terrestrial inorganic carbon inputs, in situ metabolism, and 120 
4 
 
temperature. As higher temperatures and solar radiation may favor differences in pCO2, we expected a 121 
higher difference between day- and night-time fluxes in spring and summer (temporal) and at lower 122 
latitudes (spatial). Hence, we measured day and night-time fluxes of CO2 once every season from 34 123 
streams (Strahler stream orders from 1 to 6) in 11 countries across Europe following a standardized 124 
procedure. CO2 fluxes were measured at midday (11am Greenwich Mean Time (GMT)) and midnight 125 
(11pm GMT) with drifting flux chambers equipped with CO2 sensors as described in Bastviken et al. 126 
(2015) 19. 127 
 128 
Substantial CO2 flux variation from day to night 129 
Midday CO2 fluxes at the water-air interface ranged from -2.7 (uptake) to 19.9 mmol m
-2 h-1 (emission) 130 
(1.4 [0.5, 3.1]; median [interquartile range (IQR)]; n = 107) and midnight fluxes ranged from -0.3 to 25.6 131 
mmol m-2 h-1 (2.1 [0.9, 3.7]; n = 107) (Fig. 1). Our measured fluxes are comparable to other studies 132 
conducted in temperate and boreal streams that used chambers 20,21 or empirical models 12,22,23, although 133 
they were in the lower range of the numbers modelled in Hotchkiss et al. (2015) 23 (Fig. S5). This might 134 
be due to the lack of tributary inflows, large woody debris and strong hydraulic jumps in the selected 135 
stream sections (Supplementary Hand Out protocol). Similarly, the median standardized gas exchange 136 
velocity (k600) was 1.68 m d
-1 for both, day and night, and thus 70% lower than the global average of 5.7 137 
m d-1 estimated in Raymond et al. (2013) 3 for streams and rivers. 138 
To assess stream CO2 flux variations between day and night, we computed the difference of night- minus 139 
day-time fluxes for each stream and season, where positive numbers indicate an increase from day to 140 
night and vice versa (Fig. 1). Differences in CO2 fluxes amounted to 0.5 mmol m
-2 h-1 [0.1, 1.4] (n = 107) 141 
across all sites and seasons, which is equivalent to a relative increase of 39% [4%, 100%] (n = 101; n 142 
reduced due to exclusion of relative comparisons to zero flux at day-time) (Fig. 2a). Based on estimation 143 
statistics with bootstrap sampling, the most probable day-to-night change in CO2 fluxes amounted to 26% 144 
[9.3%, 38.9%] (Fig. S4). For comparison, in the lower Mississippi River, the relative increase of the CO2 145 
evasion rates during hours of darkness was only of 10-25% 18. Our estimates are likely conservative as we 146 
compared fixed time points at midday and midnight, while largest diel differences in stream pCO2 147 
concentrations have generally been detected at the end of the day compared to the end of the night 12,18,24. 148 
Diel differences in CO2 fluxes varied among streams and seasons. In 34.6% of the comparisons (37 out of 149 
107) we found a significant increase from midday to midnight (Fig. 2b). In 19% of these increases, the 150 
stream even switched from a sink of CO2 at midday to a source of CO2 to the atmosphere at midnight 151 
(Table S3). In 45% of the comparisons (48 out of 107) no statistically significant changes were detected, 152 
whereas some streams (7.5%; 8 out of 107) surprisingly showed significantly lower CO2 fluxes at 153 
midnight (Fig. 2b). This proportion (significant decreases from midday to midnight) could be expected to 154 
occur by chance in a series of multiple independent comparisons (see Supplementary Methods and 155 
Results). We therefore regard the significant night-time decreases to be an artifact of multiple 156 
comparisons, while the night-time increase reflects an ecologically relevant pattern. A rough annual 157 
extrapolation of fluxes from our study sites (Supplementary Methods) shows that the inclusion of night-158 
time fluxes increases annual estimates of stream CO2 emissions by on average 16% (Table S4 and 159 
Supplementary Methods). Hence, our measurements and the simplified extrapolation of our data 160 
emphasize the need to collect and integrate night-time CO2 flux data into sampling protocols as well as 161 





 Figure 1. Stream CO2 fluxes (in mmol CO2 m
-2 h-1) at day- (yellow) and night-time (blue) for all data and 165 
separately for each season. In the panel including all seasons, gray dots indicate outliers outside the range of 1.5 * 166 
inter-quartile ranges. In the seasonal comparisons, CO2 fluxes for individual stream sites are indicated by red (day) 167 
and light blue (night) dots. Gray continuous lines indicate significant increases from day to night and gray dashed 168 
lines indicate significant decreases from day to night. The boxplots visualize the median of all stream sites (line), the 169 
first and third quartiles (hinges), and the 1.5 * inter-quartile ranges (whiskers). The differences in the CO2 fluxes in 170 
mmol CO2 m
-2 h-1 from day to night are for autumn: 0.5 [0.1, 1.2]; winter: 0.5 [0.3, 0.9]; spring: 1.1 [0.1, 2.3]; 171 
summer: 0.3 [-0.2, 1.1] (median [IQR]). On top are p values retrieved from paired comparisons of median CO2 172 
fluxes tested by Wilcoxon signed rank tests and the sample size (n). Significant p values with p <0.05 are in bold 173 
with an asterisk. 174 
 175 
Highest diel CO2 flux differences in Southern Europe and in spring 176 
On the spatial scale, we found that the diel differences in CO2 fluxes were significantly negatively related 177 
to latitude (Table 1A), with substantial diel variation more likely in Southern Europe. This might be 178 
explained by higher temperatures and solar radiation boosting in-stream primary production 25. However, 179 
substantial diel changes in CO2 emissions have also been recorded in Arctic streams 
13 highlighting the 180 
need for further research to investigate latitudinal patterns. Currently, it is difficult to compare our 181 
measurements with other studies as, to our knowledge, there are no studies using flux chambers to 182 
measure CO2 fluxes and compare those fluxes at day- and night-time on such a large spatial scale. 183 
We found no significant differences in the magnitude of diel differences in CO2 fluxes between seasons 184 
for the aggregated dataset (Table 1A) using a linear mixed-effect model (LME). However, comparing the 185 
CO2 fluxes at midday to midnight in each season separately, we detected significant diel changes in CO2 186 
fluxes in autumn, winter, and spring (Fig. 1). Contrary to our hypothesis, we did not detect significant 187 
changes from day to night in summer (Fig. 1), during which period the lowest changes in absolute 188 
numbers were recorded (0.3 mmol m-2 h-1; Fig. 1). The highest differences of CO2 fluxes from day to 189 
night were measured during spring (1.1 mmol m-2 h-1), followed by winter (0.5 mmol m-2 h-1) and autumn 190 
(0.5 mmol m-2 h-1). Lower day-night changes in summer could be explained by increased riparian shading 191 
reducing in-stream metabolism 26,27. For example, reduced in-stream metabolism in summer compared to 192 
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spring has been shown for a subalpine stream network 27 or a temperate forested headwater stream 26. 193 
However, comparing the canopy cover of the streams and the differences in CO2 fluxes from day to night 194 
(Fig. S6) revealed no clear pattern whilst concurrent decreases from midday to midnight in oxygen and 195 
pH in summer indicate higher ecosystem respiration, thus rejecting shade as a limiting factor (Fig. 3, Fig. 196 
S7c, f). A probable alternate explanation is that CO2 production via photomineralization during the day 197 
counteracted a decrease via CO2 fixation by photosynthesis
28 and diminished diel pCO2 and ultimately 198 
CO2 flux changes. This highlights the complex interplay between different light-dependent processes in 199 
streams influencing pCO2 concentrations on a diel scale. 200 
The importance of year-round measurement is highlighted by the winter data set containing the second 201 
highest diel CO2 flux changes. European ice-free streams may be perceived “dormant” during these 202 
periods and representative CO2 flux estimates are thus often missing 
3. Our winter data showed a 203 
magnitude of flux comparable to the rest of the year across the European streams as well as a high diel 204 
variability in CO2 fluxes (Fig. 1). This may be attributed in part to the latitudinal coverage of our study as 205 
we included streams from the boreal to the Mediterranean. For example, the water temperatures of the 206 
Spanish streams were still relatively high in winter around 2.8 - 9.5°C during the day whereas Swedish 207 
streams showed these temperatures in autumn and spring. A study in the coterminous US looking into 208 
stream pCO2 variability also reports varying strengths of diel pCO2 variability, dependent on the 209 
investigated stream and time 29. Hence, diel pCO2 and CO2 flux variability can be large in streams of the 210 
northern hemisphere, stressing the need to unravel the site-specific drivers of and mechanisms behind 211 




Figure 2. Relative changes in CO2 fluxes from day to night (expressed as a %-change of the day-time values) for all 214 
data together and for each season (a) and relative fraction of significant increases, decreases, and no statistically 215 
significant changes from day to night (b), given for all comparisons and each season separately. A positive value in 216 
a) indicates an increase in CO2 fluxes during the night and vice versa. Outliers (> 1.5 * IQR) for a) were excluded 217 
for illustration purposes as the large relative variation in these fluxes was due to minor absolute variation in fluxes 218 
close to zero. The median relative changes were positive throughout all seasons, ranging from 32% [0.6%, 95%] in 219 
autumn, 38% [16%, 50%] in winter, 60% [7%, 177%] in spring, to 24% [-16%, 69%] in summer (median [IQR]; n = 220 
26, 21, 28, and 26, respectively). 221 
 222 
  223 
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Diel CO2 flux variability driven by changes in water pCO2 224 
To understand the mechanisms behind the observed changes in CO2 fluxes from day to night, we selected 225 
the measured biochemical parameters that vary on a diel scale (Table 1B; Fig. S7) and explored the 226 
influence of these parameters on CO2 flux using a LME. The diel CO2 flux variability in European 227 
streams could be mostly attributed to changes in water pCO2 (Table 1B), whereas changes in the gas 228 
exchange velocity k appeared less important. In fact, we did not measure significant variations in k from 229 
day to night in our streams (Fig. 3; Supplementary Fig. S7h). 230 
Increased water pCO2 during the night has been attributed to in-stream metabolic signals 
13,18, although a 231 
recent study suggests that the adjacent groundwater can show measurable but less pronounced diel pCO2 232 
variations 30. In the absence of associations with variables related to in-stream metabolism (e.g., O2) and 233 
no significant diel changes of O2 in autumn, winter, and spring, external sources may explain the 234 
amplitude of water pCO2. However, the CO2 sources in streams can vary with size and our sampling 235 
streams covered a wide size range. In small streams, CO2 concentrations are mostly driven by 236 
terrestrially-derived inputs of CO2 
23, which can show diel variability linked to riparian evapotranspiration 237 
or temperature 31,32. In larger streams and rivers in situ metabolism contributes to CO2 supersaturation and 238 
evasion 23, however even in small streams, it can act on a seasonal or diel scale 10–13. We did not find any 239 
trend in CO2 flux changes with stream order as a proxy for size (Fig. S8) although other studies suggest 240 
changes over a size gradient 23,33. Hence, further research is needed on diel variability of the sources of 241 
pCO2 in streams and the occurrence across different sizes. 242 
 243 
Table 1. Results of the linear mixed model testing effects of latitude and season (A) and the effect of day-to-night 244 
differences of physical and biogeochemical data (Δ = night minus day values) (B) on the day-to-night difference of 245 
CO2 fluxes. Stream ID was included as a random effect on the intercept. Significances of fixed effects were assessed 246 
with likelihood ratio tests with degrees of freedom = 1. The slope direction (sign) of the effect is indicated with – or 247 
+ when significant. Significant p values <0.05 are in bold.  248 
Response variable Fixed effect χ2 (1) p sign 
A) Testing spatial and temporal hypotheses 
CO2 flux 
difference from 
day to night 
Latitude 8.1913 0.004 - 
Season  3.0897 0.378  
Latitude * Season 5.1331 0.162  
B) Testing physical and biogeochemical drivers 
CO2 flux 
difference from 
day to night 
Δ water O2 concentration 0.0140 0.906  
Δ pH 0.2560 0.613  
Δ conductivity 0.1280 0.721  
Δ Tw-Ta* (proxy for heat flux) 0.1895 0.663  
Δ water pCO2 4.0232 0.045 + 
Δ gas transfer velocity k 0.4974 0.481  
Δ water temperature 0.2490 0.618  
* Heat flux calculated as water temperature (Tw) minus air temperature (Ta). 249 
A) Marginal R2 = 0.14, conditional R2 = 0.23, sample size =107. 250 






Figure 3. Diel changes in CO2 fluxes (FCO2) and other physical and chemical parameters for autumn/winter/spring 255 
and summer, respectively. The physical and chemical parameters comprise atmospheric CO2 (Air CO2), the 256 
differences of CO2 concentrations in the water minus the air (CO2 gradient), the water-air gas transfer velocity (k), the 257 
differences of temperatures in the water minus the air (Tw-Ta), the water temperature (WT), the oxygen 258 
concentration in the water (O2), pH in the water, the partial pressure of CO2 in the water (pCO2), and conductivity 259 
(Cond). The arrows indicate significant increases (↑) or significant decreases (↓) from day to night as well as no 260 
significant change (→) tested by a Wilcoxon signed rank test (see Supplementary Fig. S7 for more information). 261 
The differences between the seasons autumn/winter/spring (right) and summer (left) detected in our study are 262 
highlighted in red. 263 
 264 
Hotspots of diel variation in CO2 fluxes to refocus future research efforts 265 
With the aim to inform future studies where hotspots of diel variation in CO2 fluxes can be expected, we 266 
used our dataset to predict what characterizes streams where CO2 fluxes significantly vary from day to 267 
night. We developed several binomial regression models that predict whether diel CO2 fluxes change 268 
significantly or not based on catchment variables and selected the best model based on the Akaike 269 
information criterion (AIC). The best model indicated that the likelihood of finding significant changes in 270 
CO2 fluxes from day to night is high in streams that have a smaller subcatchment area and a lower 271 
percentage of forest land (Table S5). Indeed, high-frequency monitoring of CO2 concentrations in an 272 
agricultural lowland stream in Sweden with a small catchment has revealed the most pronounced diel 273 
dynamics reported to date 34. Thus, special attention should be given to these types of streams. It is worth 274 
noting that currently our model has a misclassification error of 40% (median of 1000 model runs, 95% 275 
confidence interval ranges between 23 and 53%; see Table S5). Hence, additional mechanistic studies are 276 
needed to better predict where and when diel changes of stream CO2 fluxes will occur.  277 
While our results provide a first insight into the drivers of day-night differences in CO2 fluxes, the high 278 
uncertainty in the model as well as the sometimes opposing patterns - increases and decreases from day to 279 
night in different streams and seasons - point towards different drivers varying on a temporal and spatial 280 
scale. The physical and chemical variables (Fig. 3) were surprisingly poor predictors of day to night 281 
differences in CO2 fluxes across all streams and seasons (see R
2 in Table 1), further suggesting a complex 282 
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combination of factors governing diel patterns across large spatial scales. Despite the high spatiotemporal 283 
scale of our study, there was no relationship between CO2 fluxes and other biogeochemical factors than 284 
water pCO2, which does not exclude the potential existence of relationships at other scales (e.g., at even 285 
higher resolutions).We recommend that future study designs incorporate high-frequency CO2 data 286 
together with biogeochemical variables from the stream (i. e., O2) and the atmosphere (i. e., CO2 or 287 
temperature) 35. Additionally, we recommend including radioactive or stable carbon isotope signatures to 288 
track potential sources of CO2 and their changes in streams 
36,37 to better assess terrestrial-aquatic 289 
linkages. Linking temporal patterns of CO2 fluxes with its drivers across large spatial scales is a path 290 
towards a more accurate understanding of their role in regional and global carbon cycles. Our results 291 
demonstrate that, in many streams across Europe, night-time CO2 fluxes substantially exceed day-time, 292 
and are thus critical for accurate daily and annual estimates of CO2 emissions from inland waters. 293 
 294 
Methods 295 
The project included 16 teams distributed across 11 European countries. Every team sampled one to three 296 
streams every three months within a time frame of two weeks for a whole year to cover the seasons 297 
autumn, winter, spring, and summer. In total, 34 stream sites (Fig. S1) were visited each season during the 298 
specified two weeks’ time frame except for 11 streams in winter that were frozen during the sampling 299 
weeks (Table S3).  300 
CO2 fluxes were measured once every season with drifting flux chambers equipped with CO2 sensors. 301 
This method has proven to be a reliable and least biased direct measurement of CO2 fluxes at the water-air 302 
interface in streams 19,38. CO2 concentrations in the chamber headspace were logged every 30 seconds 303 
over a period of 5 to 10 minutes during each run, and CO2 fluxes were calculated based on the rate of 304 
change over time in pCO2 in the chamber headspace. At each stream, we measured CO2 fluxes with the 305 
flux chamber (5 times), pCO2 concentration in the atmosphere and water with the CO2 sensors in the flux 306 
chamber (details described in Supplementary Methods), pH, temperature, conductivity, and oxygen in the 307 
water with a multiprobe (Table S2) at midday and midnight. Stream width, depth, and discharge were 308 
determined during the day. In addition, the following information were collected for each stream once 309 
during the study: stream order, climate zone, catchment area until the endpoint of the investigated stream 310 
site and the percentage of coverage of different land use classes in this catchment area, and predominant 311 
geology (Table S1). 312 
Flux rates were obtained from the linear slopes of the pCO2 in the chamber headspace over time and a 313 
flux was accepted if the coefficient of determination (R2) of the slope was at least 0.65 39. An exception 314 
was made in cases where the slope was close to zero and the pCO2 concentrations in the atmosphere and 315 
water (measured at the same time) were at equilibrium. These fluxes were set to zero. Final flux rates F 316 
(mmol CO2 m
-2 h-1) were calculated according to Eq. (1) 40: 317 = ∗ 10 ∗ 60 ∗ 60,         (1) 318 
where S is the slope (ppm s−1), P is the pCO2 concentration in the atmosphere (atm), V is the volume (mL) 319 
of the drifting chamber, R is the gas constant (82.0562 mL atm K−1 mol−1), T is the chamber air 320 
temperature (K), A is the bottom area of the chamber (m2), and the last term is the conversion from 321 
seconds to hours. In this study, we followed the sign convention whereby positive values indicate a CO2 322 
flux from the stream to the atmosphere (source) and negative values indicate a flux from the atmosphere 323 
to the stream (sink). The magnitudes of variations between day- and night-time measurements are 324 
additionally stated as percent increases, which were computed by dividing the difference between the 325 
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values at night minus day by the value at day and expressing the result as a percent change from day to 326 
night. 327 
We used F (Eq. 1) to calculate the gas transfer velocity (k in cm h-1) by inverting the equation for Fick's 328 
law of gas diffusion, according to Eq. (2): 329 = – ∗ 100,         (2) 330 
where kH is Henry's constant (in mol L−1 atm−1) adjusted for temperature 41. 331 
 332 
For comparison of transfer velocities between sites and seasons and with the literature, k (Eq. 2) was 333 
standardized to k600 (Eq. 3): 334 = . ,          (3) 335 
where k is the transfer velocity at in situ temperature (T), Sc is the Schmidt number for in situ temperature 336 
T, and the Schmidt number for 20°C in freshwater is 600 and representing a hydrodynamically rough 337 
water surface to be expected in streams, the exponent of -0.5 was chosen 42. 338 
All statistical analyses were performed with median values of three to five floating chamber runs per day 339 
and night, respectively, using the statistical programming language R 43 (version 3.5.1). Samplings that 340 
generated less than three values for either day or night due to an R2 of the slope <0.65 39 were excluded 341 
from further analysis reducing the number from 136 to 107 day-night comparisons. For our statistical 342 
tests, the alpha level was set to α = 0.05. Significant differences between day- and night-time 343 
measurements for each season across all streams were tested with Wilcoxon signed rank tests 44 where 344 
median day- and night-time values for each stream site were paired (Fig. 1). The same tests were 345 
conducted for the other biogeochemical variables measured at midday and midnight (see Fig. 3; Fig. S7). 346 
To test significant changes between CO2 fluxes of day and night for each stream and season separately, 347 
we used Wilcoxon rank sum tests (“wilcox.test” function). We thereby assumed that day- and night-time 348 
measurements are independent since we were measuring different water parcels. We tested each 349 
hypothesis (H0 = day and night-time CO2 fluxes are the same) separately without correcting for multiple 350 
comparisons, e. g., Bonferroni. Especially in small data sets (like ours), reducing the type I error for null 351 
hypotheses with rather conservative corrections increases the type II error for those hypotheses that are 352 
not null 45. Instead, we evaluated whether the observed number of significant day-to-night changes could 353 
have simply occurred by chance by comparing it to the expected number of type I errors simulated using 354 
the Bernoulli equation. In addition, we estimated the most likely difference using bootstrap-coupled 355 
estimations to avoid the pitfalls of significance testing (see Supplementary Methods 4 and Results 1). 356 
A first linear mixed-effect model (LME) tested the latitudinal effect and differences between seasons of 357 
CO2 flux differences from day to night. A second LME was built to evaluate the biochemical factors 358 
potentially influencing the differences of night- minus day-time fluxes. For these tests, we used the 359 
“lmer” function of the R-package “lme4” 46 with Maximum Likelihood estimation. Fixed effects for the 360 
LME with biogeochemical parameters for CO2 flux differences from day to night included absolute 361 
differences from day to night of oxygen concentration in the water, pH, conductivity, temperature 362 
gradient of atmosphere and water, water pCO2, gas transfer velocity k, and water temperature. For the 363 
LMEs we included stream ID as a random effect allowing different intercepts for each stream to account 364 
for pseudoreplication (one data point per season per stream) and z-scaled all fixed effects with the “scale” 365 
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function before running the models. Statistical significances of fixed effects were assessed with likelihood 366 
ratio tests using the function “drop1” 47. The respective LMEs were followed by a model validation, 367 
checking the residuals for normal distribution and homogeneity of variances. A separation of the dataset 368 
to check if drivers between increases from day to night and decreases from day to night differ, did not 369 
reveal acceptable models in terms of model validation (i.e. residuals were not normally distributed). 370 
Although our dataset provided a large spatial coverage on day-night differences in CO2 fluxes in 371 
European streams, it did not have the statistical power to test for significant drivers separately for 372 
increases and decreases. 373 
In another approach, we aimed to explore the variables that best predict significant changes from day to 374 
night in CO2 fluxes by a binomial regression model with two groups: 1) significant changes from day to 375 
night (either increase or decrease) or 2) no significant changes. For the binomial regression analysis, we 376 
used the “multinom” function of the R package “nnet” 48. Briefly, the full dataset gets randomly subset in 377 
a training dataset (70% of the observations) and a test dataset (30% of the observations). The 378 
misclassification error expresses the prediction accuracy of the model built with the training dataset when 379 
applied to the test dataset. Since the misclassification error is depending on the randomly selected training 380 
and test dataset, we run the model 1000 times and report the median and 95% confidence interval for the 381 
relevant model parameters (Table S5). We used variables that can be obtained remotely (e.g., extracted 382 
from GIS shape files) in order to be able to predict hot spots of diel CO2 flux variability. The initial full 383 
model included the fixed effects stream order, catchment area, the land cover categories forest, 384 
agriculture, and urban, altitude, latitude, climate zone after Köppen Geiger (determined by the package 385 
“kgc” in R 49), surface lithology, and geology (see Supplementary Methods for details on definitions and 386 
classifications of lithology and geology). Fixed effects were excluded stepwise while comparing the AIC 387 
of individual models. The best model included catchment area, the proportion of forested land cover, and 388 
latitude (Table S5). As for the linear mixed effect model, stream ID was included as a random effect and 389 
the continuous fixed effects were z-scaled beforehand. 390 
 391 
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